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Summary  1 

Summary 

Nutrient-poor calcareous grassland is one of the most species-rich habitats in central Europe, 

and has a very high conservation value. Through changing land use, many formerly continu-

ous areas of calcareous grassland have been lost or progressively divided into smaller and 

more isolated fragments. For species to persist in fragmented landscapes, both the size of a 

habitat patch (which influences the process of ecological drift) and its connectivity (which 

influences dispersal) are important. However, the extent to which demographic processes 

such as extinction and dispersal of calcareous grassland species have been affected by recent 

habitat fragmentation is largely unknown. The aim of this research, therefore, was to analyze 

the spatial and temporal dynamics of calcareous grassland plant communities in the Swiss 

Jura Mountains of Canton Aargau. The analyses of the spatial dynamics were based on data 

especially collected for this study (Chapter I and II). For the analysis of the temporal dynam-

ics I used data from a long-term monitoring provided by Canton Aargau (Chapter III). 

In Chapter I, I used a hierarchical approach to investigate how the community structure of 

fragmented grasslands was influenced by patch size and isolation. The results show that the 

effects of fragmentation may be evident as increased variability in the occurrence of species at 

a community level, before there are any measurable changes in species richness or the abun-

dance of individual species. The most effective parameter for detecting these effects was the 

species-specific measure of rank consistency, which was related to the !-diversity of grass-

lands. To assess the conservation quality of the various sites I classified the species present 

according to their ecological associations. This analysis showed that small sites are vulnerable 

to edge effects and ecological drift, leading to a decline in their ecological value. I also found 

that species with a low capacity for wind dispersal were the most affected by isolation. Thus, 

rank consistency and !-diversity could be related to differences in dispersal limitation, and 

hence the functional connectivity of the various sites. However, landscape diversity as well as 

the degree of openness of the landscape did not seem to affect species exchange between 

grasslands. 

Chapter II describes an attempt to evaluate the functional connectivity of calcareous grassland 

sites on the basis of Hubbell’s neutral theory. This theory predicts that the shape of the distri-

bution of species abundance of a local community is a function of the immigration rate, which 

can be directly estimated from abundance data. The estimates obtained for immigration rate 
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indicated that the study sites were less isolated from the metacommunity than had been origi-

nally thought. However, this conclusion may be misleading since the species differed in their 

seed dispersal traits, thus breaching the main assumption of neutrality theory (Chapter I). Fur-

thermore, methodological problems may have reduced the robustness of the parameter esti-

mates. Finally, the functional connectivity was measured from species abundance distribu-

tions, but according to Chapter I the effects of fragmentation may first be detected with a spe-

cies-specific measure of community structure.  

The aim of Chapter III was to investigate whether changes in species composition in response 

to environmental conditions can be predicted from a knowledge of the vegetation dynamics of 

calcareous grasslands. The results suggest that the great complexity of factors influencing 

grassland ecosystems makes such a prediction difficult, especially for communities under a 

stable management regime and characterized by only small temporal changes. The site condi-

tions prevailing after any disturbance event, together with the characteristics and histories of 

the mixture of plants at that site, can result in a unique trajectory of succession. In addition, 

short-term fluctuations may mask longer term community changes. Thus, high local variabil-

ity appears to be an inherent property of the community dynamics of calcareous grasslands. 

The data of calcareous grasslands in the Swiss Jura Mountains of Canton Aargau revealed that 

this variability was greatest among small, isolated grassland communities (presumably be-

cause of stochastic effects due to ecological drift and dispersal) and was reflected in a 

changed distribution of !- and ∀-diversity. Furthermore, short-term fluctuations could cause 

abrupt changes in the rate and direction of succession, leading to unpredictable changes in 

species composition. Indeed, these stochastic processes in space and time may lead to the lo-

cal extinction of some plant species even at sites that are carefully managed for conservation. 

For the manager, the variability of community composition (as an aggregate measure of spa-

tial rank consistency) and the relationship between local and regional diversity provide useful 

tools for detecting community effects of fragmentation at an early stage. 
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Zusammenfassung 

Halbtrockenrasen gehören zu den artenreichsten Lebensräumen in Mitteleuropa und sind 

hochgradig schutzwürdig. Infolge von Landnutzungsänderungen sind viele Halbtrockenrasen 

verschwunden oder wurden sukzessive in kleine und isolierte Fragmente geteilt. Für das    

Überleben von Arten in fragmentierten Lebensräumen sind zwei Aspekte wichtig: erstens die 

Grösse einer Habitatfläche verbunden mit dem Prozess der ökologischen Drift und zweitens 

die Vernetzung des Habitats verbunden mit dem Prozess des Artenaustausches. In welchem 

Ausmass die Fragmentierung von Halbtrockenrasen demographische Prozesse wie Aussterben 

und Artenaustausch beeinflusst, ist bisher kaum untersucht worden. Das übergeordnete Ziel 

dieses Forschungsprojektes war es deshalb, die räumliche und zeitliche Dynamik von Pflan-

zengemeinschaften in Halbtrockenrasen zu analysieren. Als Untersuchungsgebiet wurde der 

Tafeljura des Kantons Aargau in der Schweiz gewählt. Die Analyse der räumlichen Dynamik  

beruht auf Daten, die eigens für dieses Projekt gesammelt wurden (Kapitel I und II). Für die 

zeitliche Dynamik wurden Daten aus einem Langzeitmonitoring verwendet, welche der Kan-

ton Aargau zur Verfügung gestellt hat (Kapitel III). 

Im Kapitel I untersuchte ich mit einem hierarchischen Ansatz den Einfluss von Flächengrösse 

und des Isolierungsgrades auf die Gemeinschaftsstruktur von Halbtrockenrasen. Die Resultate 

zeigten, dass sich Auswirkungen der Fragmentierung zuerst in einer erhöhten Variabilität der 

Artenzusammensetzung ausdrücken, bevor Effekte auf der Ebene der Abundanz und der Ar-

tenzahl festgestellt werden können. Um Fragmentierungseffekte nachzuweisen, war ein art-

spezifisches Mass der Rangkonsistenz, welches mit der !-Diversität von Rasen in Beziehung 

steht, am besten geeignet. Weiter wurden Artengruppen als Indikatoren für die Habitatqualität 

in die Analyse einbezogen, welche charakteristisch für verschiedene Vegetationsgesellschaf-

ten sind. Damit konnte gezeigt werden, dass kleine Flächen empfindlich sind gegenüber öko-

logischer Drift und Randeffekten, was eine Verringerung des ökologischen Werts zur Folge 

haben kann. Ebenfalls konnte ich nachweisen, dass Arten mit einer geringen Ausbreitungska-

pazität der Samen durch Wind am meisten von der Isolation betroffen waren. Die Rangkon-

sistenz und die !-Diversität von Halbtrockenrasengemeinschaften konnten damit mit dem 

Prozess der Ausbreitungslimitierung in Verbindung gebracht werden und stellen folglich ein 

indirektes Mass für die funktionelle Vernetzung dar. Hingegen schien die Diversität und der 
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Grad der Offenheit einer Landschaft den Artenaustausch zwischen Rasen nicht zu beeinflus-

sen. 

Im Kapitel II wurde die funktionelle Vernetzung von Pflanzengemeinschaften in Halbtrocken-

rasen basierend auf der Neutralen Theorie von Hubbell berechnet. Laut der Neutralen Theorie 

ist die Form der Abundanzverteilung einer lokalen Artengemeinschaft eine Funktion der Im-

migrationsrate, welche direkt aus Abundanzdaten gemessen werden kann. Entgegen den 

Vermutungen lassen die Resultate den Schluss zu, dass die Artengemeinschaften in den unter-

suchten Halbtrockenrasen mit der Metacommunity verbunden sind. Die Werte der geschätz-

ten Immigrationsraten müssen aber mit Vorsicht interpretiert werden, da sich die Pflanzenar-

ten in ihren Samenausbreitungsstrategien unterscheiden (Kapitel I), was die der Neutralen 

Theorie zugrunde liegende Annahme der Neutralität von Arten widerlegt. Ausserdem könnten 

methodische Probleme die Robustheit der Parameter reduziert haben. Weiter muss beachtet 

werden, dass die funktionelle Vernetzung basierend auf den Abundanzverteilungen von Arten 

geschätzt wurde. Gemäss Kapitel I sind Fragmentierungseffekte in der Gemeinschaftsstruktur 

von Halbtrockenrasen aber verlässlicher mit einem artspezifischen Mass messbar. 

Im Kapitel III wurde untersucht, ob Änderungen der Artenzusammensetzung von Halbtro-

ckenrasen als Reaktion auf veränderte Umweltbedingungen vorausgesagt werden können, 

wenn deren Vegetationsdynamik für einen bestimmten Zeitabschnitt bekannt ist. Die Resulta-

te zeigten, dass die grosse Komplexität der Faktoren, welche Halbtrockenrasen beeinflussen, 

die Prognose solcher Vegetationsveränderungen erschwert. Dies ist besonders der Fall in 

Halbtrockenrasen, die konstant bewirtschaftet werden und nur geringe zeitliche Dynamik 

aufweisen. Jede Störung hinterlässt veränderte Standortbedingungen, welche zusammen mit 

der charakteristischen Pflanzenzusammensetzung am jeweiligen Standort und deren Art der 

Entstehung in eine spezifische Sukzessionsrichtung münden kann. Zusätzlich können kurz-

fristige Fluktuationen langfristige Entwicklungen der Pflanzengemeinschaft überdecken. Dies 

bedeutet, dass die hohe lokale Variabilität ein wichtiger Bestandteil der Dynamik von Arten-

gemeinschaften in Halbtrockenrasen ist.  

Im Tafeljura des Kantons Aargau war diese Variabilität am grössten in kleinen und isolierten 

Pflanzengemeinschaften (vermutlich aufgrund stochastischer Prozesse im Sinne von ökologi-

scher Drift und Artenaustausch) und spiegelte sich in einer veränderten Verteilung der !- und 

∀-Diversität. In einem zeitlichen Kontext führten kurzfristige Fluktuationen zu plötzlichen 

Änderungen in der Rate und Richtung einer Sukzession mit der Konsequenz unvorhersehba-
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rer Änderungen der Artenzusammensetzung. Diese stochastischen Prozesse in Raum und Zeit 

können zu Aussterbeereignissen von Pflanzenarten führen, auch wenn die Flächen streng ge-

schützt und konstant bewirtschaftet werden. Naturschutzfachleuten wird empfohlen, sich zur 

Früherkennung von Fragmentierungseffekten in Artengemeinschaften auf die Variabilität der 

Artenzusammensetzung (ausgedrückt mit der räumlichen Rangkonsistenz) und das Verhältnis 

der lokalen und regionalen Diversität zu stützen. 
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General introduction 

Fragmentation and species extinction in changing landscapes 

Nutrient-poor calcareous grasslands are one of the most species-rich habitats in central 

Europe with a very high conservation value (WallisDeVries et al. 2002). Through changing 

land use, many formerly continuous areas of calcareous grasslands have been lost or progres-

sively divided into smaller and more isolated fragments. Thus, most of the remaining grass-

lands are found in landscapes that have been strongly affected by recent anthropogenic frag-

mentation.  

Habitat fragmentation has a major impact on the regional survival of plant species (Saunders 

et al. 1991, Tilman et al. 1994, Lindenmayer and Fischer 2006). First, habitat fragmentation 

reduces total habitat area, so that fewer individuals of a species restricted to that habitat can 

survive. Second, habitat fragmentation decreases the area of habitat patches, which may lead 

to increased extinction risk due to the increasing role of stochasticity (e.g., ecological drift 

sensu Hubbell 2001). Fragmentation also makes internal patch conditions more vulnerable to 

external influences, which can reduce patch quality. Third, habitat fragmentation reduces 

connectivity between patches, so that seed dispersal and gene flow between patches decrease.  

However, it is very difficult to measure any of these theoretical predictions in a local patch, 

because fragmentation effects (1) often operate at vast spatial and temporal scales, (2) depend 

on species-specific behavior and life-history characteristics, and (3) result from the nonlinear 

synergism of patterns and processes operating simultaneously across a range of scales 

(McGarigal and Cushman 2002). Consequently, the extent to which habitat fragmentation in 

terms of the spatial configuration of habitat patches actually affects ecosystem and population 

processes in local patches is still largely unknown (Wennergren et al. 1995, McGarigal and 

Cushman 2002).  

Much recent fragmentation research has focused on correlating patch size or landscape pattern 

with some biological response, without considering the processes or mechanisms that are re-

sponsible for the changes (McGarigal and Cushman 2002). Yet, fragmentation is a landscape-

level process (McGarigal and Cushman 2002), where contiguous habitat is broken into sev-

eral patches. By contrast, conservation measures are applied mostly at a patch scale. An indi-

vidual patch can be progressively reduced in size and can become more isolated over time as 

a consequence of the fragmentation process at a landscape scale. However, from the perspec-
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tive of a local patch, the biological consequences of these changes are the subject of island 

biogeography (MacArthur and Wilson 1967), and thus the processes of extinction and disper-

sal, not fragmentation research per se (McGarigal and Cushman 2002). Understanding patch-

level processes would allow understanding some of the mechanisms contributing to fragmen-

tation effects. 

As outlined above, decreasing patch size is the primary driver of species decline and is there-

fore associated with the probability of local extinction, i.e. the process of ecological drift. 

Connectivity (or its inverse, isolation) affects the movement of seeds across landscapes and is 

mainly related to the probability of immigration or colonization, i.e. the process of dispersal. 

For species to persist in fragmented landscapes, both variables - patch size and connectivity - 

are important (Uezu et al. 2005). However, little is known about how far species exchange 

between remnant populations has been impaired by recent changes in the fragmentation of the 

landscape. To address this question, the current connectivity of the grassland communities has 

to be quantified. This is essential because in the long term, reduced dispersal between remnant 

populations can affect the presence of species in a given site and genetic processes within and 

gene flow among populations, thus causing difficulties for endangered species to survive or to 

adapt to changing conditions (Young et al. 1996).  

Landscape connectivity 

The concept of “landscape connectivity” was introduced by Merriam (1984) as “the interac-

tion between organism movement behavior and landscape structure”. Taylor et al. (1993) de-

fined landscape connectivity as “the degree to which the landscape facilitates or impedes 

movement among resource patches”. These definitions emphasize the interaction between the 

physical structure of the landscape and the movement of organisms (Taylor et al. 2006). 

Landscape connectivity has a structural and a functional component (Tischendorf and Fahrig 

2000, Brooks 2003, Taylor et al. 2006). Structural connectivity describes the shape, size, and 

location of features in the landscape (Brooks 2003). Functional connectivity explicitly consid-

ers the behavioral responses of an organism to the various landscape elements (Tischendorf 

and Fahrig 2000) and the patterns of gene flow that result from this response (Brooks 2003).  

Structural measures to quantify connectivity (landscape metrics) are widely used since land-

scape structure is relatively easy to quantify and many metrics have been developed (Gustaf-

son 1998). For instance, landscape ecologists measure connectivity by analyzing the spatial 

pattern and configuration of the landscape with landscape metrics or spatial analytical ap-
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proaches (e.g. Gustafson 1998, Moilanen and Nieminen 2002). However, landscape metrics 

are based on the structure of the landscape or on patch properties and do not explicitly meas-

ure the exchange of members of one species between patches. It is still an open question if 

there is a predictable link between landscape structure and functional connectivity. 

Measures of functional connectivity, which are more likely to be ecologically meaningful, are 

more difficult to attain than structural measures. Only a small part of the research about land-

scape connectivity is done with a view towards the functional component of connectivity 

(Goodwin 2003). Dispersal and migratory movements of organisms can cover very large dis-

tances, making movement difficult to study. For plant species this movement is even less ob-

vious and diaspores are even more difficult to track than for animals. It is perhaps for this rea-

son that most studies of functional connectivity are dealing with animal species (Goodwin 

2003, Lindenmayer and Fischer 2006). On a species or population level, population genetics 

measure gene flow in terms of the dispersal of plant seeds or the movement of pollen and thus 

provide a direct measurement of functional connectivity for individual plant species, i.e. plant 

populations (Holderegger and Wagner 2008). However, for the conservation of plant commu-

nities, methods are required that measure functional connectivity at an entire community level 

rather than at the population level. Until today the functional connectivity of calcareous grass-

lands has been quantified for single plant species only (Soons 2003). 

Furthermore, functional connectivity is often measured at the patch scale as a function of the 

immigration rate (Murphy and Lovett-Doust 2004). In such studies the analysis is often re-

stricted to a binary landscape composed of “habitat” vs. “matrix”. However, the properties of 

the matrix, such as the composition of its patches, may reduce or increase landscape connec-

tivity (Goodwin and Fahrig 2002, Baum et al. 2004, Williams et al. 2006). Especially plants 

may not have a binary perception of the landscape, but rather respond to gradients of resource 

quality (Murphy and Lovett-Doust 2004).  

Landscape connectivity as the combination of functional and structural connectivity is spe-

cies- and landscape-specific. This means that different organisms interact with landscape 

structure at different scales and in a variety of ways (Tischendorf and Fahrig 2000, Brooks 

2003, Taylor et al. 2006). The same landscape will have a different connectivity for different 

organisms. Structurally connected habitat patches may be functionally connected, whereas 

even non-contiguous habitat patches may be functionally connected, depending on the species 

(With et al. 1997). To determine functional landscape connectivity, it is therefore essential to 
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understand how the movement behavior of organisms interacts with landscape structure 

(Goodwin 2003).  

The effect of connectivity on species diversity 

Various ecological theories assume that connectivity in terms of immigration is the central 

process for maintaining local species richness. In the theory of island biogeography 

(MacArthur and Wilson 1967), which explains the species number on an island as a function 

of its size and distance from the mainland, islands closer to the mainland (i.e. with higher 

connectivity) are more likely to receive immigrants from the mainland than those farther 

away. For fragmented mainland habitats, metapopulation theory predicts that the amount of 

colonized patches in a metapopulation, i.e. a group of spatially separated populations of the 

same species, is a function of the immigration and extinction rate (Levins 1969, Hanski 

1999). The better the connectivity of a patch, the higher the immigration rate and therefore the 

number of local populations (Ovaskainen and Hanski 2004). However, this model describes 

only populations of single species and still assumes that the habitat occurs in discrete patches 

surrounded by unsuitable matrix.  

In contrast to these two theories, the metacommunity concept (Leibold et al. 2004) describes 

processes that operate at the community level. The metacommunity is defined as a set of local 

communities that are linked by dispersal (Wilson 1992, Leibold et al. 2004). In turn, a com-

munity may be defined as a collection of species occupying a particular habitat. Thus, interac-

tions among processes at different spatial scales are central to the metacommunity concept 

(Leibold et al. 2004, Holyoak et al. 2005).  

To date, a general metacommunity theory to analyze fragmented communities is lacking. 

Theoretical and empirical work on metacommunities is based on a range of approaches to 

explain the diversity and relative abundance of species in ecological communities in space 

and time (Leibold et al. 2004). One of them is the neutral paradigm, of which the unified neu-

tral theory of biodiversity and biogeography (Hubbell 2001) is most popular to date. The the-

ory aims to explain the diversity and relative abundance of species in ecological communities. 

Hubbell presented the neutral theory as an extension of the theory of island biogeography 

(MacArthur and Wilson 1967) by including the process of speciation and by transferring the 

neutrality assumption from the species level to the level of individuals in the local communi-

ties of a landscape. The strength of this neutral theory is that it provides a direct link between 

local population dynamics and biodiversity dynamics in space and time (Maurer and McGill 
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2004). Hubbell's theory is useful to assess the effects of habitat fragmentation because it pre-

dicts how variation in patch area and isolation will influence community patterns, and it re-

lates these effects to demographic processes (Chase 2005). Due to the immigration of indi-

viduals, new species are occasionally introduced to a local community, and through stochastic 

processes (ecological drift), species may become extinct. With increasing size of a commu-

nity, the theory predicts that the effects of ecological drift will be less severe, and the commu-

nity will therefore support more species, whereas in highly isolated communities there will be 

fewer species because immigration cannot compensate ecological drift.  

Thus, in all outlined theories connectivity increases the immigration of species and therefore 

influences the dispersal success between habitats. As a consequence, connectivity will in-

crease the local number of species and the number of local populations in heterogeneous land-

scapes. 

Fragmentation of calcareous grasslands in the Swiss Jura Mountains 

The research project was carried out in the Swiss Jura Mountains of Canton Aargau. This 

study area is ideally suited for addressing questions related to fragmentation and connectivity 

because recent land use change resulted in anthropogenic fragmentation of the landscape. 

Moreover, this historic land use change has already affected the species survival of plants in 

calcareous grasslands, as will be outlined below, and thus may still influence the remaining 

grassland communities. 

In the study area as well as in the adjacent regions, calcareous grasslands of the type Meso-

bromion were large and continuous at the beginning of the last century, but since the 1950s, 

changes in agricultural land use and reallocation of land for settlements or infrastructure have 

reduced the size of these areas and split them into small and isolated fragments (Baur et al. 

1996). For example, in just 35 years between 1950 and 1985, the total area of calcareous 

grasslands was reduced by 78% in the Passwang region in northwestern Switzerland (Zoller et 

al. 1986) and in a similar time span by 95% in the northeastern part of Canton Aargau 

(Möckli 1989). Thanks to the conservation efforts of the last 20 years, the rate of fragmenta-

tion of calcareous grasslands in the region has slowed down considerably or even stopped. 

Today, most of the remaining grassland sites are managed according to strict conservation 

guidelines.  
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The rapid habitat decline and fragmentation of the grasslands in the study region have resulted 

in local extinctions of species with high habitat specificity to calcareous grasslands and an 

increase of generalists or species atypical of Mesobromion vegetation (Möckli 1989, Fischer 

and Stöcklin 1997). The local extinction of plants in calcareous grasslands was on the one 

hand related to their low population size (Stöcklin and Fischer 1999), as extinction events are 

more frequent in populations of lower local abundance due to ecological drift. On the other 

hand, the extinction risk was higher in species with a high Mesobromion-specificity (Fischer 

and Stöcklin 1997) as well as in species with short-lived seeds coupled to a short life cycle 

(Stöcklin and Fischer 1999). Traits related to persistence such as long-lived seeds or clonal 

life form constitute a buffer against the risk of local extinction caused by stochastic processes. 

This corresponds to results from Maurer et al. (2003) that in calcareous grasslands in the 

Swiss Jura Mountains, persistence traits to date have been more important for the frequency 

of occurrence of a species than traits affecting dispersal. However, in calcareous grasslands in 

the Swiss Jura Mountains, most species have not long-term persistent seeds (Stöcklin and 

Fischer 1999). 

Although the temporal aspect of dispersal in terms of seed bank and species traits related to 

persistence is well studied in the Swiss Jura Mountains, little is known about the importance 

of spatial dispersal in fragmented habitats of the study region. Results from a small-scale 

habitat fragmentation experiment in calcareous grasslands in the Swiss Jura Mountains 

showed that fragmentation influenced species richness and abundance of plant and inverte-

brate species (Zschokke et al. 2000). Most of the plant species that were affected by fragmen-

tation had a higher abundance in fragments than control plots, probably because of decreased 

competition along edges. However, the experimental time frame of three years was too short 

for many species to show a detectable reaction, and particularly, the low abundance of rare 

species did not allow for a statistical analysis. The small-scale fragmentation also altered the 

behaviour of a pollinator species (Goverde et al. 2002). For example, bumblebees preferred to 

stay within the fragment rather than to fly a long distance to reach a plant outside the patch. 

In the last decades, calcareous grasslands in the Swiss Jura Mountains have undergone large-

scale habitat fragmentation. Many endangered plant species may only compensate local ex-

tinctions by moving between suitable sites. Maurer et al. (2003) pointed out that colonization 

by long-distance dispersal events may be insignificant in calcareous grasslands in the Swiss 
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Jura Mountains. The recent fragmentation and increasing isolation of the remaining calcare-

ous grasslands may therefore likely reduce diaspore exchange between populations.  

Temporal vegetation dynamics 

As outlined above, the fragmentation of calcareous grasslands in the study region of Canton 

Aargau has mostly stopped thanks to conservation efforts. The factors currently affecting the 

dynamics of calcareous grassland communities are less obvious. First, little is known about 

the extent to which past habitat fragmentation is still affecting the community composition of 

calcareous grasslands, thus leading to an “extinction debt” (Tilman et al. 1994) and further 

species extinctions even in the absence of further fragmentation. Second, calcareous grass-

lands may be affected by the historic and present disturbances in terms of the local manage-

ment. While in the study region the grasslands are under a stable management regime in terms 

of periodic mowing and the absence of fertilization, it can be assumed that in former times the 

use of calcareous grassland was not as uniform as the management practice today. Thus, in 

the long term the current stable management practice may represent a changed disturbance 

regime, and therefore it may cause vegetation change at the community level. However, little 

is known about the historic disturbance regime during permanent grassland use in Canton 

Aargau before 1950 (Hunziker 2007). Third, calcareous grasslands are threatened by changes 

due to pollution from the air and from adjacent fields (Hagen 1996). While nutrient deposition 

from adjacent fields can be controlled by adapting the management regime and by creating 

buffer zones, the extent to which atmospheric nutrient deposition is affecting the composition 

of grassland sites is largely unknown. Finally, anthropogenic climate change may represent an 

additional driver for competition and survival of Mesobromion species in the remaining cal-

careous grasslands. 

As calcareous grassland communities are not only spatially but also temporally dynamic 

(Kammer 1997), empirical long-term studies are needed to monitor the impact of environ-

mental change currently affecting calcareous grassland communities. The aim of such studies 

is usually to detect changes in community composition and to attribute them to the effects of 

environmental changes, so as to provide a feedback for the evaluation of conservation and 

management strategies (Bakker et al. 1996). Accordingly, they should provide predictions 

about the future development of the community under study to allow management decisions. 

The effect of gradual environmental changes is difficult to detect because changes occur at 

different spatial scales, in different intensities and over different time scales, and because 
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grassland communities intrinsically vary over time and space due to biotic and abiotic interac-

tions (Miles 1979). Thus the distinction between (1) ecologically meaningful fluctuations, e.g. 

based on internal community dynamics due to weather conditions, (2) ecologically irrelevant 

pseudo-fluctuations, e.g. in terms of sampling effects, and (3) trends, e.g. due to external fac-

tors such as environmental change, is challenging (Kammer 1997). As a consequence, the 

prediction of vegetation dynamics is likely to be even more difficult than the interpretation of 

existing time series data (Glenn-Lewin 1980, Collins and Adams 1983).  

Nevertheless, for the long-term conservation of calcareous grassland communities, trend as-

sessments based on monitoring data can provide important information to derive management 

strategies. Thus, it is important to know if environmental changes currently affecting calcare-

ous grasslands are visible not only in space, but also in time, and if the effects of these tempo-

ral changes can be extrapolated.  

Main objectives 

Habitat fragmentation due to recent land use change decreased the habitat area, patch size and 

isolation of the remaining calcareous grasslands in the Swiss Jura Mountains of Canton Aar-

gau. However, it is largely unknown to which extent habitat fragmentation influenced demo-

graphic processes such as dispersal and local extinctions of calcareous grassland species. To 

address this question, the current degree of the functional connectivity of the grassland com-

munities has to be quantified. Until today the functional connectivity of calcareous grassland 

communities has been assessed for single plant species only. For the conservation of calcare-

ous grassland habitats, methods are needed that measure functional connectivity on a commu-

nity level and not only for single species. In addition, the effect of the landscape structure on 

dispersal has to be considered. A better understanding of how functional connectivity of cal-

careous grassland communities is affected by the landscape context, including not only the 

distance to other calcareous grasslands, but also the characteristics of the matrix, would be 

highly useful to identify landscape elements that facilitate species exchange between isolated 

habitats. Thus, structural and functional components have to be combined explicitly and the 

relationship between the two components needs to be analyzed. 

For the long-term conservation of calcareous grassland plant communities, managers rely on 

vegetation monitoring programs. It has to be investigated if such programs predict future 

vegetation changes successfully. This would allow extrapolating the effects of environmental 
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changes affecting calcareous grasslands and thus deriving conservation measures to counter-

act changes before they become visible. 

 

The overall objective of this project was to analyze the dynamics of calcareous grassland 

plant communities in space and time. Specifically, the three key objectives were: 

i) To assess the current degree of functional connectivity of the calcareous grassland 

communities in the study area at a community level (Chapter I and II),  

ii) To assess the relationship between structural and functional connectivity of calcare-

ous grassland communities to derive landscape elements which enhance the func-

tional connectivity (Chapter I),  

iii) To assess the predictability of vegetation processes in calcareous grassland commu-

nities in order to evaluate if the effects of environmental changes affecting grasslands 

can be extrapolated over time (Chapter III).  

 

To achieve the first objective, i.e. to assess the functional connectivity, an indirect and a direct 

approach were used. (1) For the indirect approach, it was investigated how plant community 

structure at different hierarchical levels was influenced by the two main aspects of fragmenta-

tion, i.e. reduced patch size and increased isolation. In order to test for the effects of fragmen-

tation, I collected data in the Jura Mountains in Canton Aargau from 24 calcareous grasslands 

selected by their size and degree of isolation. (2) Based on the same data set, the functional 

connectivity of the calcareous grassland communities in terms of the immigration rate was 

assessed with a direct approach based on Hubbell’s neutral theory (Hubbell 2001). Immigra-

tion rates were estimated from species abundance distributions, and due to the multi-scale 

sampling design and the selection of grassland sites, the immigration rates could be compared 

at different spatial scales, thus testing for fragmentation effects. 

To address the second objective, the fragmentation effects in terms of patch size and isolation 

of calcareous grassland communities derived from the first objective (approach 1) were re-

lated to the landscape context. The structural connectivity derived from landscape structure 

was related to the functional connectivity with a regression analysis to identify landscape pat-

terns that are important for connectivity.  

For the third objective, the predictability of vegetation change was assessed based on a long-

term monitoring data set from Canton Aargau. The monitoring data were reanalyzed ten years 
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after the first statistical evaluation by analyzing the rate, direction, and directedness of any 

observed trend. I investigated whether grasslands that shown a significant trend in the first 

evaluation period also showed a trend in the second evaluation period and whether the rate 

and direction of the trend were constant.  
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Abstract 

Recent studies analyzing the influence of habitat fragmentation on plant communities have 

either yielded inconsistent results or failed to identify effects. Most have relied on species 

richness to describe community structure, and have been unable to detect more subtle demo-

graphic changes affecting individual species.  

We investigated how fragmentation has affected community structure in the Swiss Jura 

Mountains, where agricultural changes have reduced calcareous grassland area by 95% in 

only 50 years. In order to explicitly test for the effects of fragmentation, we selected 24 sites 

varying in size and degree of isolation. In each grassland, we applied a multi-scale sampling 

design with 5 to 6 plots and estimated the percent cover of each species within the same ra-

dius to account for the species-area effect. In a two-way ANOVA we included as response 

variables species richness, two variables characterizing species abundance distributions, and 

an aggregate measure of species rank consistency of the grasslands. We analyzed whether the 

effects could be explained as neutral processes or reflected differences in the dispersal capac-

ity of species or in their ecological associations, and we also determined the influence of 

landscape context.  

While no fragmentation effects could be detected at the levels of species richness and abun-

dance distribution, small and isolated grasslands had a significantly higher variability in spe-

cies composition than large and connected ones. A smaller rank consistency could largely be 

explained by the higher !-diversity of fragmented grasslands. The effect of fragmentation was 

greatest for species with low capacity for wind-dispersal, but in very isolated sites even highly 

dispersible species were affected. Moreover, small grasslands were more invaded by species 

from the surrounding matrix. Finally, in our study patch scale variables were more important 

than the landscape context. 

We conclude that recent landscape change has directly influenced the community structure of 

calcareous grasslands by increasing ecological drift and restricting seed dispersal. Indirect 

effects can be seen in increased edge effects and initial stages of vegetation deterioration. For 

managers, measures of rank consistency and the relationship between local and regional di-

versity can be used to detect fragmentation effects before they become apparent at the com-

munity level. 
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Introduction 

Through changing land-use, many formerly continuous areas of semi-natural vegetation have 

been progressively divided into smaller and more isolated fragments. Decreasing patch size is 

the primary driver of species declines (Tilman et al. 1994) and is therefore associated with the 

probability of local extinction, i.e. the process of ecological drift. Isolation (or its inverse, 

landscape connectivity, according to Lindenmayer and Fischer 2006) affects the movement of 

seeds across landscapes and is mainly related to the probability of immigration or coloniza-

tion, i.e. the process of dispersal. For species to persist in fragmented landscapes, both vari-

ables - patch size and connectivity - are important (Uezu et al. 2005). In the literature, how-

ever, the consequences of habitat fragmentation are not often assigned to particular processes 

(Lindenmayer and Fischer 2006), and it remains unclear to what extent large-scale processes 

influence the composition of local communities (Öster et al. 2007). To improve our ability to 

manage species, populations and communities, we therefore need to investigate the impor-

tance of metacommunity processes for diversity patterns across scales in natural, extensive 

systems (Hobbs and Yates 2003, Freestone and Inouye 2006). 

The aim of this study was to assess how patch size and isolation influence demographic proc-

esses such as dispersal and ecological drift. Nutrient-poor calcareous grasslands are an ideal 

study habitat for fragmentation analysis for several reasons (Steffan-Dewenter and Tscharntke 

2002). First, calcareous grasslands are one of the most species-rich habitats in central Europe, 

with a very high conservation value (WallisDeVries et al. 2002). Second, most of the remain-

ing grasslands are found in landscapes that have been strongly affected by recent anthropo-

genic fragmentation. Third, calcareous grasslands can often be sharply delimited from the 

surrounding landscape. Finally, for a study of how fragmentation affects species composition 

at the landscape level, immobile organisms such as plants are particularly convenient 

(McGarigal and Cushman 2002).  

Despite their advantages, there have been rather few studies of plants in fragmented grassland 

systems, and most of these have not supported the theoretical expectation that species rich-

ness reflects differences in patch size and isolation (e.g. Eriksson et al. 1995, Kiviniemi and 

Eriksson 2002, Lindborg and Eriksson 2004, Löbel et al. 2006, Helm et al. 2006, Williams et 

al. 2006, Cousins and Aggemyr 2008). Some studies, however, have found an effect on total 

species richness of patch size but not of isolation (Krauss et al. 2004, Cousins et al. 2007, 

Öster et al. 2007), or have found effects only after separately testing specific subgroups of 
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species (Piessens et al. 2004, Adriaens et al. 2006). To our knowledge, only one study has 

found both patch size and isolation to affect species richness in grassland communities (Bruun 

2000).  

According to classical island biogeography theory (MacArthur and Wilson 1967, Haila 2002), 

the number of species that an island can support - assuming an equilibrium state of local ex-

tinction and immigration - is a function of its size and distance from the mainland. Hubbell 

(2001) modified this theory by including the process of speciation and by transferring the 

neutrality assumption from the species level to the level of individuals in the local communi-

ties of a landscape. The strength of this so-called neutral theory is that it provides a direct link 

between local population dynamics and biodiversity dynamics in space and time (Maurer and 

McGill 2004).  

Hubbell's theory is useful to assess the effects of habitat fragmentation because it predicts 

how variation in patch area and isolation will influence community patterns, and it relates 

these effects to demographic processes (Chase 2005). Due to the immigration of individuals, 

new species are occasionally introduced to a local community, and through stochastic proc-

esses (ecological drift), species also become extinct. With increasing size of a community, the 

theory predicts that the effects of ecological drift will be less severe, and the community will 

therefore support more species, whereas in highly isolated communities there will be fewer 

species because of low immigration.  

Because Hubbell's theory applies at the individual level, it also predicts changes in the abun-

dance distribution of species. While species may be lost through ecological drift, the mean 

abundance of the surviving species increases because the landscape remains saturated with 

individuals. Moreover, rare species are very prone to extinction and less likely to recolonize 

after local extinction under isolation. Thus, as the immigration rate decreases rare species rep-

resent a declining fraction of the community, while common species become more abundant 

and more consistently present. Small and isolated communities should therefore have a lower 

evenness, i.e., with more variation between species, and with less abundant and fewer rare 

species than larger and more connected communities.  

However, if stochastic ecological processes determine the occurrence of a species in a com-

munity, seeds are more likely to come from nearby mother plants than from distant parents 

and from abundant than rare species. Thus, we can expect not only effects at the level of spe-

cies richness and abundance, but also at the level of species composition. The smaller and 

more isolated a community, the higher the stochasticity of extinction and immigration, and 
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the higher the variability of species composition. This variability translates into a changed 

distribution of ! (local) and ∀ (among-unit) diversity with a change in the immigration rate. 

Whereas low immigration rates allow rare or local species to survive in small pockets of high 

abundance, high immigration rates - mainly by common species that are widespread in the 

metacommunity - tend to drive them to extinction. Thus, immigration may interact with local 

competition to control the balance between !- and ∀-diversity (Loreau 2000). For this reason, 

the effects of fragmentation may be first detected as increased variability in the occurrence of 

species, which occurs before there are any measurable changes in species abundance or rich-

ness.  

Hubbell (2001) treated all individuals in the community as essentially identical in their prob-

abilities of giving birth, dying, migrating, and speciating. However, species differ widely in 

their life-history traits, and these are likely to influence how fragmentation affects individual 

particular species (Henle et al. 2004, Ewers and Didham 2006). For sessile organisms such as 

plants, their capacity for propagules to disperse is important to overcome isolation (Cain et al. 

2000, Nathan et al. 2002, Nathan 2006, Pearson and Dawson 2005). In the long term, a lack 

of dispersal between remnant populations can affect the ability of a species to persist, partly 

for demographic reasons and partly because local populations may be unable to adapt to 

changing conditions in the absence of gene flow(Young et al. 1996). Seed dispersal by wind 

has been studied intensively (Soons and Bullock 2008), partly because this mechanism is very 

common, especially among grassland species (van der Pijl 1982, Hodgson and Grime 1990, 

Bakker et al. 1996). Furthermore, other seed dispersal mechanisms, such as mammals, water 

or humans/machinery (Bonn and Poschlod 1998), are generally less effective than wind in 

transporting seeds over large distances (see also Soons et al. 2005). We expected therefore 

that plant species with different dispersal capacities would differ in how much they depended 

on patch size and isolation (see also Soons et al. 2005), i.e., that plant species with a high ca-

pacity for wind dispersal would be more favored in fragmented landscapes than species with a 

low dispersal capacity. 

Fragmentation not only decreases patch size and increases isolation, but it also has indirect 

effects as it decreases the quality of the remaining grassland patches and increases edge ef-

fects (Lindenmayer and Fischer 2006). Remnant patches are more exposed to influences from 

the surrounding matrix in terms of a changing environment due to novel ecological bounda-

ries (e.g. higher productivity due to an increased inflow of nutrients (Soons and Heil 2002)). 

As a consequence, the altered microclimatic conditions at edges often facilitate the invasion 
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and establishment of plant species that are not typical of the core habitat (Laurance and Yen-

sen 1991, Kiviniemi and Eriksson 2002). To analyze the potential effects of patch size and 

isolation on patch quality and edge effects, we selected species characteristic of intact cal-

careous grasslands and species characteristic of degraded ones. We expected that grassland 

deterioration and edge effects would be directly related to the degree of fragmentation of the 

community. 

Although Hubbell's island-mainland model is designed for communities in landscapes, the 

underlying binary view of landscape as habitat or non-habitat may not be realistic (Ricketts 

2001). The ability of organisms to disperse in real landscapes clearly depends on the composi-

tion and configuration of the matrix (Goodwin and Fahrig 2002, Baum et al. 2004, Williams 

et al. 2006). Animals as well as plants are likely to respond to gradients of resource quality 

(Murphy and Lovett-Doust 2004), rather than just to a binary habitat/non-habitat dichotomy. 

Hence, the spatial context is a major determinant of biological and ecological processes at the 

landscape level, and is likely to affect gene flow and the movement of individuals, i.e. via the 

functional connectivity between patches (Ricketts 2001). As in previous studies of calcareous 

grasslands in a landscape context, we therefore assumed that: (1) if the surroundings of a local 

community have a high habitat diversity this should enhance species richness and abundance 

and decrease the variability in species composition. High landscape diversity corresponds to a 

high diversity of habitats and/or a more equal proportion of the habitat types present, which 

increases the availability of niches and therefore the occurrence of species (Steffan-Dewenter 

et al. 2002, Krauss et al. 2004). This should be particularly true for species with habitat pref-

erences that are not restricted to calcareous grasslands (Jonsen and Fahrig 1997). Further-

more, we assumed that: (2) the degree of openness in the surroundings, in terms of the 

amount of agricultural land, enhances the dispersal of plant species typical of calcareous 

grasslands, whereas the amount of forest in the landscape enhances the propagule pressure of 

species characteristic of other habitat types (Söderström et al. 2001, Öster et al. 2007). 

In this study, we examined how habitat fragmentation affects the species composition of 

grassland communities at different levels of species organization and at different spatial 

scales. We explicitly designed our study to be able to test independent and interactive effects 

of area and isolation in order to identify processes of ecological drift and dispersal. We ad-

dressed four questions:  
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(1) How has habitat fragmentation (in terms of patch size and isolation) influenced the 

species composition of calcareous grassland communities at different levels of com-

munity structure and at different spatial scales? 

(2) Can the effects be explained by plant traits like dispersal capacity or by the presence 

of certain species groups indicating a particular habitat quality? 

(3) Do characteristics of the surrounding landscape such as land-use diversity and open-

ness have an effect on the species composition of dry grassland communities? 

(4) How does fragmentation affect the relationship between local and regional species 

richness (i.e., the components of !- and ∀-diversity at different spatial scales)? 

Methods 

Study area 

In the Swiss Jura Mountains, nutrient-poor calcareous grasslands of the Mesobromion type 

were widespread and covered a considerable area at the beginning of the 20th century. Since 

the 1950s, changes in agricultural land use have reduced the size of these areas and split them 

into small and isolated fragments (Baur et al. 1996). For example, between 1950 and 1985 the 

total area of calcareous grasslands was reduced by 95% in the northeastern part of Canton 

Aargau, Switzerland (Möckli 1989). Thanks to conservation efforts in the last 20 years, this 

rate of destruction has slowed down considerably or even stopped, and most of the remaining 

grassland sites are now managed according to strict conservation guidelines.  

Selection of grassland sites 

A new data set was collected in the Jura Mountains of Canton, northeastern Switzerland (Fig-

ure 1). The study sites were located in a region of ca. 400 km2. As experimental units we se-

lected 24 individual grassland sites of the Mesobromion vegetation type based on their area 

and degree of isolation. All the grassland sites are similar with regard to the management re-

gime (mowing date and frequency, no fertilizer applications, no grazing) and site properties 

(soil, altitude, topography, slope and aspect). As independent variables we included landscape 

structure within a specified distance around the sites (see description below). Spatial informa-

tion for the 24 sites was derived from two digital maps, the inventory of dry grassland sites in 

Switzerland (TWW) (Eggenberg et al. 2001), and a data set on the so-called “ecological com-

pensation areas” of Canton Aargau (Kanton Aargau 2001). From the inventory we selected all 
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grasslands with Mesobromion as the primary vegetation, and from the ecological compensa-

tion areas all nutrient-poor grasslands that are mown only once a year after July 1. Together, 

the data-sets covered most of the relevant calcareous grasslands in Canton Aargau, which was 

verified in the field for the selected sampling regions. 

 

Figure 1: Study area in the Jura Mountains of Canton Aargau (in dark grey) in the northern part of Switzerland. 

Calcareous grasslands are shown in black. The locations of the grassland sites studied are indicated by triangles 

or circles (triangle = a large area, circle = a small area, white color = low isolation, dark grey color = high isola-

tion). 

The patch size of the grassland sites was assessed with GIS. A small grassland was defined as 

having an area of between 1000 and 3500 m2, and a large one as having an area greater than 

5000 m2; by these criteria, approximately 40% of the calcareous grasslands in Canton Aargau 

are “small”, and 40% are “large”. Sites smaller than 1000 m2 were not considered. 

Isolation was calculated for each grassland site as the sum of areas with suitable habitat, 

weighted by the distance from the target site using Hanski's (1994) formula as recommended 

by Moilanen and Nieminen (2002): 

 !
∀

#=
ij

jiji AdI )exp( ∃  (1) 

where Ii is the isolation of patch i, dij is the distance between the centroids of patches i and j, 

Aj is the area of patch j and ! is the parameter of the exponential distribution describing the 
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dispersal distance. We used centroid-to-centroid distance because of the compact and small 

sizes of the grassland patches. The radius investigated was set to 750 m to take into account 

the hilly, small-scale landscape features of the study region, and to represent a landscape con-

text similar to that used for the calculation of landscape diversity (see below). Since the 

analysis was done at the community level of plant species, the average dispersal potential for 

the different species could not be separated, and the !-value was therefore set to 1 (similar to 

Franzen and Eriksson 2003, Lindborg and Eriksson 2004, Krauss et al. 2004, Adriaens et al. 

2006, Cousins et al. 2007, Öster et al. 2007, Lindborg 2007). Large values of I correspond to 

small isolation, and hence I really measures structural connectivity (Hanski 1999). Grassland 

sites with values of the isolation index I up to 1.5 were interpreted as highly isolated (25% of 

sites in Canton Aargau), and values beyond 3 as structurally connected (40% of sites). It was 

then possible to derive four treatments (isolation low - area small; isolation low - area large; 

isolation high - area small; isolation high - area large) with six replicate sites each (Figure 2). 

 

Figure 2: Logarithm of the patch size vs. isolation of the grassland sites studied. The dashed lines divide the 

grasslands into the four treatment categories, which are shown by different symbols and colors. 
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Vegetation data 

In every grassland site, five or six vegetation plots were placed randomly within a circle 25 m 

in radius. The central point of this circle was located with a GIS as the point with the largest 

distance from the inner (trees, hedges or other vegetation types) and outer boundaries of the 

site. For a plot to be accepted, the vegetation had to be homogeneous and of type Meso-

bromion (as defined by Eggenberg et al. 1997). In addition, the plot had to be at least 5 m 

away from structural elements (hedges, trees or rocks), site boundaries and other plots. Each 

plot consisted of four replicate quadrats of 1 m2 grouped as a square, facing north and 1 m 

apart. According to the number of plots, the total area sampled per site varied from 20 to 24 

m2, which conforms to the minimum sampling area recommended for European calcareous 

grasslands (10-25 m2, Dierschke 1994). In each of the four quadrats per plot, the percent 

cover of every single vascular plant species was estimated with a resolution of 1%. Species 

with a cover smaller than 1% were classified with a higher resolution of 0.25, 0.5 and 0.75%. 

As a visual aid for the cover estimation, a 1 m2 frame with a 10 cm mesh was placed over the 

quadrat. To assess the precision of cover estimates, one quadrat per site was sampled twice. 

The standard deviation of the cover estimates averaged over all 24 sites was 1.1%. The esti-

mated percent cover of each species was summed over the four quadrats to the plot level. Ex-

cluding trees and shrubs, we recorded 133 species of vascular plants. Sampling was done in 

early summer 2006 and 2007, before the official mowing date of the grasslands. Each site was 

sampled twice between May and July. The percent cover data of both samples were averaged. 

Species traits 

To assess dispersal capacity, plant species were classified in two ways. First, we used Kleyer's 

(1995) classification of plant dispersal modes, where the percentage membership (0% – 

100%) of each plant species to the dispersal modes was estimated. For species not included in 

the database, we assigned a dispersal mode according to Kleyer (2008) on the basis of the 

same literature (Luftensteiner 1982, Müller-Schneider, Grime et al. 2007). Plants dispersed by 

wind (membership ∀75%; N=24) were interpreted as having a high dispersal capacity, while 

those dispersed by gravity or with self-dispersed diaspores (dispersal units) a low dispersal 

capacity (membership ∀75%; N=50). For the remaining 59 species, it was not possible to as-

sign a distinct binary dispersal mode.  

The second approach involved using a quantitative measure of wind dispersal potential 

(WDP) provided by Oliver Tackenberg (pers. comm.). WDP is defined as the proportion of 
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diaspores whose dispersal exceeds a predefined reference distance under certain weather con-

ditions. For every plant species, wind dispersal was simulated with PAPPUS, a mechanistic 

wind dispersal model that simulates flight trajectories of individual seeds (for the model, see 

Tackenberg et al. 2003 and Tackenberg 2003, for the plant traits, see Poschlod et al. 2003 and 

Kleyer et al. 2008). On an ordinal scale (ranging from 0 = low to 9 = high, for the classifica-

tion used, see Table 1), the model determines a WDPI value for any plant species with a 

known terminal velocity and a known release height of its diaspores. WDPI was calculated for 

a reference distance of 100 m and for standard weather conditions according to Tackenberg et 

al. (2003). We chose this specific measure because WDP varies greatly according to the dif-

ferent morphological specializations of seeds (plumed, winged, small, ballon-like or unspe-

cialized (cf. Tackenberg et al. 2003). This means the binary allocation of plant species to a 

certain mode of dispersal is critical for addressing ecological questions related to seed disper-

sal. For seven species, no values for terminal velocity were available and therefore no WDPI 

could be calculated. For the genus Orchis, WDPI was set to the highest indicator value calcu-

lated for the species in the data (7), to account for the very high wind dispersal capacity of 

orchid seeds. Cirsium tuberosum was assigned the same WDPI as Cirsium acaule (6).  

Table 1: Definition of the indicator value of wind dispersal potential (WDPI) (after Tackenberg et al. 2003) and 

classification for the present study. For seven species no values for the terminal velocity were available and no 

WDP could be calculated. 

WDPI value Definition Number of species (N) Classification 

0 extremely low 43 

1 very low 19 
WDP very low 

2 fairly low 30 

3 moderately low 14 

4 intermediately (low) 4 

WDP low 

5 intermediately (high) 5 

6 moderately high 5 

7 fairly high 6 

WDP high 

8 very high 0 

9 extremely high 0 
WDP very high 

 

Characteristic species groups of three vegetation types (Oberdorfer 2001) were used to iden-

tify differences in the effects of area and isolation on the species composition as an approxi-

mation for grassland quality. In an analysis of successional trends in calcareous grasslands 

during the last half century, Wilmanns (1989) found a decrease of Festuco-Brometea (Fest-

Brom) species and an increase of Trifolio-Geranietea sanguinei (TrifGer) and Molinio-

Arrhenatheretea (MolArrh) species. We therefore included character species of the three phy-
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tosociological classes FestBrom (number of species N=34), TrifGer (N=16) and MolArrh 

(N=31). Character species of Festuco-Brometea can be interpreted ecologically as being typi-

cal calcareous grassland species, whereas character species of Trifolio-Geranietea and 

Molinio-Arrhenatheretea are indicators of an altered management regime and an increase in 

the nutrient or water supply, respectively. Plant species not belonging to any of these three 

groups were analyzed separately in a fourth group (other species, N=52). A species list giving 

dispersal traits and a classification of the vegetation types can be found in the Appendix (Ta-

ble A.1). 

Landscape context 

To characterize the properties of the surrounding matrix, we assessed the relative area of for-

est and agricultural land as well as the diversity of land-use types around the grassland sites. 

Land-use information was available from a land-cover map with a resolution of 100 m (land-

use data package GEOSTAT from the Swiss Federal Office of Statistics, Bundesamt für Sta-

tistik 2001). The standard classification of four main categories (i.e. agricultural, wooded, 

built-up or unproductive areas), and 24 subcategories were used to distinguish the various 

types of land use. For each grassland site the proportion of the land-use classes was calculated 

within a rectangular 1 km2 focal window. We used the Shannon-Wiener diversity index 

( ii ppH ln' !∀= # ; Krebs 2000) to derive land-use diversity based on the 24 land-use classes, 

where 
i
p  is the proportion of the land-use class in patch type i (Jonsen and Fahrig 1997). 

Statistical analysis 

Data analyses were performed for three descriptions of community structure: (a) species rich-

ness, (b) species abundance distribution (SAD) and (c) species rank consistency. The descrip-

tors provide increasing accuracy and complexity by incorporating more information in a 

stepwise manner (species richness, species richness + species abundance, and species richness 

+ species abundance + species identity). Calculations were made at three spatial scales: treat-

ments (combinations of area and isolation, N=4), sites per treatment (6 x 4) and plots within 

sites per treatment (5-6 x 6 x 4). To obtain the spatial scales of sites and treatments, the per-

centage cover data of each plot were pooled. The plots within a site were averaged to obtain 

the scale of the site, and the sites within a treatment were averaged to obtain the scale of the 

treatment. 
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(a) Species richness in terms of the local species number was assessed for each of the four 

treatments (4), the sites within treatments (6 x 4) as well as the mean plot species richness (to 

avoid pseudo-replication) of sites within treatments (6 x 4). Prior to statistical analysis, the 

values of species richness were square root transformed. 

(b) SADs were calculated on the basis of ordered species abundances with zero abundances 

eliminated. To compare the different SADs, we used an empirical cumulative distribution 

function (ECDF) and calculated an NLS logistic line fit through the data (McGill et al. 2007). 

The ECDF is mathematically equivalent to a rank-abundance diagram, but the shape of the 

curve is not biased by species richness because the axes are scaled into percentages. On the x-

axis of an ECDF diagram the logarithms of the ordered relative species abundances are plot-

ted, on the y-axis the species ranks divided by the number of species (proportion, ranges from 

0 to 1). The logistic function is defined by the position of inflexion in units of abundance and 

the slope at inflexion (Figure 3). The two parameters can be interpreted ecologically as a 

measure of rare species and a measure of evenness, respectively (Brian McGill, Univ. Ari-

zona, pers. comm.). High values for an inflexion point indicate a high fraction of rare species, 

high values for the slope a high evenness. These two parameters were calculated for every 

treatment (4) and the sites within a treatment (6 x 4). At the lowest spatial scale, we calculated 

the average of each parameter for each plot within sites per treatment (6 x 4). 

 

Figure 3: Logistic line fit for each of the four treatments, calculated on the basis of SADs in an ECDF-diagram. 

The two parameters of the logistic function (inflexion, slope at inflexion) are shown for the treatment with large 

and isolated grasslands (“large.isol”). 
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(c) The rank of every species was calculated from an abundance matrix. We used our own 

measure of rank consistency instead of the measure proposed by Watkins and Wilson (1994) 

to obtain sufficient replicates at the different spatial scales to be able to test the values within 

an ANOVA framework. For every sampling unit (each plot within treatment, site within 

treatment and treatment) at every spatial scale (plots, sites and treatments) we calculated the 

mean squared differences of the species ranks, which can be interpreted as a measure of rank 

consistency. The spatial rank consistency RCj,k was calculated as ( )
nRRRC

n

i

kikjikj != ∀=
1

2

,,,,
 (2) 

where Ri,j,k is the rank of species i in the sampling unit j at scale k and Ri,k the averaged rank of 

species i over all sampling units at scale k. Empty abundances between j and k (double zeros) 

were removed to avoid artificial ranks. 

With each of the three descriptors of community structure as a response (a, b, c) and for three 

spatial scales, we calculated a two-way ANOVA with the two factors “Area” and “Isolation”. 

At the spatial scale of the plots and sites, 6 replicates were available, but we had no replicates 

at the scale of the treatments, and therefore no statistical tests could be performed. The 

strength of association between the effects and the dependent variable was measured as the 

ratio of the effect variance (SSeffect) to the total variance (SStotal) (Tabachnick and Fidell 2007). 

This measure can be interpreted as the proportion of total variance in the dependent variable 

that is attributable to each effect, i.e. it reflects effect size. The analysis was done on the basis 

of all species and repeated for species belonging to distinct species groups. As an exception, 

for SAD (b) the analysis was done on the basis of all species only, because the interpretation 

of the shape of a SAD is not meaningful for a selection of species from the community. For 

the analysis of the landscape context, the landscape variables were included as a covariate in 

the ANOVA framework. The arcsine transformation was used to achieve a normal distribu-

tion of percentage values (Sokal and Rohlf 1995).  

We additively partitioned the diversity components at the two nested spatial scales of plots 

and sites for each treatment. The diversity within plots and sites, i.e., the #-diversity, was ob-

tained from the species richness measures described above (mean plot species richness per 

site ( p
! ), and mean within-site species richness per treatment ( s

! )). The ∃-diversity of a 

treatment ( t! ) was defined as the overall species richness of that treatment. From these val-

ues, the !-diversity of the plots within a site ( p!
) was determined by subtracting p!  from 
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s

! , and the !-diversity of the sites (
s

!
) by subtracting s

!  from t! . The overall hierarchical 

partitioning is therefore sppt !!∀# ++=  (Wagner et al. 2000, Veech et al. 2002). To ac-

count for the different species richness in a treatment, we divided the !-diversity by the ∃-

diversity of the particular treatment ( tp
!

∀
, t s
!

∀
) before including the adjusted !-diversity as a 

response variable in the ANOVA framework described above. All calculations were per-

formed in R version 2.5.0 (Ihaka and Gentleman 1996) (URL: http://www.r-project.org). 

Results 

Fragmentation effects at different levels of community organization 

The effects of patch size and isolation varied considerably upon different aspects of commu-

nity structure (species richness, SAD or rank consistency) and between spatial scales (plot, 

site or treatment) (Table 2). 

As expected from theory, small and isolated grasslands tended to be less species rich than 

large and non-isolated ones (Table 2). This was true for the mean plot species richness within 

a grassland site per treatment and also for the species richness of a site. However, the differ-

ences in the number of species were so small that the effect sizes at both spatial scales were 

negligible and not statistically significant. At the largest spatial scale, where the six grasslands 

within a treatment were pooled, the direction of the effects was reversed: more species were 

found in small and isolated grasslands than in large, not isolated ones.  

Regarding the community structure level of SAD (Table 2), the position of inflexion - which 

can be interpreted as the fraction of rare species in the community - was higher at all spatial 

scales in small, isolated grassland patches than in large, connected ones (Figure 3). The effect 

of the size of the grassland area was larger than 0.1 at the site and plot scales, but it was statis-

tically significant only at the plot scale. The second parameter - the slope at inflexion of the 

SAD - can be interpreted as the evenness of the community. Conforming to our hypothesis, 

evenness was high in large and connected grasslands, but effect sizes were small and not sta-

tistically significant. At the plot scale, effect sizes were so small that no effect directions 

could be detected. At the scale of the four treatments, evenness was higher in isolated than in 

connected patches (Table 2). 
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In the case of species rank consistency (Table 2), there was more variation among small, iso-

lated grasslands than large, connected ones. While the area effect was very large, the isolation 

effect was smaller but still statistically significant; conversely, the effects at the plot scale 

were very weak and not significant. At the largest spatial scale, the variability of species 

composition within treatments was highest in large, isolated patches. 

In summary, the expected effects of patch size and isolation on different levels of community 

organization were identified mainly at the spatial scale of the grassland sites. Moreover, the 

effects at this intermediate spatial scale were large and statistically significant, especially re-

garding species rank consistency. As a consequence, we focus below on the spatial scale of 

the sites. The corresponding results of the other spatial scales can be found in the Appendix 

(Table A.2). 



 

 

Table 2: Effect size for the effects of patch size and isolation on species richness, species distribution in terms of the amount of rare species and evenness, and rank consis-

tency for different spatial scales. Effect direction: (+) = effect increases with increasing area or increasing degree of isolation, (–) = effect decreases with increasing area or 

increasing degree of isolation, (N) = effect is too weak to show any direction. Effect sizes ! 0.1 are printed in bold. Significance codes: 
• 
= 0.05-0.1,

*
 = 0.01-0.05, 

**
 = 

0.001-0.01, 
***

 = 0-0.001. 

Species abundance distribution 
Effect size Species richness 

Amount of rare species Evenness 
Rank consistency 

Species 

group 
Scale Area Isol. Area*Isol. Area Isol. Area*Isol. Area Isol. Area*Isol. Area Isol. 

Area*Iso

l. 

Treat (–) (+)   (–) (+)   (N) (+)   (+) (+)   

Site 
(+)  

0.009 

(–)  

0.055 

 

0.027 

(–)  

0.104 

(+)  

0.061 

 

0.002 

(+)  

0.043 

(–)  

0.007 

 

0.017 

(–)  

0.419*** 

(+)  

0.117* 

 

0.014 
All 

Species 

Plot 
(+)  

0.01  

(–)  

0.035 

 

0.002 

(–)  

0.201* 

(+)  

0.087 

 

0.105•
 

(N)  

<0.001 

(N)  

0.003 

 

0.006 

(N)  

<0.001 

(–)  

0.076 

 

0.003 

Table 3: Effect size for the effects of patch size and isolation on species richness and rank consistency for different species groups on the spatial scale of the grassland 

sites. Statistically significant effects and/or effect sizes > 0.1 are printed in bold. 

Effect size Species richness Rank consistency 

Species group Area Isol. Area*Isol Area Isol. Area*Isol 

WDPI very low (0-1) (+) 0.003  (–) 0.063  <0.001 (–) 0.248 ** (+) 0.102 * 0.251 ** 

WDPI low (2-4) (–) 0.01  (–) 0.022  0.003  (–) 0.257 ** (+) 0.215 ** 0.004 

WDPI high (5-7) (+) 0.220 * (–) 0.021  0.209 * (–) 0.005 (–) 0.103 •
 0.376 ** 

Disp. Gravity ! 75% (–) 0.047 
 (–) 0.028 

 0.004 
 (–) 0.556 *** (+) 0.115 *** 0.221 *** 

Disp. Wind ! 75% (+) 0.099 •
 (–) 0.014 

 0.228 * (–) <0.001  (–) 0.008  0.535 *** 

FestBrom (+) 0.046  (–) 0.092  0.002 
 (–) 0.356 ** (–) 0.006 0.004 

TrifGer (–) 0.101   (–) 0.056   0.131 •
 (–) 0.182 * (+) 0.006 0.013 

MolArrh (N) <0.001   (+) 0.001   0.006  (–) 0.062 (+) 0.072  0.293 ** 

Other (+) 0.006  (N) <0.001   0.002  (–) 0.393 ** (+) 0.038  <0.001 
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Species groups 

Plant species with a very low to low WDP, as well as species that are mainly dispersed by 

gravity, showed no effect in their species number with different degrees of fragmentation 

(Table 3). However, wind-dispersed species with a high WDP were more numerous in large 

sites than in small ones, but only if the sites were isolated. In fact, the highest number of spe-

cies with a high wind dispersal capacity was found in large and isolated grasslands. In grass-

lands with high connectivity we detected no area effect. 

The greater variability in rank consistency in small, isolated grasslands compared with large, 

connected ones was significant for species with a low dispersal capacity (Table 3). In con-

trast, species with a high dispersal potential and wind as the major dispersal vector showed no 

effect of area and isolation per se although there was a significant interaction effect. Species 

that are readily wind dispersed were less variable in small and isolated grasslands than in 

large and connected ones, and thus showed a reversed fragmentation pattern. As the fragmen-

tation effects in Table 3 were consistent for both classification approaches to dispersal capac-

ity, we will focus on the WDP values as dispersal traits only. 

No statistically significant effects of patch size and isolation on species richness could be 

found (Table 3) that would provide evidence of fragmentation in terms of habitat quality and 

edge effects in species groups that are characteristic of different vegetation types. Even so, the 

effect directions of species that are characteristic of calcareous grasslands (FestBrom) were 

the same as in the analysis based on all species in the data set, showing that large grasslands 

with high connectivity had higher species richness than small, isolated ones. The interaction 

effect for species of the vegetation class TrifGer was marginally significant, indicating that 

these character species were most numerous in small and connected areas. Conversely, grass-

land area had a statistically significant effect on rank consistency for character species be-

longing to the vegetation types FestBrom and TrifGer, as well as for 'other' species that do not 

belong to these vegetation types (Table 3). The variability of species composition was signifi-

cantly higher in small grasslands than in large ones. For isolation, neither statistical signifi-

cance nor relevant effect sizes could be identified for any of the vegetation groups. Species of 

the vegetation type MolArrh showed a significant interaction effect where variability in-

creased with decreasing patch size, but only under isolation. Small, isolated patches, there-

fore, showed the highest variability of species composition.  
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Landscape context 

The effect of landscape context (land-use diversity and landscape openness) on the three de-

scriptors of community structure was weak (Table 4). The first landscape covariate - diversity 

of the surrounding land-use types - was negatively associated with rank consistency of species 

of vegetation type MolArrh, while the second - openness of the landscape - was negatively 

associated with species richness in MolArrh. This indicates that species number tended to de-

cline as proportion of agricultural land increased and that of forest decreased. Finally, even-

ness was lower in grassland communities with a high degree of openness in the surrounding 

area than in grasslands surrounded mainly by forests. 

Local versus regional diversity 

Habitat fragmentation in terms of patch size and isolation affected the !-diversity of the 

grassland sites (Table 5). !-diversity was significantly higher in grasslands with a small area 

and a high degree of isolation than in those with a large area and high connectivity.  

In the analysis of species traits (Table 5), we found a statistically significant interaction of 

grassland area and degree of isolation for species with a low dispersal capacity. Thus, !-

diversity was higher for small, isolated grasslands than for large, connected ones. For species 

with a high dispersal capacity, !-diversity was significantly higher in small than in large 

grasslands, but without any effect of isolation. Finally, the !-diversity of plant species not 

belonging to any of the main vegetation types (‘Other’) was statistically significantly higher 

in small than in large grasslands. 

The relationship between the different diversity components and the degree of fragmentation 

were visualized in an additive diversity partitioning plot (Figure 4). While the mean within-

site species richness per treatment ( s! ) was only slightly lower in small and isolated grass-

lands than in large and connected ones, the !-diversity of sites within treatment (
s

! ) was 

much higher, resulting in a higher ∀-diversity of a treatment ( t! ). 

 

 



 

 

Table 4: Significance (p-values) of the effects of land-use diversity and openness (area agri. = amount of agricultural land vs. forests) on the species richness, distribution 

and rank consistency of grassland sites. Statistically significant effects are printed in bold with the corresponding effect direction.  

Species abundance distribution 
p-Value Species richness 

Amount of rare species Evenness 
Rank consistency 

Species group Land-use div. area agri. Land-use div. area agri. 
Land-use 

div. 
area agri. Land-use div. area agri. 

All Species 0.785 0.979 0.807 0.539 0.951 (–) 0.032 * 0.115 0.104 

WDPI low (0-1)  0.128 0.787 0.437 0.189 

WDPI low (2-4)   0.186 0.921 (–) 0.072 •
 0.561 

WDPI high (5-7) (+) 0.078 •
 0.557 0.856 0.234 

FestBrom 0.165 0.442 0.694 0.137 

TrifGer 0.2 0.331 0.179 0.647 

MolArrh 0.367 (–) 0.026 * (–) 0.016 * 0.495 

Other 0.417 0.547 

Not available 

0.414 (–) 0.07 • 

Table 5: Effect size for the effects of patch size and isolation on !-diversity of sites. In the table the effect sizes with the statistical significances are shown. Statistically 

significant effects and/or effect sizes > 0.1 are printed in bold. 

Effect size Beta diversity 

Species group Area Isol. Area*Isol 

All Species (–) 0.161 * (+) 0.176 * <0.001 

WDPI very low (0-1) (–) 0.095 •
 (+) 0.107 •

 0.189 * 

WDPI low (2-4) (–) 0.018 (+) 0.132 •
 0.001 

WDPI high (5-7) (–) 0.18 * (+) 0.031  0.043 

FestBrom (–) 0.104  (+) 0.032  0.001 

TrifGer (+) 0.004  (+) 0.069  0.115 

MolArrh (+) 0.037  (+) 0.084  0.087 

Other (–) 0.234 * (+) 0.054 0.026 
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Figure 4: Barplot with the additive diversity components of the four treatments: the mean plot species richness 

per site ( p! ) and the !-diversity of the plots within a site (
p

! ) result together in the mean site species richness 

per treatment ( s! ). Likewise, s!  sums with the !-diversity of sites within treatment ( s! ) to yield the ∀-

diversity of a treatment ( t! ). 

Discussion 

Fragmentation effects at different levels of community organization  

In our study, theoretical expectations regarding fragmentation effects in calcareous grassland 

communities can be detected at the intermediate spatial scale of the individual grassland sites. 

This result is ecologically meaningful if the individual sites form a metacommunity that is 

linked through dispersal. At a larger scale, the analysis captured the regional species pool (∀-

diversity) of the grassland sites. The underlying reason for the enhanced ∀-diversity in small 

and isolated sites can be explained by a higher !-diversity due to edge effects and dispersal 

limitations (Table 5). The weakness of the effects detected at the smallest spatial scale sug-

gests that plots of 4 m2 were too small to reflect large-scale processes, and the results are 

therefore dominated by local processes (e.g. competition, disturbance, noise). 
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While only weak fragmentation effects were detected for species richness and abundance, 

much stronger and highly significant effects were found for variability in species composi-

tion. Species richness is the most widely used measure of diversity because it is relatively 

straightforward to record and interpret (Lindenmayer and Fischer 2006). However, species 

richness per se provides no information on species identity or the functional roles of species 

within ecosystems (Fleishman et al. 2006). Although theoretically patch size and isolation 

should explain much of the variation in species richness, previous studies have not been able 

to support these hypotheses (as outlined above). The same was true for the shape of the SAD, 

which did not differ significantly between the fragmentation treatments, as expected from 

theory. There could be two reasons for this. First, as outlined for species richness, the rank-

abundance approach provides an incomplete representation of changes because species-

specific information is ignored (MacNally 2007). Second, there is no robust, multivariate sta-

tistical method for comparing SADs (McGill et al. 2007). We compared SADs of a very dis-

tinct vegetation type, with similar community sizes and plant species; however, after fitting a 

logistic function to account for the different species numbers of the grasslands, hardly any 

difference between the SADs was evident (Figure 3).  

Species rank consistency, a measure of the variability of community composition, was the 

most effective parameter for detecting habitat fragmentation effects. Because the measure is 

species-specific, it can be related to ecological processes. If a particular species loses or gains 

a rank in the SAD, the underlying process could be its change in abundance or the immigra-

tion vs. extinction of other species in the community. Species rank consistency therefore pro-

vides supplementary information about the variation in community composition in different 

sites, i.e. the among-unit or !-diversity. Using !- instead of #-diversity (species richness) in 

the analysis showed that the variation in !-diversity between treatments was largely responsi-

ble for the fragmentation effects. Hence, dispersal between spatial units acts as a homogeniz-

ing force that tends to reduce !-diversity. Without a significant alteration in #-diversity, dis-

persal limitation thus leads to an increase in ∀-diversity (Loreau and Mouquet 1999, Loreau 

2000). This corresponds to neutral theory, which predicts that under isolation local dispersal 

creates a systematic increase in !-diversity with increasing distance between spatial units 

(Hubbell 2001).  

Our results are also consistent with the hypothesis that fragmented landscapes are hyperdy-

namic (Laurance 2002). The concept of hyperdynamism suggests that most ecological proc-

esses are more dynamic in fragmented than in well connected landscapes. This occurs be-
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cause fragments are more vulnerable to stochastic processes and increased environmental het-

erogeneity, which leads to the destabilization of populations and communities (Laurance 

2002). However, few empirical studies have investigated the influence of habitat fragmenta-

tion on the variability of species composition of plant communities, although Watkins and 

Wilson (1994) emphasized the value of spatial ranks in plant community research.  

MacNally (2007) analyzed patterns of abundance of birds in highly fragmented Australian 

landscapes. Whereas rank-abundance patterns were little affected when landscape perturba-

tion became more severe, he could find effects in the abundance spectra of the communities. 

In an abundance spectrum, species are sorted from the most abundant to the least abundant; 

but unlike rank-abundance distributions, the ordering of species in the spectrum is fixed, so 

that species-specific information is retained. This approach corresponds to our measure of 

rank consistency, except that MacNally (2007) compared the similarity of the analyzed abun-

dance spectra to a reference spectrum (the least perturbed distribution) with a distance meas-

ure that can be interpreted as incoherence. For a serpentine-seep habitat, Freestone and Inouye 

(2006) showed that the natural fragmentation of the landscape promoted !-diversity at the 

regional scale. Also, a handful of studies are available for animal communities: For a 

zooplankton metacommunity, Forbes and Chase (2002) found an effect of the rate of habitat 

connectivity on community structure, but not on local species diversity. Increasing connec-

tivity led to a decrease in ∀-diversity and an increase in the percent similarity of local commu-

nities within regions. Similar results were obtained in the studies by Chase (2003) for the spe-

cies composition among ponds, by Crist et al. (2003) and Gering et al. (2003) for beetle 

communities in deciduous forests, and by Pardini et al. (2005) for the variability of commu-

nity composition of small mammal species. 

An alternative explanation for the increasing variability of species composition with fragmen-

tation is that regions with more isolated grasslands are also more heterogeneous environmen-

tally. Indeed, one of the greatest challenges in conducting a comparative study at the land-

scape scale is to identify experimental units that meet all of the experimental design criteria 

(McGarigal and Cushman 2002). With our design, we explicitly tried to control for potentially 

confounding sources of variation. Patch size and within-patch habitat heterogeneity are often 

closely correlated, and both predict higher species numbers with increasing spatial scale. The 

location of plots within circles of the same radius makes it possible to avoid the species-area 

effect. With the selection of sites and the location of plots within homogeneous grassland 

patches of the same vegetation types, we tried to control for site factors. Although replication 
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in our study was rather small, the results are highly significant and consistent. Indeed, despite 

their shortcomings, such natural experiments have the highest potential for realism and gener-

ality because they investigate unmanipulated, real-world systems (McGarigal and Cushman 

2002). 

Species groups 

Functional traits are important for understanding the distribution of species in the landscape 

(Tremlova and Münzbergova 2007), especially traits affecting dispersal and persistence (Ehr-

len and van Groenendael 1998, Eriksson and Jakobsson 1998). To persist under changing 

conditions, plant species have developed dispersal traits that allow them to colonize remnant 

patches and persistence traits that allow them to endure temporarily unfavorable conditions. 

However, there seems to be a trade-off that species with a high persistence have a limited 

ability to colonize new patches and vice versa (Ehrlen and van Groenendael 1998). This in 

turn translates into a positive correlation between colonization and extinction rates, because 

better dispersers tend to be more short-lived (Ehrlen and van Groenendael 1998). For Swiss 

calcareous grasslands, Maurer et al. (2003) showed that traits affecting the frequency of oc-

currence of a plant species (such as a long flower duration, seed size and clonal life form) 

were more related to persistence than to dispersal (dispersal vector and terminal velocity). 

They explained the lack of dispersal effects as due to the spatial separation of the grassland 

fragments, arguing that colonization was probably a rare event.  

In our study we present strong evidence that the effect of habitat fragmentation on plant spe-

cies varies with dispersal capacity. Low patch size and a high degree of isolation decreased 

the stability of species with low wind dispersal capacities. By contrast, plant species with a 

high wind dispersal capacity showed no isolation effect per se, but the effect of patch size 

depended on the degree of isolation of the grasslands. When connectivity was high, however, 

there was no effect of size on species richness, presumably because any area effect was 

masked by the high input of seeds, especially of species with a high dispersal capacity. How-

ever, in small and isolated grasslands, many wind-dispersed seeds might be “lost” in the ma-

trix, and without the immigration of new individuals from the metacommunity, species in 

small patches are more likely to become extinct due to ecological drift. Plants with a low dis-

persal capacity, on the other hand, might be more persistent over time due to their larger seeds 

that induces a higher colonization probability, but they also rely much more on vegetative 

reproduction and therefore react to fragmentation more slowly.  
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Despite the higher number of species in large compared to small grasslands under isolation, 

long-distance wind dispersers showed a higher variability in species composition, which did 

not conform to our hypothesis. An explanation for this could be provided by the work of 

Soons and Heil (2002), who found a decreasing colonization capacity of wind dispersed seeds 

in fragmented grasslands. As a consequence of intensification in the surrounding agricultural 

landscape, grassland productivity increased, which in turn changed the colonization capacity 

of the species: seed production and seed germination rates increased, and thus the capacity for 

colonization of distant patches decreased because of the heavier seeds (Soons and Heil 2002). 

An alternative reason for the greater variability of good wind dispersers in large than in small 

grasslands under isolation may be edge effects. In small grasslands, the immigration of plant 

species with a high dispersal capacity from adjacent habitats such as road verges, hedges or 

forest borders may be higher than in large grasslands, which would result in a more predict-

able composition of good wind dispersers. 

In summary, as expected from theory, habitat fragmentation had mainly an effect on species 

with low wind dispersal capacity, but in very isolated communities it even affected species 

that are readily wind dispersed. It is therefore mainly the dispersal capacity of plant species 

that is responsible for the isolation effect that we found based on all species in the data (Table 

2). This isolation pattern as expressed in the rank consistency and !-diversity of calcareous 

grassland communities can be related to the process of dispersal limitation: it thus is an indi-

rect measure of functional connectivity. 

Including species groups that are characteristic of different vegetation types as indicators for 

the quality of grasslands showed that a small area of a community per se may lead to edge 

effects and vegetation deterioration. In small communities, the composition of character spe-

cies of calcareous grasslands was highly variable, resulting in vegetation deterioration due to 

ecological drift. In addition, small communities seemed to be more affected by the seed rain 

from the surrounding matrix and by altered ecological conditions at the boundaries. Such 

edge effects were evident e.g. through the enhanced variability of TrifGer species, which are 

commonly found along boundaries where grassland management is less intense. Edge effects 

were also visible in the diversity among grasslands, i.e. enhanced !-diversity in small vs. 

large grasslands for species not belonging to any of the analyzed vegetation types. The results 

are in accordance with a study by Zschokke et al. (2000), in which edge effects were found in 

experimentally fragmented calcareous grasslands in the Swiss Jura Mountains. However, our 

results may be biased because sample plots in small grasslands are necessarily closer to the 
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grassland boundaries than plots in large grasslands, although in our design we accounted for 

the species-area effect. Nevertheless, the results show that small grasslands are indeed more 

affected by stochastic changes.  

Landscape context 

The properties of the landscape surrounding the remnants of grassland patches is increasingly 

recognized as an important driver of species extinction within patches (Lindenmayer and 

Franklin 2002, Ewers and Didham 2006, Williams et al. 2006). The often very complex mo-

saic of land-cover types is assumed to influence the ability of individuals to move among 

patches. Therefore, patches may be more or less effectively isolated than simple distance 

would indicate, depending on the properties of the matrix. While there is evidence for animal 

species that the landscape context affects community structure (e.g. Ricketts 2001, Gorresen 

et al. 2005, Swihart et al. 2006), the importance of the matrix for plant species is still unclear, 

as most of the rare landscape studies on plant species composition show inconsistent or weak 

results (Öster et al. 2007). In our study, landscape diversity had no effect on overall species 

richness, SAD or rank consistency. This conforms to the results of earlier vegetation studies, 

where for grassland species richness no effect of landscape diversity (Krauss et al. 2004) and 

for tree species richness only inconsistent results were found (Kollmann and Schneider 1999, 

Metzger 2000). Several studies on insects, however, have found a positive influence of land-

scape diversity on species richness (Jonsen and Fahrig 1997, Steffan-Dewenter et al. 2002, 

Krauss et al. 2004).  

The stabilizing effect of land-use diversity on the composition of Molinio-Arrhenatheretea 

species in the present study may indicate a higher availability of niches for species with broad 

habitat preferences in heterogeneous landscapes. Nevertheless, the degree of openness of the 

landscape in terms of the amount of agricultural land did not seem to affect species exchange 

between grasslands, but it even decreased the evenness of the grassland communities. The 

proportion of forest area in the surrounding of a grassland, which had a positive effect on spe-

cies richness in earlier studies (Söderström et al. 2001, Öster et al. 2007), was correlated with 

the number of species of the vegetation type MolArrh and thus seed rain from edges into the 

core area. One reason for the negative influence of the agricultural area could be that the 

management regime in agricultural areas is much more intensive and therefore propagule 

pressure is higher near forests (Öster et al. 2007). 
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Several reasons may explain the stronger influence of patch size and isolation on grassland 

composition compared to the landscape context. First, the scale at which such effects can be 

found and their size vary depending on the type of organism (Turner 2005). For pollinator 

communities, only analyses performed at several spatial scales have been able to detect the 

importance of landscape context (Steffan-Dewenter et al. 2002). Pollinator species especially 

might have an important indirect effect on plant species composition in fragmented patches 

(Goverde et al. 2002, Lennartsson 2002). Second, the landscapes surrounding the calcareous 

grasslands studied here are relatively complex, and the measures of landscape context that we 

chose may not capture the expected ecological processes (see also Krauss et al. 2004). For 

example, landscape variables such as the extent of urbanization and the maximum interval 

between fires were found to be more important for grassland plants than patch attributes in 

terms of area and isolation (Williams et al. 2006). Third, it is difficult to identify landscape 

factors that are not correlated with each other. To reduce such intercorrelations, Steffan-

Dewenter et al. (2002) suggested that one should focus on landscape diversity and the propor-

tion of habitats in the surrounding landscape. Overall, further studies of the influence of land-

scape structure on plant communities should emphasize analyses at multiple spatial scales, 

additional species life history traits (i.e. pollination) and improved indicators of landscape 

structure.  

Conclusions 

This is one of the first studies to test explicitly how plant community structure at different 

hierarchical levels is influenced by patch size and isolation. Consistent with theory, our re-

sults show that fragmentation leads to more spatially variable communities, indicating that 

effects are to be detected first at the most complex level of community structure. Due to the 

slow response of plant species to habitat fragmentation, patch size and isolation effects may 

become more pronounced over time due to an “extinction debt” as proposed by Tilman et al. 

(1994). Thus, increased spatial variability will result in a higher risk of extinction in calcare-

ous grassland sites and will ultimately become evident in abundance distributions and species 

richness.  

Species-specific information indicated that habitat fragmentation since 1950 has affected the 

community structure of calcareous grasslands in our study area directly by increasing the rate 

of ecological drift and reducing species exchange between grasslands. Indirect effects are evi-

dent from an increase of edge effects and initial stages of vegetation deterioration. This im-
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plies that the spatial arrangement of local communities may influence community composi-

tion, so that the plant communities we observed within grassland patches may be determined 

by edge effects and propagule availability. 

The dispersal capacity of plant species was largely responsible for the isolation effects and 

was expressed in an increased spatial variability of calcareous grassland communities and in 

an enhanced variation in !-diversity between treatments. We thus found an indirect measure 

of functional connectivity: to preserve biodiversity in local plant communities, the variability 

of community composition as an aggregate measure of spatial rank consistency and the rela-

tionship between local and regional diversity can be used as early warning tools for detecting 

fragmentation effects at the community level. 
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Abstract 

Connectivity is a key property of local plant communities in heterogeneous landscapes. To 

date, no measure of the functional connectivity of entire plant communities has been devel-

oped. The Unified Neutral Theory of Biodiversity and Biogeography is a dispersal-assembled 

theory with dispersal as the mechanism linking the metacommunity with the local commu-

nity. It predicts that the shape of the distribution of relative species abundance of a local 

community is a function of the immigration rate m, which is a measure of its effective degree 

of isolation. Hence, changes in the shape of the distribution can be used to estimate m and 

thereby quantify the average dispersal limitation and degree of isolation of the community. 

We assessed the functional connectivity of calcareous grassland communities in terms of m. 

We estimated the fundamental biodiversity number ∃ and m of Hubbell's neutral theory from 

species abundance distributions and evaluated the effect of different data manipulation meth-

ods on the robustness of parameter estimation. Thanks to a multi-scale sampling design with 5 

to 6 plots within 24 grasslands selected by their size and degree of isolation, we were able to 

compare the parameters at different spatial scales and test for fragmentation effects. 

The species abundance distributions in calcareous grassland communities did not change with 

the degree of fragmentation, as predicted by neutral theory, and the parameters were robust 

towards different methods of data manipulation. However, the parameter ∃ decreased with 

increasing size of the sampling unit, thus contradicting the neutral theory, where ∃ as a meas-

ure of regional diversity should remain constant across scales. Patch size and the degree of 

isolation showed no effect on m. Hence, on the basis of neutral theory no differences in func-

tional connectivity could be found between these calcareous grassland communities. 

The results are discussed from three complementary perspectives: (1) we evaluate the field 

method used to estimate parameters of neutral theory, (2) we discuss the role of the neutrality 

assumption in calcareous grasslands as ecological systems, and (3) we question the use of 

rank-abundance distributions to detect fragmentation effects in plant communities. 

Keywords 

Neutral theory; immigration rate; functional connectivity; fragmentation; rank-abundance dis-

tribution; plant communities; calcareous grasslands. 
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Abbreviations 

RAD = rank-abundance distribution; m = immigration rate or fundamental dispersal number; 

∃ = fundamental biodiversity number; J = number of individuals in a local community; ZSM 

= zero-sum multinomial.  
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Introduction 

It is increasingly accepted in ecology that the species composition of local communities is 

limited not only by the availability of ecological niches, but also by dispersal (MacArthur and 

Wilson 1967, Brown and Kodric-Brown 1977, Hanski 1983, Tilman 1994, Loreau and Mou-

quet 1999, Mouquet and Loreau 2003). This means that connectivity, which is associated with 

dispersal, and thus the immigration rate of species, is a key property of local communities in 

heterogeneous landscapes (Uezu et al. 2005). 

Landscape connectivity has been defined as the interaction between the movement behavior 

of organisms and the structure of the landscape (Merriam 1984, Goodwin 2003). It is thought 

to have two components (Brooks 2003): structural connectivity, which is related to landscape 

patterns and is determined by the shape, size, and location of features in the landscape; and 

functional connectivity, which is defined as the realized movement of a species through a 

landscape (Brooks 2003). Structural connectivity is typically calculated using buffer- or dis-

tance-based metrics from maps of land cover and land use (e.g. Gustafson 1998, Moilanen 

and Nieminen 2002), whereas functional connectivity explicitly measures the actual exchange 

of organisms or propagules between patches. Measures of functional connectivity, however, 

have been used much less often in research on landscape connectivity (Goodwin 2003), even 

though they are likely to be ecologically more meaningful. The reason for this is that it is 

more difficult to measure functional connectivity than structural connectivity: particularly the 

immigration of plants into a patch is not directly observable, and propagules are difficult to 

track. On a species or population level, population genetics measure gene flow in terms of the 

dispersal of plant seeds or the movement of pollen and thus provide a direct measurement of 

functional connectivity for individual plant species, i.e. plant populations (Holderegger et al. 

2007). However, for the conservation of plant communities, methods are required that meas-

ure functional connectivity at an entire community level rather than at the population level. A 

better understanding of the actual functional connectivity of plant communities is needed in 

order to optimize management, e.g. by improving matrix conditions or establishing stepping 

stone habitats to enhance and maintain biodiversity in critical habitats such as calcareous 

grasslands. 

Functional connectivity plays a prominent role in several ecological theories. The theory of 

Island Biogeography (MacArthur and Wilson 1967), together with metapopulation (Hanski 

1999) and metacommunity theory (Leibold et al. 2004), focuses on how colonization and ex-
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tinction affect the composition of local communities. They assume that immigration is the 

central process maintaining local species richness. Connectivity increases the immigration 

rate of species and influences dispersal success between habitats. Thus, connectivity will in-

crease the local number of species and the number of local populations in heterogeneous land-

scapes. The theory of Island Biogeography and metapopulation theory are formulated on the 

species or population level. In contrast, metacommunity theories describe processes that occur 

at the community level. A community is defined as a collection of species occupying a par-

ticular habitat. In turn, the metacommunity is defined as a set of local communities that are 

linked by dispersal (Wilson 1992, Leibold et al. 2004). Thus, interactions among processes at 

different spatial scales are central to the metacommunity concept, which provides a frame-

work for integrating landscape heterogeneity, community interactions, and species dispersal 

at multiple scales (Leibold et al. 2004, Holyoak et al. 2005).  

To date, a general metacommunity theory to analyze fragmented communities is lacking. 

Theoretical and empirical work on metacommunities is based on a range of approaches to 

explain the diversity and relative abundance of species in ecological communities in space 

and time (Leibold et al. 2004). One of them is the neutral paradigm, of which the Unified 

Neutral Theory of Biodiversity and Biogeography (Hubbell 2001) (“neutral theory”) is most 

popular to date.  

The originality of Hubbell's neutral theory lies in its combination of four characteristics 

(Alonso et al. 2006): (1) It is neutral in the sense that it assumes equivalence among interact-

ing species by considering all organisms in the community as identical in their probabilities of 

giving birth, dying, migrating, and speciating. (2) It is individual-based and stochastic, i.e. 

stochastic ecological processes such as speciation, extinction and migration acting at local and 

regional scales determine the occurrence of a species at a site. (3) It is a sampling theory 

based on the formula by Ewens (1972). A sampling theory links the distribution of a whole 

community to the distribution observed in a small sample taken from this community. A local 

community can therefore be regarded as a sample of the metacommunity, and it is this sam-

pling property that facilitates the confrontation of the neutral theory to data (Etienne and 

Alonso 2007). (4) Finally, Hubbell’s theory is dispersal-assembled, i.e. dispersal is assumed 

to have a key role in structuring ecological communities (Alonso et al. 2006). 

In Hubbell's theory, dispersal is the mechanism linking the metacommunity with the local 

community. Hubbell (2001, p. 5) defines a local community as a ‘group of trophically similar, 

sympatric species that actually or potentially compete in a local area for the same or similar 
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resources’. Local communities are embedded in a metacommunity, which is defined as a ‘re-

gional collection of communities’. The metacommunity is the source for the colonization of 

local communities. Hubbell applied his model originally to pure mainland-island systems, but 

it can be applied to a sample from a continuous landscape as well (Alonso et al. 2006, Hu et 

al. 2007), i.e. local communities in fragmented patchy areas that are connected with each 

other by dispersal (Etienne et al. 2007). 

Neutral theory describes a community in a given place using two parameters only, (1) the 

fundamental biodiversity number ∃, which denotes the potential species richness of the com-

munity, i.e. it is a measure of regional diversity; and (2) the immigration rate m, which de-

notes the probability of immigration into the local community from the metacommunity, i.e. it 

is a measure of the effective degree of isolation of the local community. The two parameters ∃ 

and m can be used to compare the diversity and degree of isolation across different communi-

ties (Alonso et al. 2006). 

The model of neutral theory can be expressed at two scales: local community dynamics and 

regional metacommunity dynamics. Here, we outline the perspective of a single arbitrary in-

dividual in a local community. In this community of size J (total numbers of individuals of all 

species), the individuals compete for the empty resource locations (light, space etc.). When an 

individual dies, the open location is colonized by offspring of a local individual with probabil-

ity 1 ! m, and with probability m it is colonized by an immigrant from the metacommunity. 

Each individual in the local community has an equal chance of colonizing the open location 

(neutrality assumption). Each dead individual is immediately replaced to keep the total num-

ber of individuals constant, so that the available resource locations in a community are satu-

rated at all times (zero-sum assumption). Immigration links the local community to the meta-

community, which is in a stochastic equilibrium between speciation and extinction. This equi-

librium is characterized by the parameter ∃ = 2JM%, where JM is the size of the metacommu-

nity and % is the speciation rate (from Etienne and Alonso 2005). 

When m = 1, the local community is not isolated from the metacommunity and will share the 

same species abundance distribution, whose shape is logseries-like according to neutral the-

ory. If m < 1, the local community is called dispersal-limited, and as m decreases, the logser-

ies-like distribution in the metacommunity translates into a lognormal-like distribution of 

abundance in the local community, with its typical S-shaped curve. In the most extreme case 

with high dominance by a few species, the distribution will become very steep and translates 

into a geometric-like distribution of abundance. Hubbell thus introduced a new statistical dis-
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tribution called the zero-sum multinomial (ZSM), whose shape depends dynamically on the 

degree of isolation from the metacommunity, i.e. the immigration rate m, but also on the pa-

rameter ∃ and the size of the local community J (Hubbell 2001).  

Neutral theory predicts, therefore, that the shape of the local distribution of species abundance 

will be a function of the immigration rate. The species abundance distribution can be pre-

sented visually in a rank-abundance distribution (RAD) plot. In a RAD plot, the abundance of 

each species is plotted on a logarithmic scale (y-axis) against the species rank (x-axis), or-

dered from the most abundant to the least abundant species. According to neutral theory, the 

beginning of the RAD is determined by the metacommunity, whereas the drop at the end of 

the curve is a function of the immigration rate m of a local community. Hence, we can use 

changes in the shape of the distribution to estimate m and thereby quantify the average disper-

sal limitation and degree of isolation affecting a given local community (Hubbell 2001). 

Hubbell presented analytical results for his model without dispersal limitation (m = 1) (Hub-

bell 2001). For the biologically more interesting case with dispersal limitation (m < 1) he pro-

vided only simulation results. Recently, however, analytical methods for the case m < 1 have 

been developed to estimate both parameters ∃ and m from abundance data (Volkov et al. 

2003, Vallade and Houchmandzadeh 2003, McKane et al. 2004, Alonso and McKane 2004, 

Etienne 2005).  

Neutral theory is explicitly concerned with communities of sessile organisms (like plants, 

corals, or non-migratory animals). To date, most tests of the neutral theory in plant communi-

ties have focused on tropical rainforests (Hubbell 2001, Chave and Leigh, E. G. Jr 2002, 

McGill 2003, Volkov et al. 2003, Volkov et al. 2005, Gilbert et al. 2006, Volkov et al. 2007). 

It is therefore important to extend this research to other communities (Chave 2004). However, 

ecological differences between ecosystems can make the adaptation of neutral theory from 

forest habitats to other communities such as grasslands difficult. For example, in forest eco-

systems the definition of an individual corresponds to a single tree, but in grasslands, individ-

ual plants are much more difficult to distinguish. A common way to define a plant individual 

in a grassland patch is to infer a proxy value from cover estimates. How this definition of an 

individual influences parameter estimation in neutral theory has not been evaluated yet. 

The objective of this study was to assess the functional connectivity of nutrient-poor calcare-

ous grassland communities in terms of the immigration rate using neutral theory. These grass-

lands are one of the most species-rich habitats in central Europe, with a very high conserva-

tion value (WallisDeVries et al. 2002). Most of the remaining grasslands are found in land-
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scapes that have been affected strongly by recent anthropogenic fragmentation. For example, 

in the Swiss Jura Mountains calcareous grasslands were widespread and covered a consider-

able area at the beginning of the 20th century. Since the 1950s, changes in agricultural land 

use have reduced the size of these areas and split them into small and isolated fragments 

(Baur et al. 1996). Thanks to conservation efforts in the last 20 years, this rate of destruction 

has slowed down considerably or even stopped, and most of the remaining grassland sites are 

now managed according to strict conservation guidelines. We selected 24 grassland patches 

based on their size and degree of isolation (distance to neighboring patches) to test for frag-

mentation effects. For each of these grasslands, we estimated the parameters m and ∃ from 

empirical species abundance distributions. Using different definitions of an individual, we 

analyzed the influence of data manipulation on parameter estimation. Owing to a multi-scale, 

hierarchical sampling design, we were able to estimate and compare Hubbell’s parameters at 

different spatial scales. Specifically, we addressed the following questions: 

(1) Do the rank-abundance distributions in calcareous grassland communities change 

with the degree of fragmentation, as predicted by neutral theory? 

(2) Are the parameters of neutral theory robust with different methods of data manipula-

tion? 

(3) Do the parameters of neutral theory change with scale? 

(4) Are there differences in functional connectivity between different calcareous grass-

land communities? 

Methods 

Study sites 

We used a dataset from the Jura Mountains of Canton Aargau, northeastern Switzerland 

(Schlup et al. in prep.). The study sites were located in a region of ca. 400 km2. As experimen-

tal units we selected 24 grassland sites based on their area and degree of isolation. All sites 

were similar with regard to the management regime (mowing date and frequency, no fertilizer 

applications, no grazing) and site properties (soil, altitude, topography, slope and aspect).  

The size of the grassland sites was assessed with GIS. A small grassland was defined as hav-

ing an area between 1000 and 3500 m2, and a large one as having an area greater than 5000 

m2; by these criteria, approximately 40% of the calcareous grasslands in Canton Aargau are 

“small”, and 40% are “large”. Sites smaller than 1000 m2 were not considered. 
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Isolation was calculated for each grassland site as the sum of areas with suitable habitats, 

weighted by the distance from the target site using Hanski's (1994) formula from the Inci-

dence Function Model as recommended by Moilanen and Nieminen (2002). The radius inves-

tigated around a grassland site for the calculation was set to 750 m to take into account the 

hilly, small-scale landscape features of the study region. Large values of the resulting isola-

tion index I correspond to small isolation, and hence the index actually measures structural 

connectivity (Hanski 1999). Grassland sites with values of I ∀1.5 were interpreted as highly 

isolated (25% of sites in Canton Aargau), and values of I>3 as structurally connected (40% of 

sites). It was then possible to derive four treatments (isolation low - area small; isolation low - 

area large; isolation high - area small; isolation high - area large) with six replicate sites each 

(Figure 1). For more details on the study region and the site selection, see Schlup et al. (in 

prep.). 

 

Figure 1: Logarithm of patch size vs. isolation of the grassland sites studied. The dashed lines divide the grass-

lands into the four treatment categories, which are indicated with different symbols and colors. 
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Vegetation data 

In every grassland site, a minimum of five or, where possible, six vegetation plots were 

placed randomly within a circle 25 m in radius. The central point of this circle was located 

with a GIS as the point with the largest distance from the inner boundaries (trees, hedges or 

other vegetation types) and outer boundaries of the site. For a plot to be accepted, the vegeta-

tion had to be homogeneous and of type Mesobromion (as defined by Eggenberg et al. 2001). 

In addition, the plot had to be at least 5 m away from structural elements (hedges, trees or 

rocks), site boundaries and other plots. Each plot consisted of four replicate quadrats of 1 m2 

grouped as a square, facing north and with a distance of 1 m between quadrats. Depending on 

the number of plots, the total area sampled per site varied from 20 to 24 m2, which conforms 

to the minimum sampling area recommended for European calcareous grasslands (10-25 m2, 

Dierschke 1994). In each of the four quadrats per plot, the percent cover of every vascular 

plant species was estimated with a resolution of 1%. Species with a cover smaller than 1% 

were classified with a higher resolution of 0.25, 0.5 and 0.75% to get detailed information 

about the rare species as well. As a visual aid for the cover estimation, a 1 m2 frame with a 10 

cm mesh was placed over the quadrat. To assess the precision of cover estimates, one quadrat 

per site was sampled twice. The standard deviation of the cover estimates averaged over all 

24 sites was 1.1%. Over all grassland sites, plant species richness was found to amount to 133 

species (trees and shrubs not included). Sampling was done in early summer 2006 and 2007, 

before the official mowing date of the grasslands. Each site was sampled twice between May 

and July. The percent cover data of both samples were averaged. 

Data manipulation 

To estimate the parameters of Hubbell's theory, community size J, i.e. the numbers of indi-

viduals, is needed as an input parameter. As an approximation of counts of individuals, we 

used the sum of the cover of each species in a spatial unit (see also Harpole and Tilman 

2006). Thus, at the scale of a quadrat the community size J resulted in 100 pseudo-

individuals. 

Hubbell's theory predicts that the drop at the end of the RAD is a function of the immigration 

rate m. To find differences in the immigration rate between sites, we tried therefore to get as 

much detail as possible on rare species in the tail of RADs. For this reason, we set the basic 

unit of analysis to the scale of a plot. Accordingly, the estimated percent cover of each species 

was summed from the four quadrats to the plot level, resulting in a maximum community size 
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J of 400. This seemed a reasonable number of individuals to draw RADs with much detail in 

the tail (Figure 2). 

 

Figure 2: RADs based on empirical data at different spatial scales: plots within treatment [4 m2], sites within 

treatment [20 m2], treatment “large – not isolated” [120 m2] and all data [480 m2]. 

Due to estimation errors (see above) and variations in species cover, the total cover estimate 

of a quadrat rarely amounted to exactly 100%. In addition, calcareous grasslands often con-

tain bare ground, so that the estimates of species cover in a sampling quadrat often do not add 

up to 100%. To fulfill Hubbell's zero-sum assumption, i.e. a constant community size, total 

quadrat cover was constrained to sum to a maximum percentage value before pooling the 

cover values to other scales. For this, we adopted two approaches: (1) total quadrat cover was 

constrained to sum to exactly 100%; and (2) total quadrat cover was constrained to sum to 

&100%. The key difference between the two approaches is that, in the first case all resource 

places are always occupied (zero-sum assumption in the strict sense), whereas in the second, 

unoccupied resource places are possible (relaxed zero-sum assumption). The two approaches 

translate into small differences in the number of pseudo-individuals J in a sampling unit (Ta-

ble 1, approaches 1 and 2). 

To obtain RADs at different spatial scales, the percent cover data for each plot were pooled 

(Figure 2). All plots were summed to the scale of their corresponding site, sites were summed 
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to the scale of the treatment and all treatments were summed to the scale of the whole dataset. 

To account for the unequal numbers of plots within sites, we applied the following corrections 

for sites with 6 vs. 5 plots: We selected 5 out of 6 plots for each given combination, taking 5 

elements out of 6 at a time. We then summed up the species covers of the selected plots and 

calculated the average of each combination. With this method, the pooled cover of a site with 

originally 6 plots had the same maximum number of J as a site with 5 plots. Still, this method 

resulted in a bias of species richness, i.e. that sites with originally 6 plots might be more spe-

cies rich than sites with only 5 plots. However, this bias was negligible because the sites with 

6 versus 5 plots were distributed equally across the four treatments. 

Table 1: Three different approaches to data manipulation and their consequence for the resulting number of 

pseudo-individuals J per spatial unit. 

Spatial unit 
Approach 1: 

Constraining to 100% 

Approach 2: 

Constraining to 100% 

Approach 3: Constrain-

ing to 400%  

plot [4 m2] 400 & 400 & 1,600 
site [20 m2] 2,000 & 2,000 & 8,000 
treatment [120 m2] 12,000 & 12,000 & 48,000 
all data [480 m2] 48,000 & 48,000 & 192,000 

 

Our maximum community size J ranged therefore from 400 pseudo-individuals per plot (4 

m2) to 48,000 over the whole data set (480 m2) (Table 1). We defined a local community as a 

single plot (4 m2), whereas the whole data set was assumed to be the metacommunity.  

Prior to statistical analysis, all species covers were rounded up to the nearest integer value 

because the algorithm we used for estimating Hubbell's parameters (see below) is defined for 

integer values only (= numbers of individuals counted). However, rounding up the data means 

losing information about those species with cover <1% (Figure 3). In our sampling design, we 

therefore used a finer resolution to estimate the cover of small species and thus to obtain more 

detail for the tail of the RAD (as described above). In addition to the above outlined ap-

proaches for constraining the cover data to exactly 100 or ∀100%, we thus used a third ap-

proach, in which we multiplied the cover data of each quadrat by 4 before constraining to 

&100% (Table 1, approach 3). This resulted in a maximum community size J of 1600 pseudo-

individuals per plot (4 m2) and 192,000 over the whole dataset (480 m2).  
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Figure 3: Comparison of RADs with raw data (dotted line) and data rounded to the next integer value (solid line) 

for an arbitrarily chosen plot (“Ach.1”, in black) and site (“Ach”, in red). Multiplying the cover data of a quadrat 

by 4 (approach ∀400%) means that much more information on the abundance of rare species in the tail of the 

RAD can be retained after rounding. 

Statistical analysis 

The analysis was performed at four hierarchical levels: sites (N=24), treatments (combina-

tions of area and isolation, N=4), sites per treatment (6 x 4), and plots within sites per treat-

ment (5 x 6 x 4).  

To compare the shapes of RADs between treatments, we calculated a median distribution of 

the sorted species abundances of all plots or sites within a treatment. The median was calcu-

lated over each rank of the sorted species abundances of all plots, as well as all sites. The re-

sulting four median distributions at the level of plots and sites were plotted in a RAD for vis-

ual comparison. 

To estimate the parameters of Hubbell's theory, we used MATLAB code provided by McGill 

et al. (2006) that implements the analytical solution of the neutral model by Volkov et al. 

(2003). It fits the expected distribution of relative species abundance, i.e. the ZSM distribu-
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tion (Hubbell 2001), to the observed species abundance distribution by maximizing general-

ized likelihood. The MATLAB implementation returns the two parameters m and ∃ as well as 

the expected number of species with a certain abundance (∋n) in a sample of J individuals 

from the dispersal-limited local community under study. To visually compare the quality of 

fit of the ZSM distribution to the observed data, we also fitted a log-normal distribution, 

which is often used as a niche-based null hypothesis. 

In addition to the analytical solution of Volkov et al. (2003), McGill et al. (2006) imple-

mented the alternative solutions suggested by Vallade and Houchmandzadeh (2003) and 

McKane et al. (2004). Although they came up with essentially the same solution as Volkov et 

al. (2003), McGill et al. (2006) recommended trying out more than one method. We estimated 

m and ∃ with all three analytical solutions, but because we found no differences between the 

methods, the results are shown for the method of Volkov et al. (2003) only.  

We tested for differences between the estimations of the immigration rate m based on differ-

ent approaches to data manipulation (100%, &100%, &400%) with Pearson's product-moment 

correlation. To test for fragmentation effects on the immigration rate m, we calculated a bal-

anced, two-way ANOVA with the two factors “Area” and “Isolation” for the two spatial 

scales of plots and sites and 6 replicates each. The changes in the parameters m and ∃ with 

scale were tested with an unbalanced, one-way ANOVA analysis with the size of the sam-

pling unit as a factor. The calculations were performed in MATLAB version 7.4.0 (Math-

works, Natick, Massachusetts, USA) and R1 version 2.5.0 (Ihaka and Gentleman 1996). 

Results 

Visual analysis of RADs 

The visual inspection of the median distributions calculated for plots and sites within a treat-

ment revealed no clear differences between the shapes of the RADs (Figure 4). Even at the 

tail of the RADs, where we would expect to find a steeper distribution for isolated grasslands 

because they contain fewer rare species, the shape of the curves was very similar between 

treatments. Still, at the plot as well as the site level, the median distribution of small and iso-

lated grasslands was slightly steeper at the tail of the RAD.  

                                                 

1 URL: http://www.r-project.org 
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Figure 4: RADs of the median lines calculated on the basis of plots (left) and sites (right) per treatment (∀100%, 

not rounded). 

The ZSM distribution matched well for the beginning and middle part of the RAD, i.e. the 

dominant and abundant species in the species distribution (Figure 5). However, the ZSM dis-

tribution did not fit the tail of the RAD, i.e. the rare species, as smoothly as expected. In turn, 

the lognormal distribution captured the details in the tail of the RAD better (Figure 5). But the 

general fit of the lognormal distribution to the RAD was inferior compared to the ZSM, espe-

cially at the scale of plots.  
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Figure 5: RAD for empirical data (black), the fitted ZSM distribution (red), and lognormal distribution (green) at 

different spatial scales: an arbitrarily chosen plot (“Ach.1”), its corresponding site (“Ach”) and treatment (“large 

- not isolated”), and all data. To get as much detail as possible at the tail of the RAD, the data manipulation ap-

proach used for this analysis was “∀400%”. 

Sensitivity of the immigration rate to data manipulation 

We estimated the immigration rate m for different estimates of community size J by con-

straining quadrat cover to 100%, ∀100% and ∀400% (see Methods section). The immigration 

rates estimated for every plot showed similar patterns with the three approaches (Figure 6). 

However, two obvious outliers at the plot level (mHagli2 = 0.253, mHagli3 = 0.245) were found for 

the approach where quadrat cover was constrained to &100%. They were caused by very low 

species cover (Hagli.2 = 228%, Hagli.3 = 246%, maximum plot cover = 400%). When quad-

rat cover was constrained to &400%, more variation was visible in the immigration rates be-

tween plots because the information on low species abundances (0.25, 0.5 and 0.75%) was 

retained in the data. Due to the two outliers, the correlations between the estimates of m were 
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very weak and statistically not significant. After omitting the outliers, the correlation between 

all three combinations of the approaches was significant at P < 0.001 with r ( 0.80. 

At the site level, the different approaches to data manipulation had very weak effects on the 

estimates of m (Figure 6). The correlations of the estimates m between all three combinations 

of the approaches were significant at P < 0.001 with r ( 0.85.  
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Figure 6: Influence of different approaches to estimating community size J on the immigration rate m. In the top 

figure, the immigration rates are shown for every plot (N=124); in the bottom figure for every site (N=24). In 

each figure the three different approaches to data manipulation are shown for comparison when the quadrat 

cover was constrained to 100%, ∀100% and ∀400%. Lines between the estimates of the immigration rates m are 

added for visualization only. The immigration rates of two plots are not shown because their values were so low 

(mHagli2 = 0.253, mHagli3 = 0.245).  
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Variation of parameters m and  with scale 

The estimates of the immigration rate m and the fundamental biodiversity number ∃ changed 

with the scale of analysis (Figure 7). The immigration rate m decreased from a median of 

0.999 over all plots to 0.965 in the four treatments, but it increased again to 0.987 at the scale 

of the metacommunity. Although these differences were small in absolute terms, they were 

statistically significant (ANOVA, P < 0.001).  

With increasing size of the sampling unit, and therefore an increasing number of individuals 

J, the fundamental biodiversity number ∃ decreased (Figure 7). The parameter ∃ decreased 

systematically from the plot to the metacommunity level, with a range of median values from 

67.8 to 16.8. The change in ∃ with scale was also statistically significant (ANOVA, P < 

0.001).  

These patterns for m and ∃ were found for all three approaches to data manipulation (100%, 

&100%, &400%).  
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Figure 7: Variation in the estimated parameters m (above) and ∃ (below) for the spatial sampling units of 120 

plots [4 m2], 24 sites [20 m2], 4 treatments [120 m2] and all data [480 m2]. Calculations were done on the basis of 

the data manipulation approach ∀100%. The immigration rates of two plots are not shown because their values 

were so low (mHagli2 = 0.253, mHagli3 = 0.245). 

Variation of parameter m with fragmentation 

At the plot level, the immigration rate m did not vary significantly between the different de-

grees of fragmentation in terms of patch size and isolation (ANOVA, P < 0.001), irrespective 

of the approach to data manipulation (Figure 8). However, for the approach “&100%”, the two 

outliers mentioned above (mHagli2 = 0.253, mHagli3 = 0.245) were responsible for the low value 

of the mean plot immigration rate of the site “Hagli” (mHagli= 0.748). The outliers had an in-

fluence on the normal distribution of the residuals causing strong non-constant variance. But 

even without the outliers, we found no significant differences in m between treatments at P < 

0.05.  
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At the site level (Figure 8), there was a statistically significant interaction effect between 

“Area” and “Isolation” (p = 0.041) for the approach “100%”. The largest differences in m 

were found between small and large sites under high connectivity. However, this result is not 

reliable because the residuals were not normally distributed due to strong non-constant vari-

ance; no variance stabilizing transformation method could improve this. For the tables with 

the ANOVA results, see Appendix A.1 and A.2. 
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Figure 8: Box plots of the immigration rate m estimated on the basis of plots averaged over a site (column left) 

and on the basis of sites (column right), grouped according to the four fragmentation treatments. Estimations 

were performed for three different approaches to data manipulation: quadrat cover constrained to 100% (lowest 

row), ∀100% (middle row) and ∀400% (upper row). 
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Discussion 

Hubbell’s (2001) neutral theory has led to new ways of studying the effect of dispersal limita-

tion (Alonso et al. 2006). It provides a simple approach to description and parameterization, 

where stochastic ecological processes act at local and regional scales to determine the occur-

rence of the species at a given site. This makes it possible to directly estimate parameters m 

and ∃ from abundance data. The immigration rate m can be interpreted as a measure of the 

effective degree of isolation of the local community, and can thus be used to measure and 

compare the degree of functional connectivity in different areas at the community scale. 

In this study, we assessed the functional connectivity of calcareous grassland communities in 

terms of the immigration rate according to neutral theory. We found values of the estimated 

immigration rates close to 1, suggesting that local communities are not isolated from the 

metacommunity. In addition, patch size and degree of isolation had no effect on the immigra-

tion rates between grasslands. Thus, all analyzed grassland communities appear to have high 

functional connectivity. However, Schlup et al. (in prep.) examined how habitat fragmenta-

tion affected the species composition of calcareous grassland communities at different levels 

of community organization, based on the same data used here. While they found no fragmen-

tation effects at the levels of species richness and abundance distribution, strong effects of 

patch size and isolation were found at the level of rank consistency and !-diversity of the 

grasslands: small and isolated grasslands had a significantly lower rank consistency, i.e. 

higher variability in community composition, than large and connected ones, and !-diversity 

increased with the degree of isolation of the grasslands. The isolation effects were strongest 

for plant species with low dispersal capacities. Hence, these patterns of community composi-

tion indirectly show clear effects of dispersal limitation and thus limited functional connec-

tivity. Below, we discuss three reasons why we might not have found any fragmentation ef-

fects based on neutral theory. 

The field method may not be suitable for testing neutral theory 

The ZSM distribution did not match the species abundance distribution in a RAD plot at the 

tail of the distribution, where we expected to find the largest effect of dispersal limitation. 

Thus, it was not surprising to find only minor variation in the immigration rate m between 

different degrees of fragmentation of the grasslands, and the question arises whether the as-

sumptions and properties of our field method, the sampling design as well as the resulting 

parameter estimates are appropriate in the context of neutral theory. 
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We are aware of only one study that applied neutral theory to grassland ecosystems by esti-

mating parameters directly from empirical data. Harpole and Tilman (2006) analyzed tallgrass 

prairie communities and, similar to our study, used cover values as an approximation of indi-

vidual counts. This is a very common approach in grassland ecology because it is difficult to 

define an individual in the field; however, cover values are clearly not equivalent to effective 

counts of individuals. For many studies of vegetation communities it is not the number of in-

dividuals that is of primary interest, but the space occupied by each plant species. This in turn 

is consistent with the zero-sum assumption of neutral theory. Still, the approach of inferring 

count data from cover values is biased particularly for species whose individuals differ 

strongly in size or that are clonal (Harpole and Tilman 2006).  

Furthermore, the different data manipulation approaches that we applied to fulfill the zero-

sum assumption, i.e. to get a constant community size over all sampling units, gave more 

weight to species with low abundance. This was especially the case for the strict version of 

the zero-sum assumption (“100%”). However, both approaches to constraining data, “100%” 

and “∀100%”, had only minor effects on the parameter estimates, especially compared to the 

deviations in fit from the ZSM and lognormal distributions. In addition, summing the cover 

values at the level of plots to the level of a site averaged out most differences between the 

total cover of the sites. To minimize data distortion in future analyses, a relaxed version of the 

zero-sum assumption may therefore be sufficient, except for vegetation units with very low 

total cover, where zero-sum dynamics simply may not apply. However, recent research 

(Etienne et al. 2007, Haegeman and Etienne 2008) suggests that the analytical results of neu-

tral theory on the species abundance distribution should apply regardless of zero-sum dynam-

ics. 

Overall, our estimated community size of 100 pseudo-individuals per 1 m2 was comparable to 

the estimates of Harpole and Tilman (2006), with 81 individuals per 1 m2, and to the estimates 

of a grassland study of Adler (2004), with 50 to 100 individuals per 1 m2. Multiplying the 

cover data (approach “∀400%”) to increase the detail of rare species in the tail of RADs re-

sulted in an unrealistically high number of pseudo-individuals J in the community (J = 400 

per 1 m2). However, this data manipulation approach had the largest effect on the estimates of 

the immigration rate m. The higher the resolution of species covers in the data, the more pre-

cise the estimates of parameter m.  

Concerning the multi-scale sampling design we used, there are only few indications regarding 

the scale at which neutral theory applies. Clearly, the scale should comprise both the local 
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community and the metacommunity. Since dispersal plays a central role in neutral theory, we 

defined the spatial scale of our investigation as a function of dispersal distance (according to 

Adler 2004). In a local grassland community, average dispersal occurs over a few meters only 

(Bolli et al. in prep.), and this corresponds to the size of a plot (4 m2) as our smallest unit of 

analysis. The size of the metacommunity, which is the ‘evolutionary-biogeographic unit 

within which most member species spend their entire evolutionary lifetimes’ (Hubbell 2003), 

is more difficult to define. The largest spatial scale in our analysis corresponded to a region of 

ca. 400 km2. Although this may seem quite large and single grassland plants may not be able 

to disperse over such great distances, the reason for this choice was twofold. First, neutral 

theory requires speciation events to maintain local community diversity. In most communi-

ties, speciation occurs across large regions and over long periods of time (Hubbell 2001). 

Second, we assumed that 30 to 50 years ago, before the land use in the region changed and 

land became more fragmented, dispersal was unlimited and thus connectivity between the 

calcareous grasslands was high. The results of this historic connectivity may still be visible in 

the present community composition of the grasslands, due to the extinction debt (Tilman et al. 

1994).  

Although the estimated values of the parameters of the neutral model were in a realistic range, 

they differed clearly from those obtained in previous studies (Table 2). For temperate grass-

land plants, Harpole and Tilman (2006) found much lower values for the immigration rate m 

at a comparable spatial scale and community size J. Conversely, for tropical trees McGill et 

al. (2006) (see also Volkov et al. 2003) found a similar value for the immigration rate m as in 

our study, but their plot size was much larger (1 ha), while J (= 429) was rather small. Our 

estimates of ∃ ranged between those of Harpole and Tilman (2006) for grassland plants and 

McGill et al. (2006) for tropical trees. We view this result as realistic because the increase in 

∃ may reflect the increase in species richness from prairies across calcareous grasslands to 

tropical rainforests. 
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Table 2: Comparison of parameters J, m and ∃ in different studies and at different spatial scales. 

 Plot size [m2] J m  Organisms 

120 12’000 0.96 21.1 Present study:  
approach ∀100% 480 48’000 0.99 16.7 

Temperate grassland plants 

Harpole and Tilman 
2005 

150 9’311 0.37 14.94 Temperate grassland plants 

10,000 ~429 0.93 36.33 
McGill et al. 2006 

500,000 21,457 0.09 47.89 
Tropical trees 

 

Similar to the results of McGill et al. (2006), the parameters in our study changed with spatial 

scale. Although the decrease of m from the plots to the treatments was small, the direction of 

change was realistic: the immigration rate is expected to be high for small areas and low for 

large ones, because the immigrant pool is reduced as the local community becomes a larger 

fraction of the metacommunity (m equals the percentage of individuals replaced from outside 

the community) (Hubbell 2001, McGill et al. 2006). However, we have no explanation for the 

increase of m from the treatments to the metacommunity.  

The substantial decrease of ∃ with increasing spatial scale in our study was contrary to the 

findings of McGill et al. (2006), where ∃ increased with scale. The fact that ∃ changes with 

scale at all is, however, more important than the direction of change. According to Hubbell 

(2001), ∃ should remain constant because it is a function of the size of the metacommunity 

and the speciation rate (∃ = 2JM%). Thus, as McGill et al. (2006) have shown already for their 

parameter estimates, a changing in ∃ can be interpreted as a change of the speciation rate. The 

change in ∃ between spatial scales (~67.8 vs. 16.7) implies, therefore, that the speciation rate 

in the smallest sampling unit (4 m2) would be 75% higher than in the largest one (480 m2). 

Although the size of a metacommunity is difficult to define for grassland ecosystems, and 

therefore the scale we assumed for the metacommunity may not be appropriate, ∃ should at 

least be constant from plots to sites, which it clearly is not (Figure 7). We agree therefore with 

McGill et al. (2006) that the estimates of parameter ∃ are not constant across consistent data, 

and thus fail to corroborate neutral theory. 

In the most popular data set that conforms to neutral theory, the 50-ha forest plot in Barro 

Colorado Island (see below), parameters were estimated from a single large, local sample that 

is linked directly to the metacommunity (Figure 9, left). We, however, used a design with a 

network of small plots or samples that may belong to several distinct local communities (Fig-

ure 9, right). Such a multi-plot sampling design is conceptually consistent with the two-scale 

neutral theory of Hubbell, whose nested structure follows the principle of ecological hierarchy 
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(Allen and Starr 1982). Hubbell (2001, p. 144-145) used such a design to compare dispersal 

limitation of the total pooled data set of a forest in Belize to the one of its 1 ha subplots. How-

ever, new insights show that estimating parameters of neutral theory from a multi-plot sam-

pling design may have consequences on the robustness of the parameter estimates or violate 

the underlying data assumptions. 

 

Figure 9: Two schematic representations of the neutral model: on the left parameters are estimated from a single 

large, local sample of species abundances that is linked directly to the metacommunity; on the right a multi-plot 

design is shown with a network of small, spatially separated, samples from the same metacommunity that may 

belong to several distinct local communities. In both cases immigration from the metacommunity into the local 

communities is described by the parameter mi for the sample i (Figure after Etienne 2007). 

Until recently, two approaches for estimating parameters of neutral theory from a multi-plot 

sampling design have been used (Munoz et al. 2007): (1) estimating the parameters for each 

individual sample separately, then comparing results across samples; (2) pooling individual 

samples to obtain a single sample, which is treated as a community (see Latimer et al. 2005, 

Etienne et al. 2006). For the former approach, the robustness of parameter estimation was 

questioned by Munoz et al. (2007) since the estimation process does not include the informa-

tion that the samples belong to the same metacommunity. For the latter approach, pooling 

plots to produce a single species abundance data set may result in a pooled sample that is sig-

nificantly different from a random metacommunity sample (Munoz et al. 2007). Moreover, 

this approach assumes that all individuals in the total area sampled have the same probability 

of colonizing an empty location (Etienne 2007). As a consequence, pooling may not be ap-
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propriate if the distance between plots is larger than the average dispersal distance (Munoz et 

al. 2007).  

To account for these problems, Etienne (2007) extended Hubbell’s local community model so 

that it can be applied simultaneously to multiple, spatially separated samples of species 

abundances from the same metacommunity. However, practical implementation for parameter 

estimation was only possible when these samples were from local communities that were as-

sumed to have the same amount of dispersal limitation. Munoz et al. (2007) proposed an ap-

proach that does not require this assumption, but unfortunately it does not work when there 

are only a few samples available, or when there are many samples that are very different. 

Only recently, Etienne (2009b, 2009a) showed how the approach of Etienne (2007) can be 

used to estimate parameters when not only the spatial distinctiveness of the samples is taken 

into account but also their different degrees of dispersal limitation. 

For the present study, these new insights show that our pooling of cover values from the 

quadrat to the plot and site levels was appropriate, because the distance between the spatial 

units correspond approximately to the average dispersal distance of a grassland plant (ap-

proach 2). By contrast, pooling the cover values from the site to the level of the treatments 

and the metacommunity may have resulted in inhomogeneous samples. Furthermore, estimat-

ing the degree of dispersal limitation for each plot and site separately may have had conse-

quences for the robustness of the parameter estimates (approach 1). Further research based on 

multi-plot data should therefore apply the method proposed by Etienne (2009b, 2009a). 

In conclusion, our assumptions concerning the definition of an individual in grassland com-

munities, the spatial scale we chose and the multi-plot sampling design we used were in ac-

cordance with the requirements of neutral theory, and different approaches to data manipula-

tion had minor impacts on the estimated parameters. Nevertheless, the estimated parameters 

of the neutral model may not be robust because of the inherent problem to estimate parame-

ters from a multi-plot sampling design, which was unsolved until very recently. The lack of 

constancy of parameter ∃ across scales may be indicative of this problem. 

Calcareous grassland communities may not be neutral 

The cornerstone of neutral theory is that individuals are assumed to be functionally equivalent 

(Bell 2001, Hubbell 2001). Functional equivalence means that ‘trophically similar species are, 

at least to a first approximation, demographically identical on a per capita basis in terms of 

their rates of birth, death, dispersal and speciation’ (Hubbell 2005). However, even Hubbell 
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(2004) agreed that this strong assumption ‘will apply better to some communities and func-

tional groups than others’. 

The most well-known data set used to test neutral theory is an old-growth tropical forest on 

Barro Colorado Island, Panama2. The diverse ecosystems on the island with their high species 

richness have been subjected to very little human interference, and this island is therefore an 

ideal study site for biodiversity and island biogeography research. The same may apply to 

calcareous grassland communities of the type Mesobromion, which belong to the most spe-

cies-rich habitats in central Europe (WallisDeVries et al. 2002). Most of the remaining grass-

lands are found in landscapes that have been strongly affected by recent anthropogenic frag-

mentation, and therefore can, like islands, often be sharply delimited from the surrounding 

landscape. Finally, the tree species of forests, as well as the vascular plant species of grass-

land communities, are trophically similar and compete for the same resources. 

However, calcareous grasslands have a completely different management history compared to 

tropical rainforests. Calcareous grasslands are predominantly semi-natural communities that 

originated in prehistoric times (WallisDeVries et al. 2002). Plant species from natural open 

habitats assembled and formed these species-rich grasslands, especially on dry calcareous 

slopes and plateaus. Different types of land use, e.g. grazing by livestock and mowing, pre-

vented spontaneous reforestation and affected species composition (WallisDeVries et al. 

2002). Poschlod and Jackel (1993) observed a high proportion of early flowering species in 

calcareous grasslands in southern Germany, which indicates an adaptation to the timing of 

mowing (Bonn and Poschlod 1998). Obviously, in mown or grazed grasslands, early repro-

duction ensures sufficient seed production (Maurer et al. 2003), and thus such plant traits are 

important in shaping community structure of calcareous grasslands.  

Furthermore, Adler (2004) explained the departure from neutrality in his simulation study as 

arising from the fact that the grasslands he studied typically had large interannual variation in 

resources and many short-lived species. He therefore concluded that functional differences 

among species may play a strong role in structuring prairie communities. The same may be 

true for the calcareous grassland communities studied here, which react very sensitively to 

summer drought (Otsus et al. 2002, Stampfli and Zeiter 2008). It is noteworthy that in all five 

studies we are aware of that applied neutral theory to grassland ecosystems (Fargione et al. 

                                                 

2 Hubbell, S. P., R. Condit, and R. B. Foster. Barro Colorado Forest Census Plot Data. URL http://ctfs.si/edu/datasets/bci 
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2003, Adler 2004, Turnbull et al. 2005, Harpole and Tilman 2006, Schlup et al. in prep.), non-

neutral patterns of species abundance were found. 

However, in two of these studies (Harpole and Tilman 2006, Schlup et al. in prep.) neutral 

patterns were nevertheless found for an overall scale of analysis. Harpole and Tilman (2006) 

found that the species abundance distribution of prairie grasslands was consistent with neutral 

theory, and the fit of the ZSM outperformed the fit of the lognormal distribution. Still, they 

found evidence that species-abundance patterns changed in a non-neutral way in response to 

environmental changes such as nitrogen addition and succession. Schlup et al. (in prep.) 

found that the size and directions of fragmentation effects in calcareous grasslands as well as 

the level of species organization where changes are expected to be first found, corresponded 

to the predictions of neutral theory. Yet, the analysis of a subset of species showed that the 

responses of grassland species to isolation (or connectivity) were influenced strongly by their 

seed-dispersal traits and thus their capacity to immigrate into a grassland patch. Thus, in both 

studies departures from neutrality were found only after comparing the patterns to species-

specific information or along environmental gradients.  

Neutral forces as well as niche mechanisms contribute to what is observed in reality (May et 

al. 2007), and one set of processes may be more important in some communities or at distinct 

levels of community organization (Gaston and Chown 2005). The question therefore is not 

whether grasslands are neutral or not. Rather, the question is at which levels of species orga-

nization and at which spatial scale niche mechanisms may be more important in a community 

than the null expectation of neutrality (Harpole and Tilman 2006, Hubbell 2005). Further re-

search is therefore needed to assess in which situations the neutrality assumption provides a 

first approximation for the description of ecological communities (Alonso et al. 2006). 

RADs may not be the community organization level to discover fragmentation effects 

In neutral theory, Hubbell (2005) showed that (1) dispersal is important in shaping species 

abundance distribution, and (2) the RAD becomes steeper and more lognormal- or even geo-

metric-like with increasing community isolation. Thus, most studies on neutral theory that 

were based on abundance data have focused on the expected species abundance distribution 

(McGill 2003, Volkov et al. 2003, Turnbull et al. 2005, Volkov et al. 2005, Harpole and Til-

man 2006). However, recent work has encountered difficulties to identify the underlying 

processes leading to the expected pattern of species abundance distribution (Chave and Leigh, 
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E. G. Jr 2002, Volkov et al. 2005, Etienne et al. 2006, Etienne et al. 2007, Haegeman and 

Etienne 2008). 

McGill et al. (2007) concluded that ecological research has failed to develop tools to distin-

guish how much the patterns in RADs are due to sampling effects vs. other, ecologically rele-

vant processes. While ecologists use various ‘currencies’ to assess the importance of a species 

(e.g., abundance, biomass, resource use or percent cover), the implications of using different 

abundance measures to assess RADs have not been fully explored (McGill et al. 2007). Not 

only are these measures likely to rank species differently, but they may also have different 

distributional properties. For example, the shape of a RAD based on cover measures was dif-

ferent from one obtained with biomass measures (Chiarucci et al. 1999). It is therefore un-

likely that all measures of abundance will yield the same result, and that all will be equally 

valid. 

Furthermore, two questions remain largely unanswered: what is the effect of the number of 

species in the community, and what is the effect of the spatial scale on RADs (Wilson et al. 

1998, McGill et al. 2007)? First, RAD plots confound the effects of species richness per se 

with other changes in the shape of the species abundance distribution (McGill et al. 2007). 

For example, it is not possible to relate the slightly different shape in the tail of the RAD of 

small and isolated grasslands (Figure 4) to an effect of dispersal limitation or species richness. 

Second, an examination of RADs at different spatial scales confounds the effects of spatial 

extent, environmental heterogeneity, and the increase in species richness with spatial scale 

(Wilson et al. 1998). For example, if sample size is increased, species richness will also in-

crease, so that if there is a direct effect of size, the effects of spatial scale will be confounded 

with it. Hence, RADs can theoretically provide information on a process such as immigration 

that has structured the community, but they probably are just a ‘blunt tool for this purpose’ 

(Wilson et al. 1998). 

One of the most prominent features of the RAD is the fact that the species are not labeled, i.e. 

no species identities are attached to the abundance (McGill et al. 2007). This lack of identity 

allows communities that have no species in common to be compared, but this occurs at the 

cost of ignoring the species-specific information of abundance data. Positions of species in a 

RAD are not necessarily the same as they are in RADs from related communities. MacNally 

(2007) analyzed the patterns of bird abundance in highly fragmented Australian landscapes 

and expected to find systematic changes in RADs as disturbance became more severe. While 

RAD patterns were little affected by disturbance, he found profound changes in the abun-
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dance spectra of the communities. In an abundance spectrum, species are sorted from the 

most abundant to the least abundant. But unlike RADs, the ordering of species in the spec-

trum is fixed, so that species-specific information is retained.  

This corresponds to the findings of Schlup et al. (in prep.), where differences in the degree of 

fragmentation of calcareous grasslands could be found at a species-specific level of commu-

nity structure and not at the level of species richness and abundance distribution. In the pre-

sent study, the only variation between the estimates of the immigration rate m and the degree 

of fragmentation was a lower variability of the estimates within large and connected grass-

lands than within the other treatments, which was evident at the spatial scale of the sites only 

(Figure 8). Thus, fragmentation effects may either have been too weak or have arisen within 

too short a time to be expressed on an intermediate level of community organization (McGill 

et al. 2007) as expressed in species abundance distributions. 

Nevertheless, it would be premature to conclude that species abundance distributions contain 

little information (Etienne et al. 2007). Species abundance distributions provide one of the 

most fundamental descriptions of an ecological community. If we can explain patterns of spe-

cies abundance distributions, then it will be possible to make strong statements about which 

mechanisms structure communities, whether they arise from species interactions, random 

chance or some other factor (McGill et al. 2007). Hence, while understanding species abun-

dance distributions is a major stepping stone to understanding communities in general, further 

research is still needed to identify how best to interpret and compare RADs. 
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Abstract 

Monitoring vegetation change in calcareous grasslands is of high relevance for the conserva-

tion of this threatened habitat. The main aim of monitoring is not only to detect vegetation 

changes that may require management intervention, but also to anticipate possible future 

changes. However, monitoring is only useful as an early warning tool if adequate predictions 

can be made about how the vegetation will develop. In this study, we reanalyzed a long-term 

monitoring data set ten years after the first statistical evaluation. The aim of the study was to 

investigate whether the vegetation dynamics found in the first evaluation were confirmed in 

the second evaluation and thus the monitoring predicts future vegetation changes success-

fully. We used data from a long-term monitoring of calcareous grasslands located in the 

northwestern part of Switzerland, Canton Aargau. In a multi-scale sampling design, 47 per-

manent plots were selected so that they would represent a maximum of variation within nine 

sites. At each site, the vegetation was sampled annually between 1988 and 1996, and every 

second year between 1997 and 2005. As a measure of internal community dynamics we cal-

culated the changes in species rank abundances. We used a regression-based approach to as-

sess the rate of change of the species composition. The directedness of change was assessed 

with a Markovian method, in which the transition probability matrices were derived from the 

observed partition of ground among all competing species at a certain time. Finally, with an 

ordination approach we investigated the direction of vegetation change in terms of overall 

convergence or divergence. Consistent trends in the vegetation of sites and plots were mainly 

weak, and we found increasing variability in time as well as instable trend directedness and 

trend direction between the two evaluation periods. These results imply that disturbance may 

result in a sudden change of successional direction and thus the presence of a trend, its direct-

edness, rate and direction is likely to change between time steps. Our results suggest that un-

der stable management regimes, trend assessment of calcareous grassland communities from 

monitoring data may be futile as the complexity of processes makes the system fundamentally 

unpredictable. 

Keywords 

Community dynamics; temporal dynamics; rank shifts; regression; Markov chains; monitor-

ing; calcareous grasslands. 
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Abbreviations 

MRS = mean rank shift; CA = Correspondence Analysis; CCA = Canonical Correspondence 

Analysis; SR = similarity ratio. 
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Introduction 

Analyzing and predicting vegetation change has implications for the success of conservation 

of calcareous grassland communities, particularly in the context of changing environment due 

to land use change, pollution or climate change. The effect of gradual changes is difficult to 

detect because they occur at different spatial scales, in different intensities and over different 

time scales and grassland communities themselves vary over time and space due to biotic and 

abiotic interactions (Miles 1979). Thus, distinguishing between ecologically meaningful fluc-

tuations that can be interpreted in terms of internal community dynamics (e.g. due to weather 

conditions), pseudo-fluctuations that have no ecological significance (e.g. related to the grade 

of sampling accuracy), and long-term trends due to external factors such as environmental 

change is challenging (Kammer 1997). Moreover, by the time that a change become visible it 

is often too late to take measures to counteract them. For effective conservation prediction in 

terms of an early warning tool is therefore needed.  

Nutrient-poor calcareous grasslands of the Mesobromion type in Central Europe have 

changed greatly during the last century. In the Swiss Jura Mountains of Canton Aargau, these 

grasslands were widespread and covered a considerable area at the beginning of the 20th cen-

tury. Since the 1950s, the area of this habitat type has declined due to both agricultural inten-

sification and abandonment of remote grassland. As a consequence, between 1950 and 1985 

the total area of calcareous grasslands was reduced by 95% in the northeastern part of Canton 

Aargau, Switzerland (Möckli 1989). This decline was accompanied by a decline in habitat 

quality and species richness, resulting in the extinction of many calcareous grassland species 

(Fischer and Stöcklin 1997). Thanks to conservation efforts in the last 20 years, the rate of 

destruction has slowed considerably or even stopped, and most of the remaining grassland 

sites are now managed according to strict conservation guidelines.  

The factors currently affecting the dynamics of calcareous grassland communities are less 

obvious. On the one hand, the past land use change has increased habitat fragmentation of the 

remaining calcareous grasslands. In a study from the same region, Schlup et al. (in prep.) 

showed that the functional connectivity of small, isolated calcareous grassland communities 

was lower than for large, connected ones. The effects of the past fragmentation events could 

be seen in a higher variability of community composition as well as a higher beta diversity of 

the grasslands. However, small isolated grasslands are probably not only spatially, but also 

temporally variable (Pardini et al. 2005). Little is known to what extent the past habitat frag-
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mentation is still affecting the community composition of calcareous grasslands and thus will 

increase the risk of species extinction in the long term. 

On the other hand, land use change may affect the calcareous grassland communities by the 

historic and present disturbances in terms of the local management. While in the study region 

the grasslands are under a stable management regime, it can be assumed that in former times 

the use of calcareous grassland was less stable. From a long-time perspective, today's man-

agement practices may still represent a changed disturbance regime, and therefore be causing 

changes in the community. However, little is known about the historic disturbance regime 

during permanent grassland use in the region of Canton Aargau before 1950 (Hunziker 2007). 

Beyond the consequences of land use change, calcareous grasslands are also threatened by 

changes due to pollution from the air and from adjacent fields. While nutrient deposition from 

adjacent fields can be controlled by adapting the management regime and by creating buffer 

zones, the extent to which atmospheric nutrient deposition is affecting the composition of 

grassland sites is largely unknown. In general, eutrophication causes plant biodiversity loss 

due to competition for light (Hautier et al. 2009). This could be observed in acid grasslands of 

Great Britain, where long-term, chronic nitrogen deposition has significantly reduced plant 

species richness (Stevens et al. 2004). For a calcareous bryophyte community, regular addi-

tions of nitrogen to a calcareous grassland in northern England over a period of 12 years re-

sulted in a decline in the frequency of the indigenous bryophyte species and the establishment 

of non-indigenous calcifuge species (Haworth et al. 2007).  

Finally, climate change is already affecting ecosystems (Parmesan and Yohe 2003) and poses 

an additional threat to the remaining calcareous grasslands. According to the IPCC Fourth 

Report (2007), we can expect increases in temperature, changes in precipitation and an in-

crease in extreme weather conditions. The potential effects of climate change on calcareous 

grasslands were analyzed in a simulation study by Duckworth et al. (2000), who assessed the 

climatic sensitivity of existing calcareous plant communities in Atlantic Europe and how they 

were likely to change. Following a 2°C increase in temperature, the predicted changes con-

sisted of small shifts towards vegetation associated with warmer conditions, representing dis-

tances 100 km on the ground.  

There are very few monitoring programs aimed at detecting changes in calcareous grasslands 

and evaluating management strategies (Bakker et al. 2002). Thus, the combined effects of 

habitat fragmentation, disturbance, pollution and climate change upon these communities re-

main largely unknown.  
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One monitoring program that has been running for many years (since 1988) is in the north-

western part of Switzerland, Canton Aargau. Calcareous grasslands in this region are of con-

servation concern because of their high species richness and recent habitat loss. As a conse-

quence, the monitoring program aims to record any changes in the plant species composition. 

In a multi-scale sampling design, vegetation in permanent plots at the best sites was surveyed 

annually from 1988 to 1996 and every second year from 1997 until 2005. The monitoring 

data were analyzed for the first time in 1996 (Wagner and Wildi 1997). A trend analysis and 

exploration was performed at different spatial scales to analyze the community-level change 

of vegetation. The rate and directedness of any observed trend as well as the presence of an 

overall trend in terms of trend direction was investigated. Over all, the vegetation change in 

the analyzed grasslands was weak: Wagner and Wildi (1997) found a slow rate of change for 

all of the grasslands, a directed trend for half of them and no presence of an overall trend. 

In this study we reanalyzed the monitoring data ten years after the first evaluation. Regarding 

the main goal of monitoring programs, i.e. to predict change, we investigated whether grass-

lands that showed a significant trend in the first evaluation period also showed a trend in the 

second evaluation period and whether the rate and direction of the trend was constant. The 

aim of the present study was therefore to investigate if the vegetation dynamics found in the 

first statistical evaluation of the monitoring data were confirmed in the second evaluation and 

thus the monitoring predicts future vegetation changes successfully. We discuss the implica-

tions of the results for vegetation monitoring programs. 

Methods 

Long-term monitoring data of calcareous grasslands in Canton Aargau 

We used data from a long-term monitoring of calcareous grasslands from the Department of 

Construction, Traffic and Environment of Canton Aargau, Switzerland. Nine of the best pre-

served sites were selected according to an inventory of calcareous grasslands in Canton Aar-

gau and have been monitored from 1988 until today. All sites are mowed once per year after 

July 1 and no fertilizers are added. At each site, the vegetation was sampled annually from 

1988 (some from 1989) to 1996 and every second year from 1997 until 2005. An overview of 

the data can be found in the Appendix 1. Each site consists of 5 or 6 permanent plots in the 

size of a hexagon with an area of 2.14 m2. The plots were selected so that they would repre-

sent a maximum of variation within each site (after Wildi 1988). For each vascular plant spe-
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cies the presence in the 6 segments of the hexagon was summed to a value between 0 and 6. 

For site-level analysis (community scale), the frequency values of the plots within a site were 

averaged. For analysis at the regional scale (all sites), the frequency values of all 9 sites were 

averaged. 

Over all 9 sites and 47 plots and over the whole period 1988 - 2005, 295 species of vascular 

plants have been recorded. The time series consisted of 13 to 15 relevés per plot. Total spe-

cies numbers per plot for the whole period varied between 38 and 86, the numbers of species 

per plot and year between 11 and 60. 

At two sites and years, data were missing as the grassland had been mown before observation 

(Eff in 1994; Sar in 2005). For 1995, data are missing for one plot (Eff.1). As a result of data 

quality analysis, recordings from the first year of observation were excluded from trend 

analysis for three sites (Eff, Hor and Jud) (Wagner and Wildi 1997). 

Statistical analysis 

All analyses were carried out separately for the first sampling period from 1988 to 1995 and 

the second period from 1996 to 2005. If not otherwise mentioned, the analyses were repeated 

at the plot and site levels. The calculations were performed in R version 2.5.0 (Ihaka and Gen-

tleman 1996) using the library “vegan” (URL: http://www.r-project.org). 

Internal community dynamics 

As a measure of internal community dynamics, we calculated the mean rank shifts (MRS) 

after the method of Collins et al. (2008). MRS quantifies relative changes in species rank 

abundances, an indicator of shifts in relative abundance over time. MRS measures short-term 

changes in species composition which may be due to random fluctuations or trend. MRS is 

calculated as 

( ) nRRMRS

n

i

titi!
=

+ ∀=
1

,1,
 (1) 

where n is the number of species in common in both years t and t+1 and Ri,t is the relative 

rank of species i in year t. Empty abundances between t and t+1 (double zeros) were removed 

to avoid artificial ranks. 

The calculations were done for 2-year steps. MRS of the two periods were compared with a 

two sample t-test after checking for normality in the data. The null hypothesis was that the 

differences between the MRS are equal to zero, i.e. that there is no difference in the MRS be-
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tween the two periods. At the scale of the plots, Eff.1 was omitted because of the missing data 

in 1995. 

Rate of change 

We assessed the rate of change of the species composition with a regression-based approach 

after Wildi (1988) (in Wagner and Wildi 1997). This method measures linear trend and is 

recommended for short, multivariate time series as well as for communities where changes in 

species composition are continuous and not drastic.  

For each plot and site, a linear regression was calculated between a time step and its corre-

sponding frequency of species i. The resulting fitted values were bounded to the maximum 

range of the frequency values, i.e. from 0 to 6, and root-transformed to give more weight to 

rare species. The vectors of fitted values were normalized to make relevés with different sums 

comparable. The rate of change was measured by calculating a similarity ratio SR between 

the first and the last fitted values 
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The resulting similarity measure ranges from 0 to 1. According to Wildi (1988), a similarity 

smaller than 0.5 can be interpreted as a fundamental change of the vegetation type in a plant 

community. Here, a similarity smaller than 0.4 was supposed to indicate substantial change, 

whereas a value between 0.4 and 0.7 was rated as moderate and one larger than 0.7 as little 

change (Wagner and Wildi 1997). To check for independence of the trend classification be-

tween periods, we used Pearson’s Chi2 test for count data. The null hypothesis was that the 

joint distribution of the cell counts in the contingency table is the product of the row and col-

umn marginals. 

Directedness of change 

To test the directedness of vegetation change, a Markovian method was used. The basic prob-

lem in Markov chain applications is the determination of the transition probability matrices. 

In natural communities, one approach is to estimate them from observations (Anand and Or-

lóci 1997). Orlóci et al. (1993) offered a practical solution to the problem of estimation in the 

context of survey-type, time series vegetation data. In this approach (for the method see Or-
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lóci et al. 1993, also Wagner and Wildi 1997 and Orlóci et al. 2002 Appendix A), the transi-

tion probability matrices are derived from the observed partition of ground among all compet-

ing species at a certain time, here the species frequencies. It is assumed that the direction and 

rate of a process remains constant and therefore the probabilities are independent of time (sta-

tionarity assumption). Thus the system converges to an equilibrium value that will not change 

significantly, no matter how many new steps are calculated.  

A Markov chain is defined by the recursive law Xt+1 = Xt*P. To simulate a time series, the ini-

tial state matrix Xt can be multiplied by the transition matrix P as often as desired. The time 

series can be extrapolated and an equilibrium state estimated. Thus, the transition probabili-

ties are independent of the way a system has reached the current state (Markovity assump-

tion). 

Markovity and stationarity are not general principles in vegetational change (Fekete 1985). 

Orlóci et al. (1993) remark that in the long run all vegetation time series are moving, but un-

der the usual study scenario the time span is finite and stationarity is a valid question. Also 

Markovity might be approximated in the present case, as no impact is known to have hap-

pened during the observed time span. 

To construct the state matrix Xt, which describes the composition of the community at time t, 

the original species frequencies of a plot were square-root transformed to give more weight to 

rare species. The sum of the transformed values was set to 100 for each relevé and percent-

ages derived for each species.  

The transition matrix P was estimated under the assumption that the distribution of gain and 

loss among competing species can be simplified to be proportional to population size. On one 

hand, this means to assume that all possible competing species are incorporated into the 

model, on the other hand, when deriving proportional values, the resource (here the ground 

surface) is treated as entirely occupied by the competing populations. Therefore, P is a transi-

tion probability matrix such that an entry in the intersection of row h and column i is the prob-

ability of species h being replaced by itself (h=i) or by another species (h ! i) in the next time 

step. Accordingly, the sum of the elements within any row of P is equal exactly one. Of 

course, the closedness of the system is not given in the present context as species immigration 

is possible and we can not be sure to find all possible species present within time series. Also 

the assumption of entire resource occupation might not be given in every situation (e.g. bare 

ground due to voles). However, the simplification of proportionality of gain or loss to popula-
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tion size is quite intuitive and seems to work well for the examples given by Orlóci et al. 

(1993).  

To compare model and data, Euclidean distances were calculated among each set of Markov 

series, generated by the formula Xt+1 = Xt*P, giving the distance matrices DX and DM. Discor-

dance between DX and DM is expressed in terms of a stress value, which is proportional to the 

closeness of the model and the observed series. 

Depending on P staying constant or changing, a Markov chain is either "stationary" or "mov-

ing". To test stationarity, it is therefore sufficient to show that the transition matrix P is con-

stant. Here, the distribution of stress values under a random assumption was estimated by 

permuting the original series 1000 times. The proportion of simulated stress values for each 

permutation yielded an approximate p-value for the null hypothesis ‘H0: time series are undi-

rected’. Thus, series were classified after the proportion of the stress values that were smaller 

than the observed one: values on a significance level of <0.05 were considered to indicate a 

probable, those from 0.05 to 0.1 a possible and those >0.1 an unlikely directed process. To 

check for independence of the trend classification between periods, we used Pearson’s Chi2 

test. The null hypothesis was that the joint distribution of the cell counts in the contingency 

table is the product of the row and column marginals. 

The analysis was done on the basis of one-year time steps for the first period and on the basis 

of two-year time steps for the second period. As an exception, for the plot Eff.1 we linearly 

interpolated the missing relevée of the year 1995 from the years 1993 and 1997. 

Finally, we investigated if the variability of temporal change between the two periods was 

constant. The assumptions of Markovity are only valid if there is no temporal change of trend 

between the two periods. We calculated the mean Euclidean distance over all plots and sites 

for the two periods. The mean distance values of the two periods were compared with a two 

sample t-test after checking for normality in the data. The null hypothesis was that the differ-

ences between the distance values are equal to zero, i.e. that there is no difference in the vari-

ability between the two periods. 

Direction of change 

In order to understand the respective behaviour of plots and sites, we compared the direction 

of the individual trajectories in an ordination analysis. As proposed by Wildi (1988), we used 

Correspondence Analysis (CA) (Legendre and Legendre 1998) for the ordination of smoothed 

time series. The method strongly linearises trend, which is useful for comparing directions. 
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CA was calculated on the basis of the first and last fitted values from the regression analysis 

of time series from each site (see above). In an ordination plot, the direction of vegetation 

change in time was indicated with arrows from the first to the last fitted value per site. The 

simultaneous display of the time series data of all sites in one ordination plot allows to inves-

tigate if there is an overall trend of the sites, i.e. if the arrows show in the same direction 

(overall trend) or not (converging or diverging of the trend). 

To explain the directions of change we calculated the mean Landolt indicator values (Landolt 

1977) for the first and last fitted values of each site and included them as explanatory vari-

ables in a Canonical Correspondence Analysis (CCA) (Legendre and Legendre 1998). 

Results 

Internal community dynamics 

The two sample t-test showed no difference between the periods from 1988 to 1995 and from 

1996 to 2005 (Figure 1). At the spatial scale of sites (t = -0.332, df = 54.1, p-value = 0.74) as 

well as plots (t = -0.436, df = 289.5, p-value = 0.66) the null hypothesis could not be rejected, 

indicating that the mean MRS values did not change between the two periods. 

 

Figure 1: In the left figure MRS at the scale of the sites are compared between the two periods 1988 to 1995 and 

1996 to 2005 (Np1=22, N p2=35). In the right figure MRS at the scale of the plots are compared between the same 

periods (Np1=114, N p2=182). 
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Rate of change 

For 87 % of the plots, the rate of change in terms of the similarity ratio SR was well above 

0.7, indicating a small trend (Table 1). This was true for the period from 1988 to 1995 and the 

period from 1996 to 2005. In five plots there was a change in the similarity ratio SR between 

the two periods from little to moderate or from moderate to little trend. One plot showed a 

moderate rate of change in both sampling periods. Although the null hypothesis could not be 

rejected, the Chi2 test almost reached the level of significance (Chi2=3.4, df=1, p-

value=0.065). 

The similarity ratios SR at the spatial scale of sites were all above 0.7, indicating only little 

trend for both sampling periods (Appendix, Table A.2).  

Table 1: Rate of change at the scale of plots for the two evaluation periods from 1988 to 1995 and from 1996 to 

2005. 

1996-2005 Rate of change:  
Plots little moderate substantial 

Total (%) 

little 41 4 0 95.7 

moderate 1 1 0 4.3 1988-1995 

substantial 0 0 0 0 

Total (%) 89.4 10.6 0 100 

 

Directedness of change 

In the first evaluation period from 1988 to 1995, 25 plots showed significant directedness 

(Table 2), but in the second period, from 1996 to 2005, the number was only 14. Surprisingly, 

directedness was not constant between periods, and only 34 % of plots showed the same clas-

sification in both periods. Accordingly, the null hypothesis of the Chi2 test could not be re-

jected (Chi2=0.69, df=4, p-value=0.95), indicating that the classification of trend directedness 

in Table 2 is independent between the two periods. 

Table 2: Directedness of change at the scale of plots for the two evaluation periods from 1988 to 1995 and from 

1996 to 2005. Significance values between 0 and 0.04 were considered to indicate a probable (yes), those from 

0.05 to 0.09 a possible and those larger than 0.10 an unlikely directed (no) process. 

1996-2005 Directedness of change: 
Plots no possible yes 

Total (%) 

no 7 1 4 25.5 

possible 5 2 3 21.3 1988-1995 

yes 14 4 7 53.2 

Total (%) 55.3 14.9 29.8 100 
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At the spatial scale of the sites, only 2 of 9 sites showed the same classification in both 

evaluation periods (Table 3). For four sites, trend was classified to be probably directed in the 

first period and unlikely to be directed in the second period, and for two sites vice-versa. 

Again, the null hypothesis of the Chi2 test of independence could not be rejected (Chi2=4.5, 

df=2, p-value=0.105). 

Table 3: Directedness of change at the scale of sites for the two evaluation periods from 1988 to 1995 and from 

1996 to 2005. Significance values between 0 and 0.04 were considered to indicate a probable (yes), those from 

0.05 to 0.09 a possible and those larger than 0.10 an unlikely directed (no) process. 

1996-2005 Directedness of change: 
Sites no possible yes 

Total (%) 

no 2 0 2 44.4 

possible 0 0 1 11.1 1988-1995 

yes 4 0 0 44.4 

Total (%) 66.7 0 33.3 100 

 

The reversal of trend directedness of plots or sites between the two evaluation periods can be 

visualized in an ordination. For illustration, we plotted the axis scores as time series of the 

whole monitoring period between 1988 and 2005 in an ordination diagram for three exem-

plary sites, which showed either similar or different trend directedness in the two periods 

(Figure 2). 

 

 

Figure 2: Ordination based on the squared species frequencies of three exemplary sites, which showed either 

similar or different trend directedness in the two evaluation periods of 1988 to 1995 and 1996 to 2005 (left = site 

Unt; center = site Den; right = site Hor). Shown are the time scores of the first and second axes of CA.  

Trends in terms of the mean Euclidean distance over all plots and sites increased between the 

first period from 1988 to 1995 to the second period from 1996 to 2005 (Figure 3). The two 
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sample t-test was significant (t = -5.25, p-value = <0.001, df = 46) and the null hypothesis 

was rejected. The two periods therefore differed significantly from each other, with more 

temporal variability in the second period than in the first. 

 

 

Figure 3: Comparison of the mean Euclidean distances over all plots and sites between the period from 1988 to 

1995 and from 1996 to 2005 as a measure of the variability of temporal trend.  

Direction of change 

We chose the second and third axes of CA for projection as they best conveyed the compara-

tive trajectories of the time series (Figure 4), while the first axis mainly showed the difference 

between sites (Appendix, Figure A.1). The single contributions of the second and third axes 

of CA comprised together 25.3 % of variance in the case of the evaluation period 1988 to 

1995, 24.6 % for the period 1996 to 2005. 

In the first evaluation period, the trends of the sites showed no parallel, converging or diverg-

ing development (Figure 4, left). In the second period, the trends seemed to comprise a weak 

parallel movement of the sites Gan, Jud, Obe and Eff (Figure 4, right). Contrarily, the site 

Den was diverging. Accordingly, we found no overall trend for all sites in neither of the two 

periods. 

The Landolt indicator values explained 67 % of the variance in the first evaluation period, and 

69 % in the second. The correlations between the indicator values with the temporal devel-

opment of the grasslands were also similar in the two periods (Figure 4).  
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Figure 4: Ordination of the first and last fitted values from the regression analysis of time series from each site 

for period 1988 to 1995 (left) and for period 1996 to 2005 (right). The direction of vegetation change in time is 

indicated with black arrows from the first to the last fitted value per site. The Landolt indicator values are shown 

in blue. Axes are second and third of CCA.  

Discussion 

Prediction of vegetation change 

Predicting the consequences of environmental change in natural ecosystems is a major chal-

lenge in ecology (Wootton 2001). In this study, we used long-term monitoring data to com-

pare the dynamics of calcareous grassland communities in two successive periods, and inves-

tigated whether such data can be used to predict vegetation changes. 

According to the results of Collins et al. (2008), we expected that for the calcareous grassland 

sites of the monitoring program environmental changes may lead to internal community "re-

ordering" along environmental gradients prior to compositional or regional directional 

change. We found that internal community dynamics, in terms of shifts in relative species 

abundance over time, were constant between the evaluation periods. These internal dynamics 

decrease with the scale of observation, being higher for plots than for sites. Although at this 

level of analysis it is not possible to distinguish between fluctuations and trends, the underly-

ing dynamics of the rank shifts may mostly be short-term fluctuations.  

In contrast, the variability of temporal change in terms of the mean Euclidean distances over 

all plots and sites increased from the first to the second period. Because the internal commu-
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nity dynamics were constant between the periods, the variability can be interpreted as trend. 

The reason for this trend cannot be fully explained. One possible explanation is that the ex-

treme drought in the summer of 2003 had its greatest effect upon dry sites and those with 

south-facing slopes. This would correspond to results from other studies, which suggest that 

the dynamics of grassland communities respond to changes in water availability and may thus 

be erratic (van der Maarel 1981, Collins et al. 1988). 

We interpreted this trend in more detail by distinguishing between two different qualities of 

change, i.e. the rate of change and its directedness. The trends rate was low for all of the sites 

and most of the plots. Few plots showed a moderate trend, and only one plot showed a mod-

erate trend in both periods. As already shown (Figure A.1), this site (Unt), which was situated 

along a railway line, differed floristically from the other eight sites. We assume that it had not 

yet reached an equilibrium state, either because of frequent disturbance or a shorter manage-

ment history.  

The numbers of plots and sites that showed directed trend in the first evaluation period were 

approximately the same in the second period. However, trend directedness was not constant 

between the two periods: chance alone could explain the observed differences in the classifi-

cations of trend directedness between periods. Furthermore, the increasing trend over time 

indicates that the time series are not stationary, i.e. that the direction of the process remains 

not constant. Some grasslands with a significant directed change in one period showed no 

directedness at all in a successive period and vice versa, as shown in Figure 3. This is a fun-

damental violation of the underlying assumption of the Markov model. Our results are sup-

ported by the findings of Balzter (2000), who has shown that the stationary Markov model 

performs poorly in the case of increased variability in later stages of the observation se-

quence, as it is the case in the present study. 

Balzter (2000) is one of very few authors (Cooke 1981, Usher 1987) to apply Markov chain 

models to grasslands. He concluded that the applicability of stationary Markov models to 

vegetation dynamics of grassland communities is limited by the frequency of disturbances 

and other unpredictable events (e.g. extreme weather conditions) that influence the vegeta-

tion. As a result, the assumption of constant transition probabilities, i.e. the Markovity as-

sumption, is violated, and short-term variability masks longer term changes in community 

states (Tucker and Anand 2005). Possible improvements could be the explicit modelling of 

disturbances or changing weather using a hidden Markov model (Zucchini and Guttorp 1991, 

Tucker and Anand 2005). 
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Finally, while we found fluctuations in terms of internal community dynamics at a small 

scale, stability in terms of regional directional change was expected at a large scale. On the 

one hand, environments that are heterogeneous at a small scale may be homogeneous at a 

larger one (Allen and Starr 1982); on the other hand, processes that are random at a small 

scale may be deterministic at a larger one (Wiens 1989). However, in our study the trend di-

rections of the sites were not stable between the evaluation periods. In the first period the 

grasslands showed neither a parallel nor a convergent or divergent trend, while in the second 

period a weak parallel development could be seen. As the correlations of the Landolt indicator 

values with the temporal dynamics of the grasslands did not change between the evaluation 

periods, we could not derive any factors responsible for the change. Nevertheless, we assume 

that the floristic space in the ordination diagram of Figure 4 may be dominated by environ-

mental site differences. Thus, either the Landolt indicator values are too broad to detect such 

differences, or trajectories are not sensitive enough to changes in the floristic compositions. 

The result shows that prediction of regional directional change from one period to another is 

not possible for the present monitoring program. Whether vegetation dynamics are mainly 

directional and whether successional sites converge to a similar community structure would 

be of primary importance for management purposes (Facelli and D'Angela 1990). 

In conclusion, due to the increasing trend variability in time the trend directedness as well as 

the direction of the individual trajectories of grasslands was not stable between the two 

evaluation periods. The presence of a trend, its directedness, rate and direction can therefore 

likely change between time steps, which makes prediction from one period to another diffi-

cult. A trend identified in one evaluation period can be interpreted as fluctuations in a second 

time period and vice versa. The question arises, therefore, of whether the trends we detected 

in various plots and sites should be regarded as “trends” or whether it would be better to talk 

about fluctuations of different amplitudes.  

A variety of such fluctuations in calcareous grasslands was found by Kammer (1997): he 

found a pronounced seasonal and annual variability due to species-specific pattern of seasonal 

development, disturbances (rodents, phytophagus insects, periodic hay cutting) as well as oc-

currence and disappearance of individuals as a result of recruitment and unsuccessful estab-

lishment. In addition, pseudo-fluctuations related to the sampling method, which may vary 

according to the size of a plot and the date of recording, were responsible for some of the 

variability. Furthermore, divergences from the average course of weather caused quantitative 
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or qualitative changes in species composition. Thus, this variability of vegetation change is an 

inherent property of community dynamics in calcareous grassland. 

Implications for monitoring 

The absence of a general trend along an environmental gradient in the calcareous grassland 

communities studied over 17 years can be interpreted as a success of the current practice of 

nature conservation. However, the aim of permanent plot studies is not only to monitor 

changes and separate fluctuations from successional trends, but to enable extrapolations to be 

made in both space and time (Bakker et al. 1996). As our study has shown, vegetation dynam-

ics are difficult to predict, and some authors even questioned the predictability of plant com-

munity change over time (Glenn-Lewin 1980, Collins and Adams 1983).  

Grasslands are characterised by a variety of interacting factors, like inter- and intraspecific 

competition, herbivory, management, weather, and soil properties, which act at different spa-

tial and over different temporal scales. This tremendous complexity of factors influencing 

grassland ecosystems makes prediction such a challenge. Each disturbance event, the result-

ing characteristics of a site, and the specific characteristics and histories of the mixture of 

plants on that site can result in a unique trajectory of succession (Pickett and Cadenasso 

2005).  

Our study clearly shows that for calcareous grassland plant communities under stable man-

agement regimes, where no drastic changes and no strong successional gradients are ex-

pected, monitoring programs are of limited value for predicting future vegetation change. On 

the one hand, this is because short-term fluctuations of plant populations may easily mask any 

directed long-term trends of communities. Thus, factors currently affecting calcareous grass-

land communities in terms of habitat fragmentation and disturbance history as a consequence 

of land use change, but also pollution and climate change are not detectable. On the other 

hand, disturbance events, e.g. extreme weather conditions, may result in a sudden change of 

successional direction.  

These results imply the limitation of predictions and/or extrapolations based on “short-term“ 

monitoring data, here in terms of the first evaluation period of 7 years. Vegetation dynamics 

may look completely different if longer time-scales are investigated, here in terms of the sec-

ond evaluation period of additional 10 years. Hence, trend assessment is obviously a question 

of the time scale involved. We underline therefore the need for long-term monitoring pro-
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grams in order to assess not only fluctuations of different amplitudes, but to be able to differ-

entiate between trend, fluctuations and pseudo-fluctuations. 
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Synthesis 

The main objective of this research was to analyze the dynamics of calcareous grassland plant 

communities in space and time with a focus on (1) assessing the functional connectivity of 

calcareous grassland plant communities, (2) relating structural to functional connectivity, and 

(3) assessing the predictability of vegetation change in time. 

This synthesis chapter is structured into four sections, whereof the first discusses the key re-

sults of this thesis and the second addresses methodological issues. In the third section, the 

implications of the findings for management and conservation are elaborated. The chapter 

ends with an overall conclusion of the entire thesis. 

Dynamics of calcareous grassland plant communities in space and time 

Functional connectivity of calcareous grassland communities 

In the Swiss Jura Mountains of Canton Aargau, habitat fragmentation since 1950 has reduced 

the functional connectivity of calcareous grasslands by decreasing their size and increasing 

the distance between them. The consequences of this reduced functional connectivity were 

evident from the increased spatial variability of community composition and thus the in-

creased !-diversity of small and isolated vs. large and connected grasslands. The effects were 

apparent at the level of community composition, but particularly also at the functional group 

level for plant species with a low wind dispersal capacity. Thus, seed dispersal followed by 

successful germination and establishment in a specific grassland patch is an important process 

shaping the community structure of calcareous grassland communities. Still, the importance 

of natural dispersal mechanisms should not be overestimated. The majority of the seeds in 

calcareous grasslands, irrespective of dispersal mode, were found to reach the ground within a 

few meters of the maternal plant only, indicating that seed dispersal of most species is rather 

low (Bolli et al. in prep.), except for some species that are excellent wind-dispersers (Po-

schlod et al. 1998).  

As an alternative to colonization via seed dispersal, grassland patches can be re-colonized by 

germination from a persistent seed bank, followed by successful establishment (Soons 2003). 

However, the significance of the seed bank of calcareous grassland communities is likely to 

be rather low, because typical calcareous grassland species do not build a persistent seed bank 

(Stöcklin and Fischer 1999, Akinola et al. 1998, Davies and Waite 1998). This suggests that 
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many calcareous grassland species are unklikely to be able to persist in the absence of con-

tinuous seed inflow (Butaye et al. 2005). 

For a plant species, reduced functional connectivity also has implications for gene flow be-

tween populations. Gene flow is achieved by between-patch pollen or seed dispersal, fol-

lowed by successful pollination, germination and establishment (Soons 2003). The impact of 

fragmentation on the genetic structure of calcareous grassland communities was not the focus 

of this research. However, it is theoretically expected that reduced gene flow results in a 

strong reduction of genetic variation and increased inter-population genetic divergence due to 

elevated inbreeding (Young et al. 1996). These genetic changes may have consequences for 

the fitness of individual plant populations and the species’ ability to respond to changing se-

lection pressures: thus they may have serious implications for species persistence (Young et 

al. 1996). 

The reduction of seed and pollen dispersal is stronger when habitat fragmentation decreases 

the area of habitat patches (Soons 2003). A decrease in patch area may lead to increased ex-

tinction risk due to the increasing role of stochasticity in terms of ecological drift. Thus, 

smaller patches generally support smaller populations, which in turn produce fewer seeds and 

pollen (Kéry et al. 2000, Kéry and Matthies 2004, Matthies and Kéry 2004). As a conse-

quence, such populations attract fewer seed and pollen dispersers (Santos et al. 1999, Steffan-

Dewenter and Tscharntke 2002). In addition, the germination capacity of seeds may be re-

duced in such populations due to inbreeding (Menges 1991, Soons and Heil 2002), and small 

habitat patches are more exposed to external influences (Saunders et al. 1991) such as nutrient 

influx, which may reduce the colonization capacity of seeds due to increasing site productiv-

ity (Soons and Heil 2002).  

Although many calcareous grassland species have a limited dispersal capacity and do not 

form a persistent seed bank, they often are perennial, clonal plants with specific traits related 

to persistence (Stöcklin and Fischer 1999, Maurer et al. 2003). Butaye et al. (2005) suggested 

that such species possibly exhibit a low susceptibility to habitat fragmentation. They con-

cluded that even a time period of 50 years since habitat fragmentation may not be sufficient to 

monitor species extinction because of the so-called “extinction debt“ (Tilman et al. 1994).  

The results of my research show that fragmentation effects can be detected more easily and 

earlier at the level of community structure rather than via species richness or abundance. Due 

to the slow response of plant species, habitat fragmentation first leads to spatially more vari-

able communities in calcareous grasslands, before it ultimately becomes visible in the abun-
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dance distribution and species richness. Similarly, !-diversity between grasslands is more 

susceptible to the effect of habitat fragmentation than #-diversity. Thus, the variability of 

community composition as an aggregate measure of spatial rank consistency and the relation-

ship between local and regional diversity can be used as early warning tools for detecting 

fragmentation effects at the community level. 

Relationship between structural and functional connectivity of calcareous grassland com-

munities 

While many indicators have been proposed for quantifying landscape structure, little is known 

about how landscape structure and the movement behavior of organisms interact to determine 

landscape connectivity (Goodwin 2003). In the present research, evidence was found for the 

effect of landscape structure on the functional connectivity of calcareous grassland plant 

communities (Chapter I): the spatial configuration of the calcareous grasslands in terms of 

patch size and isolation affected the variability of community composition. Furthermore, the 

response to habitat fragmentation was species-specific, because species of the vegetation type 

Festuco-Brometea, which are characteristic for calcareous grassland communities, were more 

affected by patch size, while plant species with a low wind dispersal capacity were more af-

fected by connectivity. The effects can be interpreted as a result mainly of ecological drift but 

also of dispersal limitation, and thus they indirectly provide evidence for the degree of func-

tional connectivity. As a consequence, structurally connected habitat patches, i.e. large grass-

lands with short distances to adjacent habitat patches of the same quality, are likely to be 

functionally connected as well.  

Depending on the properties of the matrix, habitat patches may be more or less effectively 

isolated than simple distance would indicate (Murphy and Lovett-Doust 2004). However, the 

composition of the matrix between grasslands in terms of the relative area of land use types as 

well as landscape diversity had no effect on the functional connectivity of calcareous grass-

land communities studied here. While there is evidence for animal species that the landscape 

context affects community structure (e.g. Ricketts 2001, Gorresen et al. 2005, Swihart et al. 

2006) the importance of the matrix for plant species could not be shown with the metrics used 

here. More research is needed to test alternative metrics to measure matrix resistance. Still, 

the results show that the ability of plant species to disperse in real landscapes depends on the 

spatial configuration (size, distance) of the habitat patches as well as on the dispersal capacity 

of the species. Hence, the spatial context is an important determinant of ecological processes 
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at the landscape level, affecting gene flow and the movement of individuals via the functional 

connectivity between patches (see also Ricketts 2001).  

In the Jura Mountains of Canton Aargau, the consequences of the past fragmentation continue 

to threaten regional species survival even after habitat fragmentation has stopped. For the 

long-term regional survival of plant species restricted to calcareous grasslands, conservation 

efforts should focus on the survival of the remaining populations by (1) ensuring high habitat 

quality, (2) increasing the extent and the size of grassland area, and (3) improving the connec-

tivity between grasslands.  

High habitat quality can be maintained by adequate management, i.e. mowing frequency, 

mowing date and no fertilizer addition, as well as by the creation of buffer zones around 

grasslands to prevent eutrophication from adjacent fields. New habitat should preferably con-

sist of strategically located patches and not of linear landscape elements, because the latter 

hardly increase habitat connectivity for wind-dispersed species (Soons 2003). The process of 

long-distance dispersal by wind is largely driven by weather conditions with thermal turbu-

lence and convective updrafts, and not by predictable wind courses (Tackenberg 2003, Tack-

enberg et al. 2003). However, dispersal vectors other than wind, e.g. mammals or pollinating 

insects, are more likely to respond to matrix configuration (Steffan-Dewenter and Tscharntke 

2002) and they may use landscape elements e.g. as corridors or stepping stones. Finally, to 

increase habitat connectivity, measures need to be taken to increase the colonization capacity 

of the remaining populations. This involves (1) increasing their size, so that more seeds are 

produced, and (2) increasing the connectivity between existing habitat patches by creating 

new habitat patches at strategic locations. However, due to the short average dispersal capac-

ity of a few meters for many calcareous plant species, it may not be feasible to restore the 

functional habitat connectivity to a level that ensures natural seed dispersal between habitat 

patches (Soons 2003). In such cases, colonization of new patches and re-colonization of ex-

tinct patches needs to be assisted by humans. This can be achieved e.g. by the addition of 

seed-containing hay, i.e. by spreading mown material from occupied habitat patches to new or 

restored grasslands (Kiehl and Pfadenhauer 2007). 

Prediction of vegetation change in calcareous grassland communities 

For calcareous grassland communities under stable management that are characterized by 

small temporal vegetation changes only, an assessment of future vegetation change based on 

monitoring data may be difficult, as the tremendous complexity of factors influencing grass-
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land ecosystems makes prediction very challenging and sometimes misleading. Each distur-

bance event, the resulting site attributes and the specific characteristics and histories of the 

mixture of plants at that site can result in a unique trajectory of succession (see also Pickett 

2005). In addition, predominant short-term fluctuations may mask long-term community 

changes. Thus, this variability of vegetation change is an inherent property of community dy-

namics in calcareous grasslands (Kammer 1997).  

Due to this variability, not only the prediction of vegetation dynamics but also the detection 

of large-scale processes in terms of current threats to calcareous grasslands, i.e. fragmenta-

tion, disturbance regime, climate change or nitrogen deposition in monitoring data is chal-

lenging. According to the results of Chapter I, it can be expected that if such processes can be 

found, they should first be visible as increased variability in the occurrence of species, i.e. the 

variability of community composition. For the spatial as well as the temporal analysis of cal-

careous grassland dynamics, two analogous measures were used here to quantify the variabil-

ity of community composition: rank consistency (RC) quantifies the spatial variability of 

community composition and thus is an indicator of shifts in species ranks in space; mean rank 

shift (MRS) quantifies short-term changes in species composition and thus is an indicator of 

shifts in species ranks over time. Thus, both measures quantify the same aspect of community 

change, but once in a spatial and once in a temporal context. 

Although the calcareous grasslands analyzed in the monitoring data set (Chapter III) were not 

especially selected according to their area or degree of isolation, the two measures can be 

compared with regard to the effect of habitat fragmentation (Figure 1). According to the 

fragmentation effects found in Chapter I, the variability of community composition in terms 

of spatial rank consistency increases with decreasing area and increasing isolation. For the 

mean rank shifts, i.e. the variability of community composition in time, no tendency of an 

effect is visible. Even though Figure 1 is based on eight grasslands only and therefore is not 

amenable to statistical analysis, the absence of any relationship between temporal vegetation 

dynamics and habitat fragmentation confirms that the detection of large-scale processes in the 

present monitoring data is inherently difficult. 

While the process of ecological drift and limited dispersal in space is mainly responsible for 

fragmentation effects in space (Chapter I), for fragmentation effects in time the process of 

dispersal in time, i.e. germination from a persistent seed bank, may be insignificant as out-

lined above. However, the lack of a persistent seed bank for species characteristic of calcare-  
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Figure 1: Comparison of the variability of community composition in space (above) and time (below) in relation 

to the degree of fragmentation in terms of area (left) and isolation (right) of calcareous grassland communities 

(filled circles) from the Chapter I and III respectively. The variability in space is measured by the spatial rank 

consistency (RC), the variability in time by the mean rank shift (MRS). Low values of the isolation index repre-

sent a high degree of isolation, large values correspond to high connectivity. For the variability in time, only 

eight of nine grasslands of the monitoring data set are shown because of a strong outlier caused by a large floris-

tic difference of that particular site. 

ous grassland communities is compensated by a high temporal persistence of the plant itself 

due to life-history traits (e.g. clonal life form, longevity). This persistence allows plant species 

to endure temporarily unfavorable conditions and thus current patch occupancy is reflecting 

historical rather than actual conditions (Butaye et al. 2005). This confirms that for plant spe-

cies there is a trade-off between a high ability to persist vs. to colonize new patches (Ehrlen 

and van Groenendael 1998).  

As a consequence, changes in community structure in time may be masked not only due to 

short-term fluctuations; persistence traits of plant species may also buffer gradual environ-
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mental changes temporally. Thus, spatial changes in community structure may be visible prior 

to temporal changes. 

Methodological considerations 

The metacommunity concept provides a suitable framework for analyzing ecological proc-

esses at the community level in space and time. Hubbell’s (2001) neutral theory is the most 

popular paradigm of the metacommunity concept to date, and it is useful for assessing the 

effects of habitat fragmentation because it predicts how variation in patch area and isolation 

will influence community patterns, and it relates these effects to demographic processes 

(Chase 2005). 

However, the underlying neutrality assumption of Hubbell’s theory, which considers all indi-

viduals of species in the community as being identical in their probabilities of giving birth, 

dying and migrating, was found to be invalid in calcareous grassland communities. The re-

sponses of grassland species to isolation or connectivity were strongly influenced by their 

seed-dispersal traits and thus the capacity of a species to immigrate into a grassland patch. 

Calcareous grassland communities are therefore not neutral in terms of the functional equiva-

lence assumption of neutral theory. 

Although non-neutral patterns of species abundance were found here, the framework of Hub-

bell’s theory was most useful for developing hypotheses on the expected patterns in frag-

mented habitats and for relating these patterns to demographic processes (Chapter I). Thus, it 

was possible to interpret the effects of area and isolation in calcareous grassland communities 

to be a result of ecological drift and of dispersal assembly. Furthermore, the formulation of 

neutral theory on an individual level allowed for predicting the effects of fragmentation on 

different levels of community structure, i.e. species richness, abundance and community 

composition. Thus, this approach was valuable not only for gaining insights on processes 

shaping pattern, but it also was a tool to direct attention to the relevant spatial scales and hier-

archical levels of community structure, where processes are to be expected.  

In Chapter II neutral theory was used to measure and compare the degree of functional con-

nectivity in terms of the immigration rate in different grasslands at the community scale. The 

values found for the estimated immigration rates suggested that the calcareous grassland 

communities are not isolated from the metacommunity. However, due to two methodological 

problems this result may not be reliable: (1) the estimates of parameter ∃ were not constant 

across scales, and thus fail to corroborate neutral theory; (2) a method of parameter estimation 
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from multi-plot designs, where the spatial distinctiveness of the samples and their different 

degrees of dispersal limitation is accounted for explicitly, has not been available until very 

recently (Etienne 2009a, Etienne 2009b). This may have had consequences for the robustness 

of the parameter estimates, which may be indicative of the first problem. Further research 

based on multi-plot data should therefore apply the new sampling method proposed by 

Etienne ((2009a, 2009b) to account for these problems. 

Finally, it should be kept in mind that estimating the immigration rate based on neutral theory 

always measures functional connectivity from species abundance distributions, where spe-

cies-specific information is ignored. According to Chapter I the effects of fragmentation may 

be first detected as increased variability in the occurrence of species, which occurs before 

there are any measurable changes in species abundance distribution or richness. Thus, de-

pending on the habitats and organisms under study, neutral theory may fail to measure the 

process of functional connectivity at a relevant level of community structure. 

Implications for management and conservation 

The results of this research project suggest that the functional connectivity of calcareous 

grassland communities is influenced by habitat fragmentation in terms of patch size and isola-

tion. For the effective management and conservation of calcareous grasslands, the degree of 

fragmentation and thus their spatial arrangement in the landscape have to be taken into ac-

count. As a guideline for management and conservation, I propose therefore to calculate a 

fragmentation index. This index classifies the grasslands according to their degree of frag-

mentation and thus represents the actual state of the remaining calcareous grasslands in a 

fragmented landscape.  

For the grasslands investigated here, the measure of the variability of community composi-

tion, i.e. the rank consistency, was sensitive to patch size and isolation (Chapter I). It can 

therefore be assumed that this measure is influenced by an underlying fragmentation parame-

ter, which can be estimated from the variability measure by maximizing generalized likeli-

hood (Figure 2, top). With the resulting function, the degree of fragmentation can be assessed 

not only for the investigated grasslands, but also for calcareous grassland communities from 

the same region (here Jura Mountains of Canton Aargau) and of the same vegetation type 

(Mesobromion). For other regions, the rank consistency of a sample of local communities 

should be first assessed in the field (Chapter I), before the fragmentation index can be derived 

as outlined above. 
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First, the results can be displayed graphically and in a spatially explicit manner using GIS 

(Figure 2, bottom). This allows for identifying regions of high priority for management and 

conservation. Second, the relative importance of the two factors “patch size” and “degree of 

isolation” with respect to fragmentation can be assessed (Figure 2, center). For managers, this 

could help to decide whether they should invest resources in the creation of new grasslands or 

in increasing the size of the remaining grasslands, or whether they should improve the con-

nectivity between grasslands. However, it should be kept in mind that such an assessment rep-

resents the current state of the degree of fragmentation only, but it provides no information 

regarding the long-term effects of the two factors on grassland community composition. 

Third, the analysis can be refined on the level of species groups. This allows for identifying 

different groups of indicator species that respond either to area, isolation, or a combination of 

the two factors. 

The advantage of this method is that the resulting fragmentation index does not directly de-

pend on a somewhat arbitrary definition of area (small vs. large) and isolation (isolated vs. a 

connected), respectively. Furthermore, the fragmentation index allows for extending the pre-

sent classification (small/large or isolated/connected) to an assignment of degrees of risk (e.g. 

critical, intermediate or ideal range) (Figure 2, top and center). Unlike common fragmentation 

or connectivity measures from the literature, which are based on the spatial arrangement or 

the structural connectivity of habitat patches only, this index has an established link to a func-

tional measure in terms of the variability of community composition of the calcareous grass-

lands in the region. 



Synthesis  120 

 

 

Figure 2: Schematic representation of the calculation of a fragmentation index based on the measured variability 

of community composition of the studied grasslands and its implementation with GIS. 
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Conclusion: The role of stochastic processes 

This thesis integrates concepts and models from community and landscape ecology in the 

framework of metacommunity dynamics with respect to community dynamics in space and 

time, focusing on the link between structural and functional connectivity of calcareous grass-

land plant communities.  

Since about 1950, habitat fragmentation in the Swiss Jura Mountains of Canton Aargau has 

increased stochastic processes in terms of ecological drift and reduced species exchange be-

tween calcareous grasslands. This increased the variability of community composition in 

small and isolated grassland communities, which translated into a changed distribution of #- 

and !-diversity. For the dynamics in time, short-term fluctuations in terms of seasonal and 

annual variability resulted in sudden changes of successional rate and direction, which led to 

unpredictable quantitative or qualitative changes in species composition.  

Accordingly, for the spatial and temporal dynamics of calcareous grassland communities, sto-

chastic variability was found to be an important driver affecting community composition. 

Such stochastic variability may lead to unpredictable extinction events of plant species and 

thus decrease the stability of community composition of calcareous grassland communities 

even under strict conservation and management guidelines.  

Finally, the results clearly show the importance of considering species identity – like the spe-

cies rank consistency – to analyze fragmentation effects in calcareous grasslands. For manag-

ers, the variability of community composition as an aggregate measure of spatial rank consis-

tency and the relationship between local and regional diversity can be used as early warning 

tools for detecting fragmentation effects at the community level.  
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Appendix 

Appendix Chapter I 

Table A.1: Species list with the wind dispersal potentials (WDP) from Oliver Tackenberg (J.W. Goethe-Universität, Frankfurt (D)), the dispersal vectors (Kleyer 1995) 

and the classification of species according to vegetation types (Oberdorfer 2001). The nomenclature used is according to Lauber and Wagner (2004). 

Dispersal vector Species name Vegetation 

class 

WDP 

SELF WIND WATER ANIMAL GRAVITY MAN 

Achillea millefolium L. MolArrh 3 0 0 0 0 90 10 

Agrimonia eupatoria L. TrifGer 0 0 0 0 100 0 0 

Ajuga reptans L. Other group - 0 0 0 100 0 0 

Allium spec. Other group 0 0 0 0 0 90 10 

Anacamptis pyramidalis (L.) Rich. FestBrom 7 0 100 0 0 0 0 

Anthoxanthum odoratum L. Other group 2 0 25 0 0 75 0 

Anthyllis vulneraria L. Other group 0 0 50 0 40 0 10 

Aquilegia vulgaris L. Other group 1 0 0 0 25 25 50 

Arabis hirsuta (L.) Scop. FestBrom 3 0 0 0 0 100 0 

Arenaria serpyllifolia L. Other group 2 0 0 0 0 100 0 

Arrhenatherum elatius (L.) J. & C. Presl MolArrh 2 0 33 0 33 0 33 

Asperula cynanchica L. FestBrom 1 0 0 0 30 70 0 

Aster amellus L. TrifGer 4 0 100 0 0 0 0 

Bellis perennis L. MolArrh 3 0 0 0 25 50 25 

Brachypodium pinnatum (L.) P. Beauv. FestBrom 2 0 0 0 10 90 0 

Briza media L. Other group 2 0 45 0 0 45 10 

Bromus erectus Huds. FestBrom 1 0 0 0 10 90 0 

Buphthalmum salicifolium L. Other group 2 0 0 0 0 100 0 

Campanula glomerata L. FestBrom 2 0 0 0 0 100 0 

Campanula patula L. MolArrh 3 0 0 0 0 100 0 
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Dispersal vector Species name Vegetation 

class 

WDP 

SELF WIND WATER ANIMAL GRAVITY MAN 

Campanula rapunculoides L. TrifGer 2 0 0 0 0 100 0 

Campanula rapunculus L. TrifGer 2 0 0 0 0 100 0 

Campanula rotundifolia L. Other group 3 0 0 0 10 90 0 

Carex caryophyllea Latourr. FestBrom 2 0 0 0 60 40 0 

Carex flacca Schreb. Other group 1 0 0 0 0 100 0 

Carex montana L. Other group 3 0 0 0 60 40 0 

Carex ornithopoda Willd. Other group - 0 0 0 60 40 0 

Carex pilulifera L. Other group 0 0 45 10 45 0 0 

Carlina vulgaris L. FestBrom 5 0 100 0 0 0 0 

Centaurea jacea L. MolArrh 0 0 0 0 50 50 0 

Centaurea scabiosa L. FestBrom 2 0 50 0 50 0 0 

Centaurium erythraea Rafn Other group - 0 0 0 0 100 0 

Cerastium fontanum Baumg. MolArrh 2 0 0 0 20 20 60 

Cirsium acaule Scop. FestBrom 6 0 80 0 20 0 0 

Cirsium tuberosum (L.) All. MolArrh 6 0 100 0 0 0 0 

Clinopodium vulgare L. TrifGer 2 0 0 0 25 75 0 

Crepis biennis L. MolArrh 4 0 75 0 20 0 5 

Dactylis glomerata L. MolArrh 0 0 0 0 25 25 50 

Daucus carota L. Other group 2 0 0 0 70 30 0 

Dianthus carthusianorum L. FestBrom 2 0 0 0 0 90 10 

Digitalis lutea L. Other group 0 0 0 0 0 95 5 

Erigeron spec. Other group - 0 100 0 0 0 0 

Euphorbia cyparissias L. FestBrom 0 25 0 0 75 0 0 

Euphorbia verrucosa L. FestBrom 1 25 0 0 75 0 0 

Festuca pratensis Huds. MolArrh 0 0 0 0 0 25 75 

Festuca rubra/ovina Other group 2 0 0 0 29 29 42 

Fragaria vesca L. Other group - 0 0 0 100 0 0 

Galium album Mill. MolArrh 0 0 0 0 50 0 50 

Galium pumilum Murray Other group 0 0 0 0 40 60 0 
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Dispersal vector Species name Vegetation 

class 

WDP 

SELF WIND WATER ANIMAL GRAVITY MAN 

Galium verum L. FestBrom 1 0 0 0 0 100 0 

Genista sagittalis L. Other group 0 80 0 0 20 0 0 

Genista tinctoria L. MolArrh 0 80 0 0 20 0 0 

Gymnadenia conopea (L.) R. Br. MolArrh 7 0 100 0 0 0 0 

Helianthemum nummularium (L.) Mill. FestBrom 0 0 0 0 25 75 0 

Heracleum sphondylium L. Other group 3 0 90 0 0 0 10 

Hieracium pilosella L. Other group 6 0 100 0 0 0 0 

Hippocrepis comosa L. FestBrom 0 0 50 0 50 0 0 

Holcus lanatus L. MolArrh 3 0 25 0 0 50 25 

Hypericum perforatum L. TrifGer 3 0 0 0 0 100 0 

Hypochaeris radicata L. Other group 5 0 90 0 0 0 10 

Inula conyza DC. TrifGer 4 0 100 0 0 0 0 

Knautia arvensis (L.) Coult. MolArrh 2 0 0 0 50 25 25 

Koeleria pyramidata (Lam.) P. Beauv. FestBrom 1 0 0 0 0 90 10 

Lathyrus pratensis L. MolArrh 0 50 0 0 25 0 25 

Leontodon hispidus L. MolArrh 4 0 100 0 0 0 0 

Leucanthemum vulgare Lam. MolArrh 1 0 0 0 5 80 15 

Linum catharticum L. Other group 3 0 0 0 25 75 0 

Listera ovata (L.) R. Br. Other group 7 0 100 0 0 0 0 

Lotus corniculatus L. MolArrh 0 80 0 0 0 0 20 

Lotus maritimus L. MolArrh 0 100 0 0 0 0 0 

Luzula campestris (L.) DC. Other group 0 0 0 0 75 25 0 

Medicago falcata L. Other group 0 0 0 0 0 50 50 

Medicago lupulina L. FestBrom 0 0 0 0 30 50 20 

Medicago sativa L. Other group 0 0 0 0 15 15 70 

Melittis melissophyllum L. Other group - 0 0 0 0 100 0 

Molinia caerulea (L.) Moench MolArrh 1 0 30 0 30 30 10 

Myosotis arvensis Hill Other group 2 0 0 0 50 0 50 

Onobrychis viciifolia Scop. FestBrom 0 0 0 0 20 40 40 
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Species name Vegetation 

class 

WDP Dispersal vector 

   SELF WIND WATER ANIMAL GRAVITY MAN 

Ononis repens L. FestBrom 1 0 0 0 0 100 0 

Ononis spinosa L. FestBrom 0 0 0 0 0 100 0 

Ophrys apifera Huds. FestBrom 7 0 100 0 0 0 0 

Orchis spec. Other group 7 0 100 0 0 0 0 

Origanum vulgare L. TrifGer 2 0 0 0 0 100 0 

Pastinaca sativa L. Other group 2 0 80 0 0 0 20 

Peucedanum cervaria (L.) Lapeyr. TrifGer 2 0 100 0 0 0 0 

Picris hieracioides L. Other group 5 0 90 0 5 0 5 

Pimpinella saxifraga L. FestBrom 1 0 0 0 0 100 0 

Plantago lanceolata L. MolArrh 0 0 0 0 50 50 0 

Plantago media L. Other group 2 0 0 0 25 50 25 

Polygala amarella Crantz Other group 0 0 40 0 60 0 0 

Polygala vulgaris L. Other group 2 0 40 0 60 0 0 

Potentilla neumanniana Rchb. FestBrom 2 100 0 0 0 0 0 

Primula veris L. FestBrom 1 0 0 0 20 80 0 

Prunella grandiflora (L.) Scholler FestBrom 1 0 0 0 50 50 0 

Prunella vulgaris L. MolArrh 0 0 0 0 50 50 0 

Ranunculus bulbosus L. FestBrom 0 0 0 0 0 100 0 

Ranunculus nemorosus aggr. Other group 0 0 0 0 40 60 0 

Rhinanthus alectorolophus (Scop.) Pollich MolArrh 2 0 30 0 0 60 10 

Rhinanthus minor L. Other group 3 0 35 0 0 65 0 

Rumex acetosa L. MolArrh 3 0 25 0 25 0 50 

Salvia pratensis L. FestBrom 1 0 0 0 10 90 0 

Salvia verticillata L. Other group 0 0 0 0 0 90 10 

Sanguisorba minor Scop. FestBrom 0 0 0 0 0 100 0 

Scabiosa columbaria L. FestBrom 2 0 50 0 0 50 0 

Securigera varia (L.) Lassen TrifGer 0 0 0 0 0 100 0 

Sedum spec. Other group 3 0 0 0 0 100 0 
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Dispersal vector Species name Vegetation 

class 

WDP 

SELF WIND WATER ANIMAL GRAVITY MAN 

Senecio erucifolius L. Other group 7 0 100 0 0 0 0 

Seseli libanotis (L.) W. D. J. Koch TrifGer 0 0 50 0 0 50 0 

Silaum silaus (L.) Schinz & Thell. MolArrh 0 0 0 0 0 100 0 

Silene nutans L. TrifGer 0 0 0 0 10 90 0 

Silene vulgaris (Moench) Garcke Other group 0 0 0 0 10 80 10 

Stachys officinalis (L.) Trevis. MolArrh 2 0 0 0 0 100 0 

Stachys recta L. FestBrom 2 0 0 0 10 90 0 

Taraxacum officinale aggr. Other group 6 0 90 0 0 0 10 

Teucrium chamaedrys L. FestBrom 3 0 0 0 0 100 0 

Thlaspi perfoliatum L. Other group 0 40 0 0 10 40 10 

Thymus froelichianus Opiz FestBrom 1 0 0 0 66 33 0 

Thymus pulegioides L. Other group 1 0 0 0 66 33 0 

Tragopogon pratensis L. Other group 5 0 90 0 5 0 5 

Trifolium campestre Schreb. Other group 1 0 50 0 10 0 40 

Trifolium medium L. TrifGer 0 0 50 0 50 0 0 

Trifolium montanum L. FestBrom 1 0 25 0 50 25 0 

Trifolium pratense L. MolArrh 0 0 0 0 10 10 80 

Trifolium repens L. MolArrh 0 0 0 0 25 0 75 

Trisetum flavescens (L.) P. Beauv. MolArrh 5 0 75 0 0 0 25 

Veronica arvensis L. Other group 2 0 0 0 10 80 10 

Veronica chamaedrys L. Other group 1 0 0 0 50 50 0 

Veronica teucrium L. TrifGer 2 0 0 0 0 100 0 

Vicia cracca L. MolArrh 0 50 0 0 50 0 0 

Vicia sativa L. Other group 0 50 0 0 0 0 50 

Vicia sepium L. Other group 0 25 0 0 50 0 25 

Vincetoxicum hirundinaria Medik. TrifGer 6 0 100 0 0 0 0 

Viola hirta L. TrifGer - 0 0 0 50 50 0 
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Table A.2: Significance (p-values) of the effects of patch size and isolation on species richness and rank consis-

tency for different species groups at the spatial scale of the plots and sites. Statistically significant effects at P < 

0.05 are printed in bold. 

p-Value Species richness Rank consistency 

Species group Scale Area Isol. Area*Isol Area Isol. Area*Isol 

Site 0.8004 0.259 0.889 0.002 ** 0.035 * 0.002 ** WDPI very low  

(0-1) Plot 0.712 0.243 0.793 0.468 0.359 0.718 

Site 0.652 0.509 0.792 0.005 ** 0.009 ** 0.706 WDPI low  

(2-4) Plot 0.877 0.53 0.976 0.639 0.489 0.788 

Site 0.0104 * 0.396 0.012 * 0.668 0.06 •
 0.001 ** WDPI high  

(5-7) Plot 0.035 * 0.715 0.022 * 0.733 0.303 0.61 

Site 0.323 0.4426 0.759 <0.001 *** <0.001 *** <0.001 *** Disp. Gravity  

! 75% Plot 0.627 0.136 0.394 0.377 0.942 0.769 

Site 0.097 •
 0.519 0.016 * 0.885 0.547 <0.001 *** Disp. Wind  

! 75% Plot 0.159 0.905 0.023 * 0.729 0.588 0.448 

Site 0.312 0.159 0.828 0.003 ** 0.666 0.725 
FestBrom 

Plot 0.599 0.112 0.793 0.469 0.982 0.908 

Site 0.108 0.225 0.070 •
 0.045 * 0.695 0.572 

TrifGer 
Plot 0.025 * 0.078 •

 0.593 0.862 0.83 0.075 •
 

Site 0.962 0.886 0.742 0.157 0.129 0.004 ** 
MolArrh 

Plot 0.649 0.779 0.919 0.109 0.81 0.871 

Site 0.738 0.977 0.844 0.001 ** 0.263 0.981 
Other 

Plot 0.419 0.651 0.964 0.911 0.163 0.763 
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Table A.3: Effect size for the effects of patch size and isolation on species richness and rank consistency for 

different species groups on the spatial scale of the plots, sites and treatments. Statistically significant effects 

and/or effect sizes > 0.1 are printed in bold. 

Effect size Species richness Rank consistency 

Species 

group 
Scale Area Isol. Area*Isol Area Isol. Area*Isol 

Treat (–) (–)   (+) (+)   

Site (+) 0.003  (+) 0.063  <0.001 (–) 0.248 ** (–) 0.102 * 0.251 ** 

WDPI 

very low (0-

1) Plot (+) 0.006  (+) 0.067  0.003  (–) 0.025 (+) 0.041  0.006 

Treat (–) (–)  (+) (–)   

Site (–) 0.01  (+) 0.022  0.003  (–) 0.257 ** (–) 0.215 ** 0.004 
WDPI 

low (2-4) 
Plot (+) 0.001  (+) 0.02  <0.001 (–) 0.011  (+) 0.024  0.004 

Treat (+) (N)   (+) (– )   

Site (+) 0.220 * (+) 0.021  0.209 * (–) 0.005 (+) 0.103 •
 0.376 ** 

WDPI 

high (5-7) 
Plot (+) 0.163 * (–) 0.004  0.197 * (+) 0.006 (–) 0.052  0.013 

Treat (–) (–)   (+) (–)   

Site (–) 0.047 
 (+) 0.028 

 0.004 
 

(–) 0.556 

*** 
(–) 0.115 *** 0.221 *** 

Disp. Grav-

ity  

! 75% 
Plot (–) 0.01 

 (+) 0.103 
 0.032  (–) 0.039 (N) <0.001 0.004 

Treat (N) (–)   (N) (–)   

Site (+) 0.099 •
 (+) 0.014 

 0.228 * (–) <0.001  (+) 0.008  0.535 *** 
Disp. Wind  

! 75% 

Plot (+) 0.076 
 (N) <0.001  0.215 * (+) 0.006 (–) 0.014 0.029 

Treat (–) (+)   (–) (–)   

Site (+) 0.046   (+) 0.092   0.002 
 (–) 0.356 ** (+/N) 0.006 0.004 FestBrom 

Plot (+) 0.012   (+) 0.119  0.003 (+) 0.026  (N) <0.001 <0.001 

Treat (–) (N)   (–) (–)   

Site (–) 0.101   (+) 0.056   0.131 •
 (–) 0.182 * (–) 0.006 0.013 TrifGer 

Plot (–) 0.197 *  (+) 0.116 •  0.009  (–) 0.001 (–) 0.002  0.149 •
 

Treat (+) (–)   (+) (–)   

Site (N) <0.001   (–) 0.001   0.006  (–) 0.062 (–) 0.072  0.293 ** MolArrh 

Plot (+) 0.011  (–) 0.004   <0.001 (–) 0.123  (+) 0.003 0.001 

Treat (–) (–)   (+) (–)   

Site (+) 0.006  (N) <0.001   0.002  (–) 0.393 ** (–) 0.038  <0.001 Other 

Plot (+) 0.033   (–) 0.01   <0.001  (+) <0.001  (+) 0.095 0.004 
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Table A.4: Significance (p-values) of the effects of patch size and isolation on ∀-diversity of sites for different 

species groups. Statistically significant effects at P < 0.05 are printed in bold. 

p-Value Beta diversity 

Species group Area Isol. Area*Isol 

All Species 0.039 * 0.032 * 0.839 

WDPI very low (0-1) 0.093 •
 0.075 •

 0.022 * 

WDPI low (2-4) 0.517 0.093 •
 0.873 

WDPI high (5-7) 0.039 * 0.372 0.297 

FestBrom 0.137 0.404 0.871 

TrifGer 0.818 0.181 0.12 

MolArrh 0.343 0.16 0.155 

Other 0.017 * 0.225 0.392 

 

Appendix Chapter II 

Table A.1: Results of a balanced, two-way ANOVA with the two factors “Area” and “Isolation” and the parame-

ter m as response variable for the spatial scale of plots. The ANOVA results are grouped according to the three 

different approaches to data manipulation: quadrat cover constrained to 100% (upper table), !100% (middle 

table) and !400% (lower table). 

Approach 1: 100% Sum Sq  df Mean Sq F value P value 

Area  3.857e-06 1 3.857e-06 1.386 0.253 

Isolation 7.100e-08 1 7.100e-08 0.026 0.875 

Area x Isolation 1.265e-06 1 1.265e-06 0.455 0.508 

Residuals 0.00005 20 2.782e-06   

      

Approach 2: !100% Sum Sq  df Mean Sq F value P value 

Area  0.00281 1 0.00281 1.083 0.310 

Isolation 0.00263 1 0.00263 1.011 0.327 

Area x Isolation 0.00273 1 0.00273 1.051 0.318 

Residuals 0.05192 20 0.00259   

      

Approach 3: !400% Sum Sq  df Mean Sq F value P value 

Area  0.00005 1 0.00005 1.177 0.291 

Isolation 7.98e-06 1 7.98e-06 0.192 0.666 

Area x Isolation 0.00006 1 0.00006 1.388 0.253 

Residuals 0.00083 20 0.00004   

 



Appendix  133 

 

Table A.2: Results of a balanced, two-way ANOVA with the two factors “Area” and “Isolation” and the parame-

ter m as response variable for the spatial scale of sites. The ANOVA results are grouped according to the three 

different approaches to data manipulation: quadrat cover constrained to 100% (upper table), !100% (middle 

table) and !400% (lower table). 

Approach 1: 100% Sum Sq  df Mean Sq F value P value 

Area  0.00048 1 0.00048 1.869 0.1867 

Isolation 0.00006 1 0.00006 0.218 0.6456 

Area x Isolation 0.00123 1 0.00123 4.773 0.0409 * 

Residuals 0.00515 20 0.00026   

      

Approach 2: !100% Sum Sq  df Mean Sq F value P value 

Area  0.00042 1 0.00042 1.774 0.198 

Isolation 0.00037 1 0.00037 1.586 0.222 

Area x Isolation 0.00048 1 0.00048 2.046 0.168 

Residuals 0.00471 20 0.00023   

      

Approach 3: !400% Sum Sq  df Mean Sq F value P value 

Area  0.00092 1 0.00092 2.495 0.129 

Isolation 0.00039 1 0.00039 1.057 0.316 

Area x Isolation 0.00104 1 0.00104 2.810 0.109 

Residuals 0.00740 20 0.00037   

 



   

 

Appendix Chapter III 

Table A.1: Overview of data with the sampled years and number of species for all plots and sites. Relevés in grey were included in those analyses, which were based on two-

year steps. Hatched cells are excluded relevés for reasons of data quality. 

Species number per years 1988 - 2005 
Site Plot Years 

Spieces 
number 88 89 90 91 92 93 94 95 96 97 98 99 00 01 02 03 04 05 

Den Den.1 15 65 43 37 43 46 44 40 43 44 40 43  42 45 48  47  35 

 Den.7 15 80 46 45 48 44 42 48 44 50 51 42  49 53 52  52  44 

 Den.9 15 86 44 40 43 42 41 48 55 47 47 49  39 42 40  46  30 

 Den.10 15 81 50 48 59 52 52 60 57 50 51 54  49 44 44  43  36 

 Den.15 15 65 41 36 38 38 37 34 36 37 36 34  30 40 43  41  29 

Egg Egg.1 15 69 36 44 38 40 40 35 39 39 37 37  38 37 34  34  41 

 Egg.6 15 66 35 42 30 31 41 37 34 41 37 37  40 42 39  33  37 

 Egg.10 15 54 42 40 37 35 37 37 39 38 35 36  37 41 41  39  39 

 Egg.13 15 74 42 47 39 37 36 39 35 38 39 36  40 40 39  39  38 

 Egg.19 15 59 43 47 39 37 39 38 38 37 36 37  38 37 38  32  35 

Eff Eff.1 13 67 45 41 37 40 42 42   41 37  41 43 44  31  32 

 Eff.3 14 67 41 44 44 42 44 41  38 39 43  42 48 39  34  39 

 Eff.4 14 65 40 41 43 37 42 39  37 36 38  39 42 38  36  39 

 Eff.11 14 63 43 49 48 44 44 42  45 41 39  43 44 42  42  47 

 Eff.15 14 56 31 21 24 30 32 27  25 26 30  30 32 28  20  26 

Hor Hor.2 14 55  29 32 35 29 27 30 30 29 30  31 33 35  34  29 

 Hor.6 14 55  31 37 38 34 28 33 32 34 33  34 36 34  38  34 

 Hor.7 14 57  29 32 32 32 28 30 33 36 32  37 38 39  38  28 

 Hor.10 14 45  27 27 27 30 23 30 28 29 26  28 30 27  30  23 

 Hor.12 14 62  31 29 29 26 24 30 31 27 25  20 31 31  28  30 

 Hor.15 14 46  23 23 24 26 22 26 25 22 24  29 32 35  33  23 

Sar Sar.1 13 57  43 37 31 39 40 39 38 36 38  43 34 40  40   

 Sar.4 13 61  44 45 36 36 38 39 37 39 36  40 36 37  39   

 Sar.6 13 57  41 37 32 38 36 40 35 34 30  34 27 36  35   

 Sar.16 13 60  29 36 25 29 28 27 28 32 27  32 30 31  36   

 Sar.17 13 72  47 42 41 44 46 46 39 40 36  47 40 44  47   

 Sar.22 13 66  37 38 41 46 42 39 41 41 41  47 37 38  44   
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Species number per years 1988 - 2005  
Site 

Plot Years 
Species 
number 88 89 90 91 92 93 94 95 96 97 98 99 00 01 02 03 04 05 

Gan Gan.6 13 73  32 40 41 46 50 45 48 51  52  43  46  39 39 

 Gan.11 13 56  42 40 33 36 39 36 33 36  35  40  33  29 23 

 Gan.15 13 59  42 36 35 37 36 37 41 38  39  34  36  28 30 

 Gan.16 13 60  39 42 34 36 40 39 43 41  36  37  38  27 30 

 Gan.21 13 58  45 39 41 40 43 39 43 38  39  39  42  28 24 

Jud Jud.10 13 61  32 40 39 36 34 39 38 36  37  40  39  33 23 

 Jud.12 13 63  28 36 45 40 42 44 44 45  41  44  43  37 35 

 Jud.17 13 64  29 34 43 39 42 43 41 42  41  46  41  36 35 

 Jud.26 13 65  34 37 43 41 42 39 36 43  38  39  40  30 32 

 Jud.27 13 65  31 28 31 30 29 32 35 33  34  41  45  37 40 

Obe Obe.4 13 54  25 28 32 32 30 32 32 29  32  33  38  27 26 

 Obe.15 13 77  35 46 40 37 43 40 43 48  39  45  47  43 41 

 Obe.17 13 74  42 49 36 39 32 36 37 36  37  41  38  34 39 

 Obe.21 13 69  39 42 37 37 37 38 40 46  40  45  53  46 39 

 Obe.26 13 77  38 46 45 46 43 42 42 46  45  47  53  40 50 

Unt Unt.3 13 46  11 18 18 20 12 16 22 19  18  24  22  25 24 

 Unt.5 13 43  17 22 24 25 19 23 24 22  23  26  30  22 27 

 Unt.10 13 38  20 14 15 18 17 20 22 21  19  18  23  17 17 

 Unt.17 13 44  25 21 23 21 16 20 25 24  21  19  18  19 23 

 Unt.19 13 40  19 22 26 23 18 20 22 19  17  16  17  22 22 
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Table A.2: Rate of change at the scale of sites for the two evaluation periods from 1988 to 1995 and from 1996 

to 2005.  

1996-2005 Rate of change:  
Sites little moderate substantial 

Total (%) 

little 9 0 0 100 

moderate 0 0 0 0 1988-1995 

substantial 0 0 0 0 

Total (%) 100 0 0 100 

 

 

   

Figure A.1: Ordination of the first and last fitted values from the regression analysis of time series from each site 

for period 1988 to 1995 (left) and for period 1996 to 2005 (right). The direction of vegetation change in time is 

indicated with arrows from the first to the last fitted value per site. Axes are first and second of CA.  
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