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Abstract

Contamination of shooting range soils by antimony (Sb) released from corroding
ammunition has become an issue of public concern in various countries. Many
of these soils are at least occasionally subject to waterlogging; yet mechanisms
controlling Sb mobility under anaerobic conditions are still poorly understood.
This thesis investigated Sb leaching in contaminated soil in terms of changing
redox conditions using microcosm batch, column and lysimeter experiments.
The same calcareous shooting range soil was used throughout all experiments,
and the level of complexity increased with each set of experiments according to
the progress in mechanistic process understanding.

In the microcosm batch experiment, we investigated Sb concentration and
speciation dynamics in the shooting range soil by incubating soil batches un-
der anaerobic conditions for up to 64 days. Lactate was added to some of the
microcosms as an external electron donor to promote reducing conditions by
enhancing indigenous microbial activity. The transition to reducing conditions
at first led to the immobilization of Sb, as Sb(V) was converted to Sb(III), which
has a higher sorption affinity to iron (Fe) (hydr)oxides. When reducing condi-
tions continued, previously sorbed Sb(III) was gradually released into solution
due to reductive dissolution of Fe (hydr)oxides. Speciation measurements in the
solid phase by X-ray absorption near edge structure (XANES) spectroscopy and
in the soil solution by liquid chromatography (LC) ICP-MS provided clear evi-
dence that Sb(III) predominated at low redox conditions (Eh<0.05 V) in both
phases (>90%).

The objective of the second experiment was to investigate how changes in
soil reducing conditions affect Sb release and retention under advective trans-
port, with a special focus on the interplay of reductive Fe and manganese (Mn)
mineral dissolution and Sb sorption processes. After eluting columns packed
with the study soil for 5 days with 15 mM sodium lactate solution at a flow rate
of 33 mm d−1, the flow was interrupted for 37 days, and then resumed for an-
other 4 days. With the transition to moderately reducing conditions after 1 day
of flow, effluent Sb (identified as Sb(V) by LC-ICP-MS) and Mn concentrations
showed a concomitant increase, providing clear evidence that sorbed Sb(V) was
released under moderately reducing conditions by reductive dissolution of Mn
minerals. The release of Sb(V) was counteracted by the reduction to Sb(III),
which was first scavenged by Fe (hydr)oxides and then slowly liberated again
when the redox potential further decreased to Fe-reducing conditions. Laser
ablation-ICP-MS revealed the presence of an initial pool of Sb associated with
Mn-containing, Fe-free phases, underscoring the important role of the latter in
addition to Fe (hydr)oxides as Sb sorbents.

In last experiment, we compared Sb leaching from a calcareous shooting
range soil under drained and waterlogged conditions in an outdoor experiment
using four large lysimeters. Leachate samples were taken at bi-weekly intervals
and supplemented by soil solution samples to link Sb leaching to the chemical
processes occurring in the soil. After monitoring the leachate for >1.5 years
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under drained conditions, two of the lysimeters were subjected to waterlogging
with a water table fluctuating according to natural rainfall infiltration, simu-
lating the water regime of a gley soil. Antimony leachate concentrations under
drained conditions showed a strong seasonal fluctuation between 110µg l−1 in
summer and <40µg l−1 in winter, closely correlated with fluctuations in dis-
solved organic carbon (DOC). With the development of anaerobic conditions
upon waterlogging, Sb leachate concentrations decreased to <10µg l−1 Sb and
remained stable at this level. Antimony speciation measurements in soil solution
indicated that after waterlogging, Sb leaching decreased due to the reduction
of Sb(V) to Sb(III) and the retention of the latter by Fe phases, as outlined
above, while there were still no signs of reductive dissolution of these Fe phases
within the 1.5-year observation period with waterlogging conditions.

In conclusion, this thesis shows that the transition from oxic to anaerobic
conditions in poorly drained shooting range soils may first lead to the mobiliza-
tion of Sb(V), as Mn (hydr)oxides become microbially reduced. Upon further
reduction, Sb was shown in all experiments to be readily reduced to its triva-
lent counterpart, revealing that Sb(V) is remarkedly less stable in reducing
environments than commonly assumed. As long as the reductive dissolution of
Fe phases does not become dominant, the latter may effectively retain Sb(III),
at least in soils with high pH. However, when strongly Fe-reducing conditions
develop, as often observed under long-term waterlogging in floodplain soils, Fe
(hydr)oxides may release hazardous Sb(III) upon reductive dissolution of the
solid phase, thereby significantly increasing the risks from such soils.
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Zusammenfassung

Bodenbelastungen von Antimon (Sb) durch verwitternde Projektile in Schiess-
platzböden bergen die Gefahr einer Freisetzung dieses toxischen Elements in
angrenzende Grundwasser und Oberflächenwässer. Viele dieser Böden sind
mindestens zeitweise von Staunässe oder Grundwasser beeinflusst; dennoch
sind die Faktoren, die die Mobilität von Sb unter anaeroben Bedingungen
kontrollieren, noch immer weitgehend unbekannt. Das Ziel dieser Disserta-
tion war es deshalb, die Auswaschung von Sb aus kontaminiertem Boden
unter wechselnden Redoxbedingungen zu untersuchen. Dafür wurden Batch-,
Säulen- und Lysimeterexperimente mit demselben kalkreichen Schiessplatzbo-
den durchgeführt, wobei der Komplexitätsgrad der Experimente dem jeweiligen
Prozessverständnis angepasst war.

In den Batch-Experimenten wurde die Sb-Speziierungs- und Löslichkeits-
dynamik unter bis zu 64-tägiger anaerober Inkubation untersucht. Einem
Teil der Inkubationen wurde Laktat beigefügt, um mikrobielle Prozesse und
damit die Entstehung reduzierender Bedingungen zu beschleunigen. Bei der
Ausbildung reduzierender Bedingungen im Boden wurde Sb(V) zu Sb(III)
mikrobiell umgewandelt, was zu einer Immobilisierung des Sb aus der Bo-
denlösung führte, da Sb(III) deutlich stärker an Eisen-(Fe)-Minerale sor-
biert als die fünfwertige Sb-Spezies. Das dreiwertige Sb wurde jedoch
mit der reduktiven Auflösung der Fe-Phasen allmählich wieder freigesetzt,
wodurch die Sb(III)-Konzentrationen in der Bodenlösung deutlich anstiegen.
Röntgenspektroskopische Untersuchungen und Speziierungssmessungen mittels
Flüssigchromatographie-ICP-MS zeigten klar, dass Sb(III) sowohl in der Fest-
phase als auch in der Bodenlösung die dominierende Sb-Spezies (>90%) im
reduzierten Boden (Eh<0.05 mV) war.

Ziel des zweiten Experiments war es, das Zusammenspiel von Sb-
Reduktion, Immobilisierung und reduktiver Auflösung der Fe- und
Mangan-(Mn)-Hydroxide unter advektiven Transportbedingungen zu unter-
suchen. Nachdem die mit dem Untersuchungsboden gepackten Säulen mit
15 mM Natriumlaktatlösung bei einer Flussrate von 33 mm d−1 für fünf Tage
eluiert wurden, wurde der Fluss für 37 Tage unterbrochen und anschliessend
für vier weitere Tage fortgesetzt. Nach einem Tag zeigten sowohl Sb(V)- als
auch Mn-Konzentrationen einen parallelen Anstieg, was darauf hinweist, dass
auch die reduktive Auflösung von Mn-Phases zur Sb-Mobilisierung beitragen
kann. Dem gegenüber stand die kurz darauf später einsetzende Reduktion des
Sb(V), die, ähnlich wie bei den Batchexperimenten, zu einer Immobilisierung
des Gesamt-Sb in Lösung führte. Laserablation-massenspektroskopische Unter-
suchungen des Bodens vor dem Säulenversuch zeigten, dass Sb im Boden neben
Fe-Mineralien tatsächlich mit Fe-freien Mn-Phasen assoziiert war, was die Rolle
der letzteren als Sorbenten für Sb unterstreicht.

Im letzten Teil der Dissertation wurde die Auswaschung von Sb aus dem
kontaminierten Boden unter Feldbedingungen in einem Lysimeterexperiment
erforscht. Zwei der vier mit dem Schiessplatzboden gefüllten Lysimeter wur-
den nach 1,5 Jahren eingestaut, um Gley-ähnliche Bedingungen zu simulieren.
Zweiwöchentlich genommene Sickerwasserproben über einen Zeitraum von drei
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Jahren wiesen eine starke saisonale Fluktuation der Sb-Konzentrationen auf,
mit Werten von 110µg l−1 im Sommer und <40µg l−1 im Winter. Die Sb-
Sickerwasserkonzentrationen korrelierten dabei eng mit Konzentrationen an
gelöstem organischen Kohlenstoff. Im Gegensatz dazu sanken mit der Ausbil-
dung anaerober Bedingungen nach Einstau des Bodens in den zwei Lysimetern
die Sb-Konzentrationen auf weniger als 10µg l−1 ab, und blieben anschliessend
stabil auf diesem Niveau. Antimon-Speziierungsmessungen in mittels Saug-
kerzen gewonnener Bodenlösung deuteten darauf hin, dass der Abfall in den
Sb-Konzentrationen erneut auf die Reduktion des Sb(V) und die anschliessende
Sorption von Sb(III) an Fe-Phasen zurückzuführen war.

Die in dieser Dissertation präsentierten Resultate zeigen, dass beim
Übergang von oxidierenden zu reduzierenden Bedingungen Sb(V) durch die
zunächst einsetzende reduktive Auflösung von Mn-Phasen mobilisiert werden
kann. Halten diese reduzierenden Bedingungen an, wird – im Gegensatz zu
Befunden aus bisherigen Studien an reduzierten, Sb-kontaminierten Böden –
auch Sb(V) reduziert, was zu einer Sb-Immobilisierung in schlecht drainierten
Böden führt. Mit der Ausbildung Fe-reduzierender Bedingungen kann jedoch
das toxischere Sb(III) wieder freigesetzt werden, was die von Schiessplatzböden
ausgehende Gefahr für die Umwelt deutlich erhöhen würde.
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Chapter 1

Introduction

1.1 Research motivation

Antimony (Sb) is used in ever increasing quantities in products such as alloys,
glass, plastics and textiles (Butterman and Carlin, 2004). During the twentieth
century, the production of Sb has grown by roughly tenfold (Butterman and
Carlin, 2004), making it, with 174,000 tons in 2012 (Carlin, 2013), the ninth
most mined metal worldwide (Mitsunobu et al., 2010b). As a consequence, it
is also increasingly released into the environment, potentially leading to severe
soil contamination in places where it is mined (Baroni et al., 2000; Mitsunobu
et al., 2010b; Okkenhaug et al., 2012), used and disposed of (Clausen and Korte,
2009; Robinson et al., 2008). Although suspected to be carcinogenic to humans
(Leonard and Gerger, 1996) and listed as a priority pollutant as early as the late
70’s (USEPA, 1979), knowledge about the geochemical behavior of Sb in con-
taminated soils is just emerging from infancy (Filella et al., 2009b; Hockmann
and Schulin, 2013; Wilson et al., 2010). The fact that sampling, preservation
and measurement of Sb species in aqueous samples remains challenging and
that only a handful of studies exist on Sb speciation in the solid matrix (Mit-
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sunobu et al., 2006a, 2010b; Okkenhaug et al., 2011, 2012; Scheinost et al.,
2006) underscores the need for Sb speciation studies on environmental samples.

In Switzerland, one of the most significant inputs of Sb to the environment
is caused by shooting activities as some 2% to 5% metallic Sb is added to lead
ammunition as a hardening agent (Johnson et al., 2005). Every year, 10 to
25 tons of Sb enter Swiss soils via shooting activities (Johnson et al., 2005;
Mathys et al., 2007), resulting in an estimated stock of ∼2,600 tons Sb at shoot-
ing ranges in Switzerland in 2013. Once deposited, weathering of spent bullets
may lead to Sb mobilization into soil solution and thus to the subsequent migra-
tion into adjacent ecosystems. For example, Sb concentrations in groundwater
(Wersin et al., 2002) and stream water (Heier et al., 2010; Stromseng et al.,
2009) in the vicinity of shooting ranges have been shown to be greater than
background concentrations by a factor of 20. The fact that every year ap-
proximately 10 tons of Sb leave Switzerland in river water (Mathys et al., 2007)
indicates considerable release of Sb from contaminated soils. In addition, shoot-
ing ranges are also often used as pasture for cattle and sheep when not in use
(Evangelou et al., 2012), creating a risk of Sb entering the food chain and posing
a serious threat to public health. Shooting ranges have also recently come into
the focus of environmental concern in other countries, such as the USA, where
an estimated 1,900 tons Sb are deposited every year at about 12,000 shooting
ranges (Wan et al., 2013a) as well as in in Finland (Sorvari et al., 2006; Sorvari,
2007), Norway (Stromseng et al., 2009), and Canada (Laporte-Saumure et al.,
2011).

A key factor controlling Sb mobility, and thus potential migration into the
environment, is the soil redox state, which depends on soil aeration and hence,
on the soil water regime. Many soils are at least occasionally subject to anaer-
obic conditions (Kirk, 2004). This is especially true in Switzerland, where
waterlogging is a widespread phenomenon due to the presence of subsoils with
low hydraulic permeability (BUWAL, 2002; Leitgeb et al., 2013).

In aerated soil solutions that prevail in well-drained soils, the pentavalent
Sb(V), which is typically present as the oxyanion Sb(OH)−6 (antimonate), is
the stable Sb species (Baes and Mesmer, 1986). Antimonate extensively binds
to iron (Fe) (hydr)oxide surfaces (Blay, 1999; Johnson et al., 2005; Martinez-
Llado et al., 2008; Mitsunobu et al., 2006a; Watkins et al., 2006) via stable
bidentate edge-sharing inner-sphere complexes (Leuz et al., 2006b; McComb
et al., 2007; Scheinost et al., 2006). At pH 7, the sorption capacity derived
from sorption isotherms of antimonate on goethite, a common Fe (hydr)oxide in
humid temperate climates (Cornell and Schwertmann, 2004), was 0.2 mmol g−1

(Blay, 1999). Sorption of antimonate to goethite was shown to be strongly
pH-dependent, with a maximum of adsorbed Sb(V) at low pH and a strong
decrease in adsorption between pH 7 and 10 (Leuz et al., 2006b). Due to
their ubiquitous occurrence and their high sorption capacity for antimonate, Fe
(hydr)oxides may effectively limit Sb displacement in oxic, non-alkaline soils.

Besides Fe phases, Mn (hydr)oxides have also been shown in pure min-
eral systems to be strong sorbents for antimonate at circumneutral pH (Belzile
et al., 2001; Blay, 1999; Thanabalasingam and Pickering, 1990; Wang et al.,
2012). To date, however, only one study exists that to some extent investigated
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interactions beween Sb and Mn (hydr)oxides in natural soils (Mitsunobu et al.,
2006a), and therefore, the role of Mn minerals as sorbents for Sb mobility in
the environment remains much less understood than that of Fe (hydr)oxides
(Wilson et al., 2010).

Under anaerobic conditions prevalent in waterlogged or flooded soils, Sb(III)
is expected to predominate in the form of the neutral species antimonite,
Sb(OH)3 (Filella et al., 2002a). Also antimonite forms a bidentate, yet corner-
sharing, inner-sphere complex on goethite surfaces (Leuz et al., 2006b; Scheinost
et al., 2006). The sorption capacity of Sb(III) to goethite was at circumneu-
tral pH approximately three times larger and much less pH-dependent than
of its pentavalent counterpart (Blay, 1999; Leuz et al., 2006b). No sorption
maximum could be determined as precipitation of Sb2O3 occurs at Sb(III) con-
centrations exceeding 63µM (Baes and Mesmer, 1986). Therefore, it has been
suggested rather that soil reducing conditions lead to an immobilization of Sb
(Mitsunobu et al., 2006a; Okkenhaug et al., 2012). However, Fe (hydr)oxides
may be reductively dissolved with waterlogging, thereby releasing Sb(III).

The role of Mn phases and their biochemical transformations in the mobility
of Sb in reducing soils has not been elucidated to date. As with Fe (hydr)oxides,
antimonite exhibits a much higher sorption affinity to Mn (hydr)oxides than
antimonate in abiotic pure mineral systems (Belzile et al., 2001; Blay, 1999).
Once bound to Mn mineral surfaces, however, antimonite was quickly oxidised
by Mn(III/IV) and released as antimonate (Belzile et al., 2001; Blay, 1999;
Wang et al., 2012).

Under conditions where the retention of Sb(V) and Sb(III) is controlled by
sorption onto Fe and Mn (hydr)oxide surfaces, other soil solution components
competing with Sb for sorption on these surfaces can have a strong influence on
Sb mobility. While the effect of competitive sorption between phosphate and
antimonate has been extensively investigated using batch and column experi-
ments (Biver et al., 2011; Conesa et al., 2010; Griggs et al., 2011; Kilgour et al.,
2008; Nakamaru et al., 2006; Nakamaru and Sekine, 2008; Spuller et al., 2007),
displacement by other anions, such as bicarbonate (Biver et al., 2011), is still
poorly understood. It is furthermore expected that the presence of dissolved
organic carbon (DOC) in soil solution strongly influences the sorption behavior
of Sb on Fe (hydr)oxides, but studies addressing the role of dissolved organic
matter on Sb mobility are rare.

In natural soil systems, Sb will be subject to transport after it has been de-
sorbed or dissolved, which involves further reactions such as re-adsorption and
precipitation (Herbel and Fendorf, 2006). In addition, flow conditions in nat-
ural soils are rarely uniform, as spatial gradients in biogeochemical properties
along the soil profile and at the aggregate scale may develop (Fiedler, 2000),
reflected by temporal variations in Sb concentrations during the course of its
migration through the soil. Vegetation, in particular root growth, may promote
the development of spatial differences by modifying the chemical conditions in
the rhizosphere, for example by the exudation of protons or assimilates and the
stimulation of microbial activity (Nowack et al., 2006). Also soil structure and
spatial heterogeneity in soil physical properties can result in the differentiation
of Sb concentrations across the soil profile. Preferential flow channels, provided,
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for example, by soil aggregation or biopores (Jarvis, 2007), were shown to con-
stitute important pathways through which Sb can be rapidly transported in the
soil (Knechtenhofer et al., 2003). Although these factors, including the dynamic
flow patterns induced by atmospheric precipitation, may substantially impact
Sb solution dynamics in soils, Sb leaching from soils under field conditions has
scarcely been investigated to date.

1.2 Objectives and approach

The knowledge gaps identified in the brief literature review above hamper a
confident risk assessment and thereby the derivation of appropriate remediation
strategies as well as the definition of clean-up values for Sb-contaminates sites
prone to waterlogging. This is even more important considering that Sb(III) is
generally more toxic than Sb(V) (Filella et al., 2002a). This project is therefore
driven by the overall objective to investigate how changes in redox conditions,
induced by limited oxygenation and microbial activity, affect Sb speciation,
sorption and mobility in Sb-contaminated soil. Specifically, this thesis aims to
answer the following questions:

� Is Sb immobilized under reducing conditions and does the reduction of
Sb(V) to Sb(III) explain this process?

� How does reductive dissolution of Mn and Fe minerals affect Sb(V) and
Sb(III) mobility?

� How do changes in the soil redox status affect Sb retention and release
under saturated flow conditions?

� How important are reduction, sorption and mineral dissolution for Sb
leaching under field conditions?

To address these questions, we carried out microcosm batch, column and
lysimeter experiments using the same contaminated shooting range soil which
was subjected to changing redox conditions. We chose moderately contaminated
shooting range soil for our experiments (21 mg Sb kg−1, 520 mg Pb kg−1), as
this soil may potentially be re-used for non-sensitive purposes such as grazing
or landscaping, while soil that is highly contaminated is generally processed
by soil washing or disposal at hazardous waste sites (Evangelou et al., 2012).
The level of complexity increased with each set of experiments according to the
progress in mechanistic process understanding.

The objective of the microcosm batch experiments (Chapter 3) were to iden-
tify in particular the role of (de)sorption and redox processes in Sb solubility
in soil slurries at a liquid to solid ratio of 10. Furthermore, the impact of an
external electron donor to promote microbial activity and thus, the sequence
of redox processes dominating the release and retention of Sb, was addressed
by adding lactate to some of the microcosms. Antimony speciation in solu-
tion by liquid chromatography inductively coupled plasma mass spectrometry
(LC-ICP-MS), and in the solid phase by K-edge X-ray absorption near edge
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structure (XANES) spectroscopy helped towards a mechanistic interpretation
of the processes occurring in the soil-water-system.

While the batch experiments were useful for the well-controlled study of
biogeochemical reactions associated with the solubility of Sb in the soil under
stagnant conditions, they did not account for effects that are associated with
transport. In order to investigate the effects of variations in redox status on
Sb leaching under saturated flow conditions, we performed column experiments
with the contaminated shooting range soil (Chapter 4). A special focus was
put on associations of Sb with Mn (hydr)oxides and their role in Sb leaching
under moderately-reducing conditions, which was further investigated by laser-
ablation ICP-MS elemental mapping. Columns packed with the study soil were
eluted with 15 mmol l−1 lactate solution for 9 days and interrupted by a 37 days
stop-flow phase to simulate waterlogging and promote the development of re-
ducing conditions.

The lysimeter experiment (Chapter 5), allowed to study Sb leaching from
shooting range soil in the field, thereby accounting for the influence of factors
that could not be captured adequately in the column experiment, particularly
dynamic flow conditions, soil heterogeneity and vegetation. Two of the four
lysimeters used were subjected to waterlogging after operation under drained
conditions for more than 1.5 years. Leachate samples were collected at bi-
weekly intervals and complemented by soil solution samples for Sb speciation
measurements. While the results obtained from the batch and column exper-
iments provided the basis for a mechanistic understanding of the role of Sb
sorption, reduction and mineral dissolution processes, the lysimeters revealed
the relevance of these processes in the field.
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2.1 Introduction

Antimony (Sb) is a rather rare element in the earth’s crust, but in the recent
past, human activities have led to highly elevated Sb concentrations in soils
and sediments at many locations and, as a consequence, to increased exposure
of biota to this toxic element. Although often referred to as a heavy metal in
eco-toxicological studies, it has mixed metallic and nonmetallic characteristics,
corresponding to its position on the boundary between metals and non-metals
in the periodic table. It is therefore more properly described as a metalloid, like
arsenic (As) and silicon (Si). In contrast to common soil metal contaminants
such as lead (Pb), copper (Cu) and cadmium (Cd), which speciate as cations, Sb
occurs as an oxyanion in soil solutions under aerobic conditions and, therefore,
behaves very differently from these metals in many respects. Furthermore, Sb
is a redox-sensitive element, making its mobility directly susceptible to changes
in the soil redox state.

Antimony has no known beneficial biological role. It has a high acute toxic-
ity, can induce chronic health effects, and is a potential carcinogen (Leonard and
Gerger, 1996). Due to their toxicity, Sb compounds are considered pollutants of
primary concern by the Environmental Protection Agency of the United States
(USEPA, 1979) and the Council of the European Communities (1998). The Eu-
ropean Union established a maximum admissible concentration of antimony in
drinking water of 5µ l−1 (Council of the European Communities, 1998), and the
USEPA set the national primary drinking water standard at 6µg l−1 (USEPA,
1999).

Several reviews on the behavior of Sb in the environment have been pub-
lished in recent years, describing its occurrence (Belzile et al., 2011; Filella et al.,
2002a; He et al., 2011; Reimann et al., 2010), geochemistry (Filella, 2010, 2011;
Filella et al., 2002b; Filella and May, 2005; Filella et al., 2009a; Wilson et al.,
2010), toxicity (Sundar and Chakravarty, 2010), interactions with microbiota
(Filella et al., 2007), and uptake by plants (Tschan et al., 2009a). Although
known for its toxicity, there have been relatively few studies on the mobility and
transport characteristics of Sb in the environment, and in particular in soils.

This chapter reviews the current literature on the fate of Sb in soils, with a
strong focus on risks of Sb leaching from contaminated soils. While the first part
of this chapter focuses on Sb behavior in well-defined porous media with pure
solid phases, such as clay minerals, oxides and humic substances, Sb leaching
from real soils is discussed in the second part. Particular emphasis is given on
the role of changes in redox potential for the behavior of Sb in soils and their
significance for Sb leaching from water-logged soils.

2.2 Sources, usages and environmental distribution of
antimony

The abundance of Sb in the Earth’s crust averages between 0.2 and 0.3 mg kg−1.
Antimony is a strongly chalcophile element and as such primarily occurs as
stibnite (Sb2S3) and valentinite (Sb2O3) in geological substrates. Valentinite
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usually is the transformation product of stibnite (Filella et al., 2002a). Typical
Sb concentrations of uncontaminated soils are far below 10 mg kg−1 (Filella
et al., 2002a). Higher concentrations are usually the result of anthropogenic
activities.

Antimony and its compounds have been used by humans for at least 6,000
years. Stibnite was used as an eyebrow paint in ancient Egypt and Middle East,
and a vase made of cast antimony dating back to 3,000 BC was found in present-
day Iraq (Li, 2007). Nowadays, Sb is used in increasing quantities in many
different products. Approximately 60% of the global Sb production is used in
the form of Sb trioxide (Sb2O3) – in synergy with halogenated hydrocarbons –
as a flame retardant in plastics, textiles papers and adhesives (Butterman and
Carlin, 2004). Other uses of Sb trioxide are as a catalyst in plastics (e. g. PET
bottles), color stabilizer in paints (e. g. in the yellow striping applied to road
pavements) and decolorizer of glassware (Filella et al., 2002a). Because of its
compatibility with lead, metallic antimony is used as a hardener of lead alloys in
batteries and ammunition (Butterman and Carlin, 2004). Antimony trisulfide
(Sb2S3) is used, among others, as lubricant in automotive brake and clutch
linings. While Sb is mined in 15 countries (Butterman and Carlin, 2004), mining
is strongly concentrated in China, which accounted for more than 85% of the
global production of 135,000 t Sb in 2010 (U.S. Geological Survery, 2011). The
increasing use has led to increasing inputs of Sb into the environment. Sources of
contamination include mining, metal smelting, road traffic emissions (dust from
brake linings), waste incineration and fossil fuel combustion. Particularly high
Sb concentrations are found on and in the vicinity of mining sites. For instance,
up to 15,000 mg kg−1 were found in an area of southern Tuscany (Italy) where
Sb ores have been exploited and processed until recently (Baroni et al., 2000),
while re-use of material from mine tailings caused severe soil contamination
(500 mg Sb kg−1) on agricultural lands and residential areas in the Nordpfälzer
Bergland in Germany (Hammel et al., 2000). In Switzerland, one of the largest
sources of soil contamination by Sb in the environment are shooting activities
(Mathys et al., 2007). Bullets generally have cores made of Pb-Sb alloys with
Sb contents between 2 and 5% by weight (Johnson et al., 2005). Every year,
approximately 10 to 25 t Sb enter the pedosphere as a result of shooting in
Switzerland. In 2001, the stock of Sb in Swiss shooting range soils was estimated
to be 2,440 t (Mathys et al., 2007). Shooting ranges have recently come into
the focus of environmental concern also in other European countries, notably
in Finland (Sorvari, 2007; Sorvari et al., 2006) and Norway (Stromseng et al.,
2009).

2.3 Antimony aqueous chemistry

2.3.1 Redox and acid-base chemistry

Since the solubility, mobility, bioavailability, and toxicity of Sb depend on its
oxidation state, it is essential to understand the redox chemistry of Sb in soils.
Antimony exists in four oxidation states (-III, 0, +III, +V), of which only +III
and +V are known to be of environmental and biological importance (Filella
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et al., 2002a). In aquatic environments, Sb(V) is stable under oxidizing and
Sb(III) under reducing conditions. Antimony belongs to Group 15 of the pe-
riodic table, and its geochemical behavior is in many respects similar to its
sister elements arsenic (As) and phosphorus (P). However, the coordination
of Sb(V) with oxygen differs greatly from that of As(V) or P(V), as already
pointed out by Pauling (1933). In contrast to As(V) or P(V), which are smaller
and thus tetrahedrally coordinated, Sb(V) coordinates octahedrally with oxy-
gen. According to thermodynamic equilibrium calculations, the antimonate ion
Sb(OH)−6 is the predominant species in aqueous solutions under aerobic con-
ditions at pH values above 2.7 (Baes and Mesmer, 1986). Trivalent Sb(III)
predominates as neutral antimonite Sb(OH)3 between pH 1.4 and 11.8. Ac-
cordingly, significant formation of Sb(OH)+

2 only occurs at very low pH values,
and formation of Sb(OH)−4 only at very high pH values. The mineral stibnite
(Sb2S3) can be formed under reducing conditions in the presence of sulfur (S) at
mildly acidic to acidic pH, while the soluble complex Sb2S2−

4 can occur at higher
pH (Filella et al., 2002b), depending on the activities of Sb and S (Takayanagi
and Cossa, 1997). An increase in S concentration or a decrease in Sb/S ratio
will extend the range of stability of Sb2S2−

4 given in Figure 2.1 towards lower
pH values.

The information on microbially mediated reduction of Sb in natural systems
is still very limited (Filella et al., 2007). Ackermann (2008) found that Sb(V)

Figure 2.1: Interactive effects of pH and Eh on Sb aqueous species present at equilib-
rium for the Sb-S-H2O system ([Sbtot] = 0.01µM and [Stot] = 10 mM). The grey
dashed lines indicate environmental redox limits imposed by the dissociation of
water. Areas of predominance of Fe species are indicated by green dashed lines
([Fetot = 10µM]). Adopted from Cornelis et al. (2011) and Takayanagi and Cossa
(1997) with thermodynamic data as presented by Filella and May (2003), Baes
and Mesmer (1986), and Brookins (1986).
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was reduced to Sb(III) during the growth of the anaerobic metal reducer She-
wanella oneidensis strain MR1 in presence of Sb(V) and concluded that this
strain was capable of using Sb(V) as a terminal electron donor. Mitsunobu
et al. (2010b) studied the distribution and speciation of Sb in reductive mining
soil contaminated by Sb2O5. They found that a significant amount of Sb bound
to quartz particles coated by Fe (hydr)oxides was present as Sb(III), indicating
that Sb reduction occurred in the soil.

Redox reactions between Sb and iron (Fe) were found to be particularly
complex. Iron can act as a reducing as well as an oxidizing agent of Sb. In
accordance to the Eh-pH diagram (Figure 2.1), Leuz et al. (2002) found that
Fe(II) in solution reduced Sb(V) to Sb(III) in alkaline, anaerobic waters. There
is also evidence of Sb(V) reduction by Fe(II) in the form of magnetite (Fe3O4)
and mackinawite (FeS) (Kirsch et al., 2008) or by green rust (Mitsunobu et al.,
2008) at acidic to alkaline pH in the absence of oxygen. In contrast, Fe(III) and
Mn(IV) present in the form of (hydr)oxides oxidized Sb(III) under aerobic con-
ditions at both, alkaline and acidic pH (Belzile et al., 2001; Leuz et al., 2006b).
The latter reaction was assumed to be catalyzed by the metal (hydr)oxides
which form intermediate products such as hydroxyl ions or Fe(IV) radicals when
reacting with oxygen (Leuz et al., 2006a). Antimony(III) oxidation to Sb(V)
can occur rapidly in natural systems. Oorts et al. (2008) added Sb2O3 in sus-
pension to topsoil collected from an agriculturally used uncontaminated Haplic
Luvisol and found that 70% of the Sb in solution was present as Sb(V) after
two days. Also photochemical oxidation of Sb(III) seems to require catalysts.
Buschmann et al. (2005) observed fast Sb photooxidation in sunlit waters in
presence of dissolved natural organic carbon (DOC). At a DOC concentration
of 5 mg l−1, the light-induced reaction, which followed pseudo first-order kinet-
ics, was 9,000 times faster than the dark reaction. In contrast, no significant
Sb(III) oxidation was observed within 200 days in aqueous solutions with O2

as sole oxidant between pH 3.6 and 9.8 (Leuz and Johnson, 2005).

2.3.2 Complexation with dissolved organic ligands

Dissolved organic carbon (DOC) that potentially interacts with Sb in the soil
solution can be divided into (i) low molecular weight (l.m.w.) organic ligands
such as citric or tartaric acid, and (ii) high molecular weight (h.m.w.) fulvic
and humic acids. Although Sb(V) is known to form complexes with various
l.m.w. organic acids, practically no thermodynamic data is available for Sb(V)
(Filella and May, 2005). Antimony(III), which is classified as a borderline
element in Pearson’s acid-base concept (Pearson, 1963), forms complexes with
both, hard (e.g. sulfur) and soft (e.g. oxygen) ligands (Filella and May, 2005).
A comprehensive overview of the available thermodynamic data for Sb(III)
complexes with carboxyl-, phenyl-, tiol- and amine-bearing ligands was given
by Filella and May (2005). Here, we only discuss h.m.w. organic acids, which
generally represent the bulk (between 70% and 80%) and the most reactive
DOC components in soils (Senesi and Loffredo, 2005).

Quantitative studies on Sb association with humic substances in natural sys-
tems are scarce and not always conclusive. Pilarski et al. (1995) investigated
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the complexation of Sb(III) and Sb(V) by a purified, commercially supplied
humic acid and showed that Sb(III) sorption at pH 3.8 was well described by a
Langmuir-type isotherm. Variations in pH had only little effect on the amount
of Sb(III) bound. Binding of Sb(V), which they probably studied at a simi-
lar pH, seemed to occur only at Sb(V) concentrations exceeding 10µM. Much
stronger interaction between Sb(V) and humic acids was reported by Tighe
et al. (2005). They found that up to 60% of added Sb(V) was bound to humic
acid at acidic pH values. With increasing pH, this fraction decreased linearly.
Sorption was better described by a Freundlich than a Langmuir isotherm, as
there was no indication that a sorption plateau would be reached, even at an
Sb concentration as high as 11.3 mg l−1. At least part of the discrepancy be-
tween the two studies may be due to the fact that Pilarski et al. (1995) used a
purified, acid-washed humic acid, while Tighe et al. (2005) used a commercial
humic acid as received, i.e. without further purification.

Tella and Pokrovski (2008, 2009) determined the stability and structure of
aqueous complexes formed by Sb(III) or Sb(V) with simple organic ligands over
a wide pH range using X-ray absorption fine structure (XAFS) spectroscopy-
combined with potentiometric measurements. Both Sb(V) and Sb(III) showed
negligible complexation with monofunctional organic ligands (acetic acid) or
with dicarboxylic acids in which the carboxylic groups are non-adjacent (adipic
acid). In contrast, organic ligands with adjacent carboxylic or hydroxyl groups
(e.g. oxalic or citric acid), formed stable bidentate chelates with both species
in a pH range from 3 to 9. The authors derived stability constants for the
complexes and, based on an average composition of functional groups in DOC,
estimated that around 35% Sb(III) ([Sb] = 1µg l−1, 5 mg l−1 DOC) could be
bound to DOC under relevant environmental conditions. Model calculations
for Sb(V)-DOC complexes gave similar results for pH values below 4, whereas
less than 5% of Sb(V) was predicted to be bound to humic acids at near-neutral
pH values (Tella and Pokrovski, 2009, 2008). These results are consistent with
the model calculations by Buschmann and Sigg (2004) who estimated that ap-
proximately 30% of dissolved Sb(III) is bound to humic acids in aquatic waters
under relevant environmental conditions. They also concluded from a dialysis
experiment with three different humic acids that humic-bound Sb(III), is easily
oxidized and thereupon released into solution as Sb(OH)−6 . The sites involved
in the oxidation step are then available to bind another Sb(III), thus catalyzing
the oxidation.

The details of Sb binding to humic acids are still largely unresolved, but
it seems that binding of Sb(V) to humic acids is much weaker than that of
Sb(III), probably due to the negative charge of both, Sb(OH)−6 and humic
acids, at environmentally relevant conditions.

2.3.3 Methylated Sb species

For a comprehensive review of the literature on methylated antimony species in
the environment we refer to Filella (2010, and references herein). Monomethyl-,
dimethyl-, and trimethyl-Sb species have been found in soils, and there is some
evidence that biomethylation (i.e. the addition of CH3 through biological ac-
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tivity) can occur both under oxidizing and reducing conditions. Methylated Sb
species have usually been analyzed using the hydride generation method, which
provides only information on the methylation level, but does not differentiate
between oxidation states of Sb in the compound (Diaz-Bone and Hitzke, 2008).
Monomethyl-Sb concentrations were generally higher than di- or trimethy-Sb
compounds. A field study on nine urban soils in the vicinity of the River Ruhr
(Germany) did not reveal any significant correlation between soil pH, temper-
ature, the soil water content with the degree of biomethylation (Duester et al.,
2005). Methylated Sb compounds, which were identified as monomethyl- and
dimethyl-stibine, accounted for less than 1.5% of total Sb concentrations in
these soils, with the former being the dominant methylated species. Frohne
et al. (2011) performed biogeochemical microcosm experiments with controlled
variation of redox conditions at pH 5 using a contaminated floodplain soil from
the River Wupper in Germany and found that both, monomethylated and total
inorganic Sb decreased linearly in solution with increasing redox potential (-400
to +600 mV). Maximum inorganic Sb concentrations amounted to 10 µg l−1,
and monomethyl-Sb concentrations increased to 0.6 µg l−1 at highly reducing
conditions. In contrast, dimethyl-Sb concentrations remained relatively stable
at around 0.1 to 0.2 µg l−1 under both oxidizing and reducing conditions.

There is evidence that biomethylation can substantially change the mobility
of metalloids (Thayer, 2002). Considering that concentrations of methylated Sb
compounds are generally low in soils, however, it seems unlikely that they can
significantly affect total Sb losses from soils (Filella, 2010), although this view
may change when more data become available.

2.4 Retention mechanisms of antimony in soils

The mobility of Sb in soils is reduced by the same general retention mechanisms
that also affect other solutes, namely adsorption, (co)precipitation and immo-
bilization by plants. While adsorption is the accumulation of a substance in a
single layer of ions or molecules at the interface between a solid and a liquid
phase, precipitation is the process by which a substance forms a solid phase in
three dimensions (Sparks, 2005). In reality, there is a continuous transition be-
tween the two processes. If an ion of one species isomorphically substitutes for
that of another ion species in a precipitate, this is referred to as co-precipitation
(Sposito, 1984). While Sb may also be immobilized by uptake into plant roots
and shoots, the available evidence suggests that adsorption and precipitation
usually are the principal retention mechanism for Sb in soils.

2.4.1 Adsorption

In terms of adsorption, Sb behaves in many respects contrary to cations. While
cation solubility generally increases with decreasing pH, low pH favors sorption
of anions (McBride, 1994). Since Sb(OH)−6 and Sb(OH)3 are the only major
Sb species at environmentally relevant pH values under oxidizing and reduced
conditions, respectively, the influence of pH on Sb adsorption should follow the
pattern of pH-dependence of surface charge of the sorbing solid phase.
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Adsorption to pure mineral phases

Amorphous and crystalline Fe (hydr)oxides. Many studies have shown a strong
affinity of Sb(V) and Sb(III) to Fe (hydr)oxides (e. g. Blay, 1999; Johnson et al.,
2005; Leuz et al., 2006a; Lintschinger et al., 1998; Martinez-Llado et al., 2008;
Mitsunobu et al., 2006a; Scheinost et al., 2006; Watkins et al., 2006). Infrared
spectroscopic analysis of amorphous Fe hydroxide (McComb et al., 2007) and
X-ray absorption spectroscopy (Scheinost et al., 2006) revealed that Sb(III) and
Sb(V) form bidentate inner-sphere surface complexes with Fe (hydr)oxides, as
previously suggested by Belzile et al. (2001) and Leuz et al. (2006a), who per-
formed batch experiments with goethite (FeOOH). A schematic representation
of the proposed ligand exchange mechanism is displayed in Figure 2.2.

Leuz et al. (2006a) showed that Sb(III) strongly adsorbs to goethite over a
wide pH range (3-12), whereas strong Sb(V) adsorption to goethite was limited
to pH values below 7. Adsorbed Sb(III) was partly oxidized within an observa-
tion period of seven days. The fraction of oxidized Sb(III) increased with pH
(35%, 50%, and 90% at pH 3, 5.9, and 9.7, respectively). The concentration
of Sb(V) in solution only increased at the alkaline pH, but did not at the two
lower pH values. These results suggest that Sb can be mobilized under alka-
line conditions by Fe (hydr)oxide-catalyzed oxidation, of adsorbed Sb(III) and
subsequent release of the oxidation product antimonate (Leuz et al., 2006b).

Tighe et al. (2005) studied sorption of Sb(V) to synthetic amorphous iron
hydroxide and found that the Fe(OH)3 retained more than 95% of the added
Sb(V) even at initial Sb(V) concentrations as high as 2.83 mg Sb(V) l−1 (pH
2.5 to 5.5, 415 mg Fe(OH)3 l−1). Sorption increased linearly with decreasing
pH and was 100% at pH <3.5. Takahashi et al. (2010) performed sorption
experiments (at unknown pH) with synthetic allophane and found a strong
correlation between the Fe/(Fe+Al) ratio and the amount of sorbed Sb(V),
highlighting the high affinity of Sb(V) to Fe-related functional groups. Amor-
phous Fe (hydr)oxides are likely to be stronger sorbents than crystalline Fe
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Figure 2.2: Schematic representation of the formation of bidentate inner-sphere com-
plexes between (a) Sb(OH)3 and (b) Sb(OH)−6 with an Fe hydroxide surface.
After Belzile et al. (2001) and Scheinost et al. (2006).
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minerals, since the former have higher surface areas (Cornelis et al., 2008).

Manganese (Mn) and Aluminum (Al) (hydr)oxides. The association of Sb
species with Mn (hydr)oxides was addressed only in a few adsorption exper-
iments using synthetic minerals. In batch experiments performed by Blay
(1999), Mn oxide (MnO2) had a similarly high sorption capacity at pH 7 as
goethite and hematite (Fe2O3). Similar observations were made by Thanabal-
asingam and Pickering (1990) for the sorption of Sb that was added as Sb(III)
to manganese hydroxide, MnOOH over the entire pH range from 3 to 9.

Interactions of Sb (III) and Sb(V) with Al (hydr)oxides are even less studied,
but there also seems to be a high affinity of both species to the surface of
gibbsite, Al(OH)3 (Rakshit et al., 2011; Thanabalasingam and Pickering, 1990).
Sorption of Sb(V) to gibbsite was strongest in the pH range 2 to 4, and negligible
at pH 10, while ionic strength had only little influence at low surface coverage.
These results suggest an inner-sphere binding mechanism with the formation
of a binuclear monodentate surface complex (Rakshit et al., 2011). Maximum
sorption capacities, calculated for a pH of 6.1, were much lower for gibbsite
than for Fe (hydr)oxides, due to the much lower surface area of gibbsite. Since
Al(OH)3 dissolves at low pH, this binding mechanism may be most important in
slightly to moderately acidic soils with gibbsite as the predominant (hydr)oxide.

Clay minerals. Very few studies investigated sorption of Sb to clay minerals.
Blay (1999) found that sorption of Sb(III) and Sb(V) to clay mineral such as
montmorillonite and kaolinite at pH values around 7.5 was one to two orders
of magnitudes weaker than sorption to Fe and Mn (hydr)oxides in the same
pH range (Figure 2.3). The sorption of Sb(V) to montmorillonite and kaolinite
decreased nearly linearly from pH 2 to pH 9. Also Xi et al. (2010) observed a
strong pH-dependence of Sb(V) sorption to kaolinite. In addition, they found
that Sb(V) adsorption to kaolinite was markedly reduced when ionic strength
increased from 0.01 to 0.05 M, but was less affected when ionic strength was

Figure 2.3: Adsorption of Sb to Fe (hydr)oxides and clay minerals. Lines represent
curve fits to Langmuir (Sb(V)) or Freundlich (Sb(III)) isotherms. a) Adsorption
of Sb(V) and Sb(III) to hematite and goethite at pH 7.0. b) Adsorption of Sb(V)
and Sb(III) to montmorillonite and kaolinite at pH 7.3 and 7.9, respectively. No
electrolyte was added for ion strength adjustment. Stability of Sb(III) during
equilibration (24 hours) was tested using Sb tartrate. Reprinted with data from
Blay (1999).
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further increased up to 0.1 M. Both studies indicate that outer-sphere complex-
ation, probably in combination with some inner-sphere complexes, play a much
more important role for sorption of Sb to clay minerals than to Fe, Mn and Al
(hydr)oxides.

Sorption to soil organic matter

Retention by soil organic matter. There is little literature on the sorption of
Sb to organic matter. Most of these studies refer to the association of Sb
with dissolved organic carbon (DOC). Since the binding of Sb to DOC results
in mobilization rather than in retention of Sb, we only consider Sb sorption
to solid organic matter in this section. Various sequential extraction schemes
have been used to apportion the binding of Sb to different soil matrix phases
such as organic matter. The potentials and limitations of this method have
been discussed by Filella (2011) and will not be repeated here. It is important
to bear in mind that fractions determined by sequential extraction have an
operational meaning only, and that results from different studies often are not
comparable.

Antimony fractions bound to organic matter have been determined in se-
quential extraction by using strong complexants such as EDTA (Blay, 1999;
Conesa et al., 2010; Spuller et al., 2007; Xifra, 2006), oxidants like H2O2 (Denys
et al., 2009; Hou et al., 2006), or a combination of H2O2 with an organic com-
pound (He, 2007), after more easily extractable fractions had been removed. In
all but one of these studies, the operationally defined fraction bound to organic
matter accounted for less than 15% of total Sb concentrations (Table 2.1), sug-
gesting that soil organic matter plays only a minor role in the retention of Sb
in soils. It must be considered, however, that the extraction schemes applied in
these studies were all developed for cations and not for (oxy)anions. This casts
some doubt on the interpretation of the respective Sb fractions as fractions
bound to soil organic matter.

While sequential extraction studies currently provide the only information
available on Sb retention by solid organic matter in inorganic soils, other studies
addressed Sb binding in organic soils. Though extrapolation to inorganic soils
is difficult, these studies provide some information that is valuable in assess-
ing risks of Sb leaching under extreme conditions. A 6.5 m core from a Swiss
ombrotrophic peat bog indicated that Sb was strongly bound to the organic
matter of this very acidic organic soil (Shotyk et al., 1996). The pattern of
Sb peaks was in many ways similar to that of Pb, which was interpreted as
the result of atmospheric deposition of anthropogenic emissions dating back to
Roman times. The low degree of Sb dispersion indicated that Sb was largely
immobile in these peat soils. Also the Sb profiles in four Scottish peat soils,
which closely matched deposition history of recent industrial and postindustrial
periods, agree with this conclusion (Cloy et al., 2009).

The mechanisms of Sb binding to soil organic matter are not clear. X-ray
absorption spectroscopy could help elucidate this binding mechanisms; however,
it requires high Sb concentrations and thus is only applicable to heavily polluted
soils.
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Competitive sorption

Competitive effects with inorganic anions. Phosphate (H2PO−
4 , HPO2−

4 , PO3−
4 )

can be a major competitor of antimonate for the binding sites on soil mineral
surfaces, particularly on Fe (hyd)roxides as the main sorbents for both ions.
Phosphorus belongs to Group 15 of the periodic system like Sb and As and
predominantly speciates as a mono- or divalent oxyanion (H2PO−

4 , HPO2−
4 )

in soil solution at environmentally relevant pH values. Spuller et al. (2007)
added different concentrations of monocalcium phosphate (Ca(H2PO4)2) and
diammonium phosphate ((NH4)2HPO4) to Sb-contaminated shooting range soil
(437 mg Sb kg−1) and measured Sb concentrations in batch extracts. Although
the pH and DOC concentration remained relatively stable after addition of
5 g kg−1 Ca(H2PO4)2, Sb concentrations in solutions approximately doubled to
4 mg l−1 in the phosphate amended samples. Mobilization of Sb in soils by phos-
phate was also found in several batch studies (Biver et al., 2011; Conesa et al.,
2010; Nakamaru et al., 2006; Nakamaru and Sekine, 2008), column (Kilgour
et al., 2008; Spuller et al., 2007) and in another lysimeter experiment (Griggs
et al., 2011), partly in combination with a strong effect of the phosphate amend-
ments on DOC concentration and pH.

Desorption of Sb(V) from pure soil phases loaded with Sb(V) after addition
of 0.08 M monopotassium phosphate (KH2PO4) was studied by Biver et al.
(2011) in batch experiments at pH 8. After 24 hours, 29% and 41% of total Sb
was desorbed from the synthetic amorphous Al and Fe(hydr)oxide, respectively.
Desorption of Sb from commercial kaolinite and montmorillonite was 100% and
23%, respectively. The absolute amounts of Sb(V) desorbed from these two clay
minerals were much lower than from the metal hydr(oxides), however, because
the latter had been much more loaded with Sb due to their much higher sorption
capacities. A significant, although weaker desorption effect was also found for
bicarbonate (HCO−

3 ), which is, like phosphate, known to bind strongly and
specifically via inner-sphere complexes to Al and Fe (hydr)oxide surfaces (Biver
et al., 2011).

Phosphate amendments have recently been discussed as a means to stabilize
contaminating metals in shooting range soils (Griggs et al., 2011; Kilgour et al.,
2008; Spuller et al., 2007). Phosphate forms sparely soluble precipitates with
many metals, in particular with Pb. The fact that phosphate applications at the
same time can mobilize Sb raises some questions marks behind this approach.
No mobilizing effect on Sb in contaminated soils was found in terms of batch soil-
solution distribution coefficients for nitrate (≤250 mM NO−

3 ) (Nakamaru et al.,
2006) and sulfate (≤10 mM SO2−

4 ) (Nakamaru and Sekine, 2008). Biver et al.
(2011) even found that nitrate, sulfate and chloride slightly enhanced Sb(V)
adsorption to soil, Fe hydr(oxide), kaolinite, and montmorillonite. In contrast,
nitrate and sulfate displaced antimonate from amorphous Al (hydr)oxide.

Competition with dissolved organic matter. Dissolved organic matter, a
prevalent constituent of natural waters, is very reactive towards mineral surfaces
and thus has a high potential to influence Sb mobility. Despite of that, there
are almost no studies in the literature addressing interactions between organic
ligands and Sb on mineral surfaces. Xi et al. (2010) equilibrated 8.2µM Sb(V)
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Figure 2.4: Effect of purified Aldrich humic acid (PAHA) and Suwanee River hu-
mic acid (SRHA) on Sb(V) to goethite at different pH values. Experimen-
tal conditions of the batches were 200 mg l−1 goethite, [Sb(V)]initial = 1µM,
[DOC] = 1.6 mg l−1, and I = 0.01 M NaCl. Equilibration time was 24 hours. Er-
ror bars (S.E., n = 3) that are not visible are smaller than the symbols.

with 500 mg l−1 kaolinite in the presence and absence of technical grade humic
acid ([DOC] = 24 mg l−1) over a pH range from 3 to 10. The amount of Sb
sorbed was slightly reduced when humic acid was present, but this effect was
very weak.

We performed equilibrium batch experiments with synthetic goethite and
humic acids in order to identify the effect of humic acids on Sb sorption to
an Fe(hydr)oxide. Goethite was chosen as a sorbent because it is the most
abundant Fe (hydr)oxide in well-aerated soils in humid climates (Cornell and
Schwertmann, 2003) and, thus, must be considered a key sorbent of Sb in
most soils. Purified and predialyzed commercial humic acid (PAHA; Sigma
Aldrich, tech.) and Suwannee River humic acid standard II (SRHA) supplied
by the International Humic Substances Society were used as model humic acids.
Both humic acids and Sb(V) were added together to the goethite suspension.
In these experiments, Sb sorption to goethite was drastically reduced in the
presence of SRHA over a pH range from 4.3 to 8.0 (Figure 2.4). The effect
of the pre-dialyzed humic acid PAHA was similar at the highest pH value,
but became much weaker with decreasing pH and completely disappeared at
pH 4. Accompanying experiments at pH 7 revealed that the effect of humic
acid on Sb(V) sorption was much less pronounced when Sb(V) was allowed to
equilibrate with goethite before the humic acid was added. The desorption effect
increased with humic acid concentration. The results show that competition
between DOC and Sb for binding sites can mobilize Sb and thus could be a
potentially important process in natural waters. How significant this process
is, may depend on the physical and chemical characteristics of the liquid and
solid phase of the soil (see also Appendix A for additional experimental results).

Precipitation and co-precipitation

Only a few reliable thermodynamic data are available relating to the forma-
tion of precipitates involving Sb(V) species in aqueous solutions. Since calcium
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(Ca), magnesium (Mg), sodium (Na), and potassium (K) often occur in high
concentrations in soil solutions, they are the most prominent candidates to form
precipitates with Sb. Naturally occurring alkali metal hydroxoantimonate salts
generally have a high solubility relative to typical Sb concentrations of non-
polluted waters. For example, the solubility of Sb(V) at 25 ◦C in equilibrium
with mopugniute (Na[Sb(OH)6]) is 0.4 g l−1 (Blandamer et al., 1974), and that
of brandholzite ([Mg(H2O)6][Sb(OH)6]2) is 0.5 g Sb l−1 (Diemar et al., 2009),
explaining why these minerals are scarce in nature. Potassium hexahydroxoan-
timonate (K[Sb(OH)6]), which is not known to occur naturally at all (Filella
et al., 2009a), is even more soluble with an equilibrium concentration of more
than 15 g Sb l−1 at 20 ◦C (Andersen, 1938). Under most environmental condi-
tions, mopugnite and brandholzite are not expected to limit Sb(V) mobility in
soils.

Naturally occurring Ca antimonates, referred to as roméites, form a group
of minerals with a highly variable structure and composition (Cornelis et al.,
2011). Johnson et al. (2005) explained the limited solubility of Sb in several
shooting range soil samples with the precipitation of Ca[Sb(OH)6]2, a Ca ana-
logue of brandholzite. Its formation has also been suggested by other authors to
explain unexpectedly low Sb concentrations in extracts of alkaline soils (Conesa
et al., 2010; Okkenhaug et al., 2011; Oorts et al., 2008). The solubility of this
compound, which has still not been confirmed as a naturally occurring min-
eral (Diemar, 2008), was calculated to correspond to an Sb(V) concentration
in solution of 0.016 g l−1 (Diemar et al., 2009). This value may represent the
maximum solubility of Sb(V) in the presence of Ca, at least for short reaction
times (Filella et al., 2009a). The dehydrated crystalline form of Ca antimonate,
Ca2Sb2O7, which is also a member of the roméite group, was shown to have
a much lower solubility. Diemar et al. (2009) dissolved synthetic Ca2Sb2O7 in
diluted HNO3 and determined a solubility that was around three orders of mag-
nitude smaller than that calculated by Johnson et al. (2005) for Ca antimonate.
Both values may actually be valid. The mineral described by Johnson et al.
(2005) was not stable.

Cornelis et al. (2011) showed that the solubility of Ca antimonates strongly
depended on the degree of crystallinity and structure. When synthetic roméite
samples/precipitates were allowed to age for 60 days in suspension, they were
60 times less soluble than samples without aging. Furthermore, solubility was
also influenced by the Sb:Ca ratio and the pH during synthesis. Since the
precipitates dissolved incongruently, with preferential release of Ca, it was not
possible to calculate solubility constants. The findings suggest that the struc-
ture of roméites is highly variable in nature and much more complex than the
usually assumed Ca[Sb(OH)6]2. However, independent of the exact structure
and crystallinity of the mineral phases formed, all studies on this issue agree
that precipitation of Ca antimonate can be a major factor limiting the mobility
of Sb in soils. There is evidence that Sb oxyanions can also form precipitates
with heavy metals such as Pb and Ni (Diemar et al., 2009; Johnson et al.,
2005), and precipitation of schafarzikite, FeSb2O4, and tripuhyite, FeSbO4 was
found to limit the solubility of Sb to a few µg l−1 at ambient temperatures
under laboratory conditions, suggesting that the mobility of Sb could be even



2.4. Retention mechanisms of Sb in soils 21

more limited in the soil environment than previously assumed, at least under
conditions where these minerals are formed (Roper, 2010).

Oxidation of Sb-containing primary minerals and subsequent dissolution of
the oxidation products could substantially enhance Sb mobility. Stibnite, which
is essentially insoluble in water (Brown and Holme, 2010), is readily oxidized
when exposed to ambient air, resulting in Sb oxides, hydroxides and sulfates,
which all have much higher solubilities than stibnite (Filella et al., 2009b).
Oxidation of stibnite and subsequent dissolution of the oxidized minerals may
be of particular importance in areas affected by mining or smelting. Ashley
et al. (2003) found Sb concentrations of 55 mg l−1 in mine tailing dams and
mine waters around mesothermal stibnite deposits in southern New Zealand.
Mobilization of oxidized Sb was slowed down, however, when secondary Fe
(hydr)oxides were present, forming a natural barrier to Sb leaching due to their
high sorption capacity (Ashley et al., 2003). A similar finding was reported
by Wilson et al. (2004) who also observed in situ oxidation of stibnite at a
historical melding site, but did not find any Sb release into the environment.

Generally, precipitation and dissolution of Sb minerals are expected to play a
role in Sb leaching only in strongly contaminated soils, where Sb concentrations
are either high enough to form a precipitate, or in soils in which the dissolution
of a primary mineral such as stibnite buffers the concentration of Sb in solution.
Antimony retention in soils that are not heavily contaminated will more likely
be governed by adsorption processes (Wilson et al. 2010). We found only
one study addressing co-precipitation of Sb. Mitsunobu et al. (2010a) found
Sb(V) as a co-precipitate in Fe(III) (hydr)oxides of synthetic as well as natural
origin using µ-EXAFS. In contrast to adsorption, the incorporation of Sb into
these phases is expected to be largely independent of pH, ionic strength and
competing ions, throwing new light on the geochemical behavior of Sb in soils.

2.4.2 Uptake by plants

The risk of Sb leaching from soil into ground and surface waters may be reduced
to some degree by plant uptake of Sb, although this may lead to other environ-
mental and human health risks due to the potential transfer of plant Sb into
food chains. Antimony has been measured only rarely in vegetation growing
on uncontaminated sites. Values well below 1 mg kg−1 appear to be typical for
most plants growing on uncontaminated soils (Casado et al., 2007). However,
Sb uptake varies widely among plant species and soils (Tschan et al., 2009b).
Antimony concentrations of more than 1,000 mg kg−1 were found in grasses
growing adjacent to Sb and Pb smelters (Ainsworth et al., 1991). Baroni et al.
(2000) studied Sb accumulation in three plant species (Achillea ageratum, Plan-
tago lanceolata and Silene vulgaris) growing spontaneously in an old Sb-mining
area in southern Tuscany (Italy) and found that the roots, stems and leaves of
these plants all strongly accumulated Sb (>1,000 mg kg−1 ) on sites where the
acetic acid extractable soil Sb concentrations were high (139 to 793 mg kg−1 ).
On the other hand, there are also reports of low Sb uptake from plants growing
on Sb contaminated soils (Casado et al., 2007; Dominguez et al., 2008; Pratas
et al., 2005). Casado et al. (2007), for example, analyzed 19 plants growing in
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an abandoned mining area in Spain. Although total soil Sb concentrations were
high (60 to 230 mg kg−1 ), mean Sb concentrations in aboveground plant parts
did not exceed 1.15 mg kg−1 , which was attributed to the fact that water-soluble
Sb contents were low (0.02 and 0.26 mg kg−1 ). These findings demonstrate that
total soil Sb concentration usually is a poor indicator of Sb bioavailability to
plants.

Tschan et al. (2009b) reviewed the literature on Sb uptake by terrestrial
plants and found that Sb accumulation in plants was approximately propor-
tional to soluble soil Sb concentrations over more than five orders of magnitude.
The average bioaccumulation coefficient (i.e. the ratio between plant and total
soil concentrations) was only 0.0022 though (Tschan et al., 2009b). Thus, accu-
mulation by plants is not likely to play a major role in the retention of soil Sb in
general. Plants may, however, have important effects on the mobility of Sb in
soil in other ways, such as the exudation of mobilizing ligands, or the creation of
preferential flow channels through root growth and subsequent decomposition.
The role such effects on Sb leaching from soils has not yet been addressed in
the scientific literature.

2.5 Mobilization and transport of Sb in soils

Since Sb predominantly occurs as an oxyanion over a wide Eh-pH range in soil
solutions, it is often assumed to be quite mobile in soils and sediments. The
reality, however, is much more complex. The mobility of Sb in soil depends on
the interplay of all the physical, chemical, and biological processes highlighted in
the previous sections. In combination with hydrological factors, these processes
determine in which forms Sb is present and how they move in the dynamic
multi-component and multi-phase system soil.

Dissolved Sb concentrations can be high in strongly contaminated soils, but
typically represent only a small percentage of total Sb concentrations in soils
(Wilson et al., 2010). Knowing in which form Sb arrives in the soil, is the first
step to understand its subsequent fate. One of the main factors determining
the fate of Sb in soil is the presence of Fe, Mn and Al (hydr)oxides. Due to their
ubiquitous occurrence and their high sorption capacity for Sb, Fe (hydr)oxides
in particular can effectively limit the Sb displacement in soils. Such a barrier
effect provides a likely explanation for field observations in mining areas with
soils of high contents of Fe (hydr)oxide contents and low pH values, where
anomalously high Sb levels were found being confined to the immediate vicinity
of the contamination source, indicating a very low mobility (Ashley et al., 2003;
Wilson et al., 2004). Fe may also limit Sb solubility by the formation of low-
soluble Fe-bearing Sb minerals. Roper (2010) suggested tripuhyite, which is
highly insoluble even under strongly acidic conditions, as the ultimate sink for
Sb in soils, depending on soil redox conditions and pH.

Under conditions where the retention of soil Sb is controlled by sorption onto
metal (hydr)oxide surfaces, other components competing with Sb for sorption
on these surfaces such as DOC can have a strong influence on Sb mobility.
DOC may also affect Sb mobility by formation of soluble complexes with Sb.
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This mechanism may explain the finding that some mobility of Sb can occur
even in acidic peat soils, despite the strong retention capacity of these soils
for Sb, as demonstrated by the conservation of historical deposition profiles.
Studying Sb concentrations in a stream draining (pH 6.0 to 6.6) a contaminated
shooting range located in a peatland area in Norway, Heier et al. (2010) found Sb
concentrations of up to approximately 12µg l−1 , which were closely correlated
with DOC concentrations.

Drastic changes in the mobility of Sb in soil can be expected to occur with
variations in redox potential, due to periodic water logging for example. The
reductive dissolution of Mn and Fe (hydr)oxides would be associated with the
release of Sb sorbed to them. The released Sb may then be bound by other
geochemical reactions, such as precipitation or adsorption to other phases, or be
transported away by diffusion and convection. Retention and thus mobility will
also be substantially affected with the transition from aerobic to anaerobic con-
ditions by the reduction of Sb(V) to Sb(III). The fact that antimonite generally
exhibits a stronger affinity to metal hydroxides than antimonate, in particu-
lar at higher pH values, counteracts the solubilizing effect of reductive Fe and
Mn (hydr)oxide dissolution. Thus, water logging conditions may actually pro-
mote Sb immobilization as long as the latter effect does not become dominant.
Under strongly reducing conditions, when sulfate is reduced to sulfide, immo-
bilization of Sb may also be expected to result from precipitation of stibnite, in
particular at acidic to neutral pH, Frohne et al. (2011) investigated the effect
of anaerobic conditions on the solubility of Sb in microcosms with suspensions
contaminated floodplain soil. The experimental setup allowed a controlled vari-
ation of the redox potential from reducing (approximately -300 mV at pH 5)
to oxidizing (+600 mV at pH 5) conditions in the suspension. The concen-
tration of dissolved inorganic Sb increased significantly with decreasing redox
potential. Dissolved Fe concentrations were generally high at low Eh and de-
creased rapidly when Eh values exceeded 300 mV, while the concentrations of
total S and sulfate in solution did not show a significant correlation with the
measured redox potential. While these results show that anaerobic conditions
can promote Sb mobility, the measurements did not reveal a clear relationship
between Sb, Fe and S in solution, demonstrating how difficult it is to predict
the influence of redox processes on the mobility of Sb in soils.

When a soil is flooded and then drained again, metal (hydr)oxides are
likely to have a less ordered crystallinity than before their reductive dissolution
caused by the flooding. As a lower crystallinity is associated with a larger sur-
face area, this process will also increase their adsorption capacity (Mitsunobu
et al., 2006a). The oxidation of Sb(III) to Sb(V) catalyzed by these metal
(hydr)oxides, may, on the other hand, have a mobilizing effect, at least under
alkaline conditions. Leuz et al. (2006b) showed that 30% of the adsorbed Sb
was released into solution at pH 9.9, while the oxidation of Sb(III) did not
mobilize Sb at pH values below pH 7 within the same time.

In comparison to the role of soil chemical processes in Sb retention, only
little attention has given to the influence of physical and hydrological factors
on Sb leaching from soils. Knechtenhofer et al. (2003) investigated the fate of
heavy metals and metalloids in a strongly acidic shooting-range soil using a dye
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tracer and found that Sb, along with Pb and Cu, was strongly retained in the
topsoil, but appeared to be transported quite rapidly through preferential flow
channels in the subsoil. Macropores can also provide preferential pathways for
particle-bound transport (e. g. Petersen et al., 2004; Roulier et al., 2008), and
thus promote leaching of Sb, bound to such particles, in particular to particles
consisting of or coated with Fe and Mn (hydr)oxides. Evidence for a potential
role of suspended iron (hydr)oxide particles as carriers of Sb was given by
Casiot et al. (2007), who found a close correlation between particulate Sb and
Fe concentrations in creek water draining an abandoned Sb mine.

In order to study the risks of Sb leaching from relocated shooting range
soils, we set up a field lysimeter experiment in 2009. Results of the first year of
discharge monitoring are shown in Figure 2.5. The soil to which these results
relate was a highly calcareous silt loam of alluvial origin. The total Sb concen-
tration in the soil averaged around 20 mg kg−1, and speciation analysis showed
that water-soluble Sb was exclusively present as Sb(V). The discharge was cu-
mulatively collected in weekly intervals. The Sb concentrations of these samples
increased steeply over the first 5 weeks after the lysimeters had been installed,
but remained relatively stable subsequently (Figure 2.5). The maximum Sb
concentration of the drainage samples was 133µg Sb l−1 and the total export
of Sb with discharge was 89 mg m−2 over the first experimental year. The Sb
concentration of the discharge showed a quite close positive correlation to its
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Figure 2.5: Outflow, dissolved organic carbon (DOC), pH and total Sb concentration
in the discharge from a field lysimeter after filling with calcareous shooting range
soil in September 2009. Error bars are the standard error of four replicates.
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DOC concentration, indicating that DOC was involved in the mobilization and
possibly also transport of Sb. A batch experiment showed that Sb solubility
was not governed by the dissolution of Sb-containing solid phases in this soil.
These results are in agreement with those of Martinez-Llado et al. (2011), who
studied Sb mobility in contaminated calcareous soil. Their column experiments
revealed little retardation, and correlations with soil organic matter determi-
nations indicated that organic substances might have played an important role
as mobilizing agent. The high mobility of Sb in the columns was in agreement
with the finding of low sorption capacities in batch experiments with the same
soils, although oxalate extraction indicated that active Fe and Al hydroxides
governed Sb sorption in the batch experiments.

2.6 Conclusions

In summary, sorption studies suggest that Sb is rather strongly retained in most
soils, particularly in soils rich in Fe (hydr)oxides and soils low in pH, but also in
acidic organic soils, as demonstrated by the preservation of Sb immission histo-
ries in the profiles of peat cores. Concentrations of soluble Sb should further be
expected to be limited in aerobic soils with a high dissolved Ca concentration
by precipitation of Ca antimonates. In contrast to such expectations, soil Sb
was also found in other studies to exhibit a rather high mobility, even in soils
with high sorption capacity, suggesting that fractions of Sb were mobilized by
formation of stable non-sorbing complexes, especially with organic ligands, or
by association with suspended particles. This form of transport would be en-
hanced by thermodynamic non-equilibrium conditions in Sb transfer between
mobile and immobile phases.

Antimony retention in soil furthermore can be strongly changed with re-
dox conditions. But understanding how variations in redox potential affect Sb
mobility is still very vague and incomplete. Given that thermodynamic non-
equilibrium conditions are a general characteristic of soil redox processes and
that this also holds for changes in the redox state of Sb, better understanding
the kinetics of these processes will also be key to predictions of Sb mobility in
soils subject to changing redox conditions.
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3.1 Abstract

Contamination of shooting range soils by antimony (Sb) released from corroding
ammunition has become an issue of public concern in various countries. Many of
these soils are at least occasionally subject to waterlogging; yet mechanisms con-
trolling Sb mobility under anaerobic conditions are still poorly understood. We
investigated Sb concentration and speciation dynamics in a calcareous shooting
range soil in terms of changing redox conditions using microcosm batch exper-
iments. The transition to reducing conditions invoked by indigenous microbial
activity at first led to the immobilization of Sb, as Sb(V) was converted to
Sb(III), which has a higher sorption affinity to iron (hydr)oxides. When re-
ducing conditions continued, previously sorbed Sb(III) was gradually released
into solution due to reductive dissolution of iron (Fe) (hydr)oxides. Specia-
tion measurements in the solid phase by X-ray absorption near edge structure
(XANES) spectroscopy and in the soil solution by liquid chromatography ICP-
MS provided the first evidence that Sb(III) predominated at low redox condi-
tions (Eh<0.05 V) in both phases. The results show that Sb(V) is less stable in
reducing environments than commonly assumed. Given that Sb(III) is generally
more toxic than Sb(V), the mobilization of Sb(III) under Fe-reducing conditions
may significantly increase (eco)toxicological risks arising from Sb-contaminated
soils that are prone to flooding or waterlogging.

3.2 Introduction

Human activities have led to highly elevated antimony (Sb) concentrations in
many soils and, consequently, to increased exposure of biota to this toxic el-
ement. Besides mining activities, waste incineration, fossil fuel combustion
and road traffic emissions, a considerable source of soil contamination by Sb
is shooting, as lead ammunition contains 2% to 5% metallic Sb as a hardener
(Butterman and Carlin, 2004). Although confined to rather small areas on
most shooting ranges, this source of contamination is a major environmental
problem due the abundance of such sites. In Switzerland, up to 25 tons of
Sb enter the pedosphere every year by shooting on more than 2,000 shooting
ranges (Mathys et al., 2007). In the United States, Sb is now being replaced
by Sb-free bullets in response to environmental concerns, but there is a legacy
of past Sb contamination of roughly 3,000 small-arms ranges used by the De-
partment of Defense and of 9,000 non-military ranges (Butterman and Carlin,
2004). Shooting ranges have recently come into the focus of public concern also
in Finland (Sorvari, 2007; Sorvari et al., 2006) and Norway (Stromseng et al.,
2009). While Sb concentrations on shooting ranges of more than several thou-
sand mg kg−1 have been reported (Robinson et al., 2008; Clausen and Korte,
2009), large areas are only moderately contaminated (<100 mg Sb kg−1) and
can potentially be reused for less sensitive types of land-use such as pasture or
urban landscaping (Evangelou et al., 2012). Knowledge about the risks of Sb
leaching from these soils is, however, very limited.

A key factor of Sb reactivity and mobility in soils is the redox state, which
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is closely related to soil aeration and thus to the soil water regime. Many soils
are subject to permanent or periodic waterlogging (Kirk, 2004). According
to thermodynamic equilibrium calculations, Sb(V), which is typically present
as the oxyanion Sb(OH)−6 (antimonate) in aqueous solution, is stable in aer-
ated soils, while Sb(III) is expected to predominate in the form of the neutral
species Sb(OH)3 (antimonite) under reducing conditions (Filella et al., 2002b).
The reduction of Sb(V) to Sb(III) in soils has been shown to occur abiotically
coupled to the oxidation of ferrous iron (Kirsch et al., 2008; Leuz et al., 2002;
Mitsunobu et al., 2008), but is also shown to be catalyzed by bacteria (Abin
and Hollibaugh, 2014; Kulp et al., 2014). Both environmentally prevalent Sb
redox species bind to iron (Fe) and manganese (Mn) (hydr)oxides (Blay, 1999;
Leuz et al., 2006b; Wilson et al., 2010), which may release Sb through reduc-
tive dissolution under waterlogged conditions. The transformation of Sb(V)
to Sb(III) may, however, counteract this effect, because Sb(OH)3 sorbs more
extensively to metal hydroxides at circumpolar pH than Sb(OH)−6 (Leuz et al.,
2006b). Experimental data on the behavior of Sb under reducing conditions
is remarkably scarce. Given that Sb(III) is generally more toxic than Sb(V)
(Filella et al., 2002a), it is important to understand how soil redox conditions
affect Sb speciation, sorption and mobility for an accurate risk assessment of
Sb-contaminated soils.

The few studies on the behavior of Sb in reduced soils are contradictory
and mechanisms governing Sb speciation and concentrations remained largely
unclear. Some authors found a decrease in soluble Sb (Casiot et al., 2007;
Mitsunobu et al., 2006a), implying that reducing conditions lead to an im-
mobilization rather than a release of Sb into the environment. Antimony(V)
was identified as the main species in the solid as well as in the liquid phase
(Casiot et al., 2007; Mitsunobu et al., 2006a; Okkenhaug et al., 2012) even at
redox conditions that should not favor Sb(V). Therefore, it was postulated that
Sb(V) is a very stable species. In contrast, micro-focused X-ray absorption
near structure (µ-XANES) spectroscopy revealed that a significant amount of
Sb(III) was bound to edges of soil particles coated with Fe (hydr)oxides under
reducing conditions (Mitsunobu et al., 2010b). In another recent study, 60% of
the total Sb in solution was found as Sb(III) in a reduced shooting range soil
(Wan et al., 2013a), but Sb solid phase speciation was not carried out and thus
the underlying mechanisms for the observed Sb dynamics remain speculative.

To study how the interplay of reduction, sorption and mineral dissolution
processes affects Sb release from waterlogged contaminated shooting range soil,
we performed microcosm batch experiments with and without addition of lac-
tate as an external electron donor to promote reducing conditions by enhancing
indigenous microbial activity. Antimony speciation in solution by liquid chro-
matography inductively coupled plasma mass spectrometry (LC-ICP-MS) com-
bined with solid phase Sb K-edge XANES spectroscopy gave direct evidence of
the processes occurring in the soil-water-system and thus helped towards their
mechanistic interpretation.
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3.3 Materials and methods

All chemicals used were analytical grade or purer. For the preparation of so-
lutions and for rinsing, ultrapure deionized water (>18 MΩcm) was used. All
glassware was washed in 0.3 M HNO3 overnight and rinsed three times with
ultrapure water before use.

3.3.1 Soil characteristics

Soil was collected in the surroundings of the stop butts on a military shooting
range located on an alluvial floodplain of the River Rhine (46◦51’19”N and
9◦30’11”E), close to the city of Chur in Eastern Switzerland. The soil was
taken from the surface horizon (0−30 cm) of a Fluvisol, cleaned of roots and
sods, homogenized, air-dried, sieved to <2 mm and stored in plastic bags in the
dark. The soil had a silt loam texture (US soil taxonomy (Soil Survey Division
Staff, 1993)), contained 15% CaCO3, 0.9% organic carbon and was slightly al-
kaline (pH 7.8 in 0.01 M CaCl2) (Conesa et al., 2010). Total metal(oid) concen-
trations, measured by energy-dispersive X-ray fluorescence spectroscopy (XRF;
X-Lab 2000, Spectro), were 21 mg kg−1 Sb, 29,500 mg kg−1 Fe, 820 mg kg−1 Mn,
520 mg kg−1 Pb, 66 mg kg−1 Cu, 55 mg kg−1 Ni, 110 mg kg−1 Zn, and 17 mg kg−1

As. According to XRD analyses (Bruker AXS D8 Advance), the main minerals
in the soil were quartz, calcite, muscovite, and chlorite (Conesa et al., 2010).

3.3.2 Microcosm experiment

To establish the unamended microcosms, 50 ml 0.01 M CaCl2 (Fluka, Switzer-
land) was placed in 120 ml serum bottles, covered with aluminum foil to keep
evaporation losses to <5%, and autoclaved at 120 ◦C for 20 min. In lactate-
amended microcosms, the solution contained additionally 0.015 M sodium (Na)
L-lactate (Sigma Aldrich, Switzerland). After autoclaving, 5 g air-dried soil was
added, and the bottles were closed with air tight butyl rubber stoppers (Rub-
ber BV, The Netherlands). Oxygen was purged from these microcosms with
N2 using a self-made automatic gas exchange system. The microcosms were
incubated for periods between one and 64 days at 32 ◦C with rotational shaking
(80 rpm, INFORS incubator) in the dark to prevent photo-induced oxidation of
Sb(III). Both, the unamended and lactate-amended treatments had some mi-
crocosms reoxidized by atmospheric oxygen after 42 days (serum bottles were
opened and covered with perforated aluminum foil), with some remaining anaer-
obic. Evaporative water losses (∼0.3 ml d−1) were compensated for by adding
ultrapure water in regular intervals. Three replicate microcosms were run for
each combination of treatments (lactate-amended, unamended) and incubation
conditions (anaerobic, reoxidized).

To assess the effect of lactate on the solubility and redox speciation of Sb
in solution and to demonstrate the role of microbial activity in driving these
processes, control microcosms were prepared in duplicate by addition of N2-
purged and autoclaved solutions (with and without lactate) to 5 g of gamma-
sterilized (25−75 kGy) soil in oxygen-free sealed bottles using a laminar flow
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hood. The controls were incubated anaerobically, and treated in the same
manner as the non-sterile microcosms. Addition of 0.015 M lactate increased
Sb(V) equilibrium concentrations by 20µg l−1, but did not have an effect on Sb
redox speciation (Appendix Figure B.1).

3.3.3 Sample preparation for Sb speciation

For anaerobic microcosms, all steps of the sample preparation for Sb specia-
tion measurements were conducted under strictly anaerobic conditions in an
oxygen-free glove box (Thermo Scientific Anaerobic system 1025/1029), using
N2-purged solutions. For Sb speciation in soil solution, an aliquot of the su-
pernatant was filtered through 0.2µm nylon filters (WICOM), stabilized with
0.05 M EDTA (Titriplex III, Merck) and placed in 1 ml polyethylene vials. An-
timony speciation measurements were completed in less than 1 h after sampling.
The remaining soil suspension was transferred into 50 ml plastic vials and cen-
trifuged at 4500 g for 5 min. The supernatant was decanted and processed for
further analysis. The soil solids recovered from a 64 day lactate-amended mi-
crocosm were stored at -20 ◦C under an oxygen-free atmosphere and then freeze
dried under argon (Ar) for analysis by Sb K-edge XANES spectroscopy.

Sb speciation in soil solution was analyzed in the EDTA-stabilized samples
using a modified version of the method described by Lintschinger et al. (1998).
A strong anion exchange column (Agilent Q 3154-65001) and a mobile phase
of 20 mM EDTA (Titriplex III, Merck), 0.2 mM potassium hydrogen phthalate
(Fluka), and 2% methanol (Baker) at pH 4, was used for chromatographic sep-
aration of Sb(V) and Sb(III). The flow rate was 1 ml min−1. Mixed calibration
standards of Sb(V) and Sb(III) in 0.05 M EDTA were freshly prepared before
measurement using 1000 mg l−1 stock solutions of Sb(V) (KSb(OH)6 dissolved
in water; Merck) and Sb(III) (Sb2O3 in 2 M HCl; Merck). The quantification
limits, determined as ten times the standard deviation (σ) of a 0.5 µg l−1 sample
(n = 10), were 0.3µg l−1 and 0.5µg l−1 for Sb(V) and Sb(III), respectively.

3.3.4 Analysis of pH, redox potential, total Sb, Mn and Fe in
solution

The pH and redox potential were measured in the suspensions under Ar atmo-
sphere for anaerobic microcosms or under ambient conditions for reoxidized
microcosms, using a Metrohm713 pH meter equipped with a pH electrode
(Metrohm 6.0259.100) or a Pt redox electrode (Metrohm 6.0451.100, refer-
ence electrode Ag/AgCl). Redox electrode readings are reported as poten-
tials against the standard hydrogen electrode (Eh). Suspension samples were
0.2µm filtered, acidified to 0.3 M HNO3 and analysed by ICP-MS (Agilent
7500cx) for total dissolved Sb and by ICP-optical emission spectroscopy (ICP-
OES; Varian, Vista-MPX CCS simultaneous) for dissolved Mn. Dissolved Fe(II)
was measured within four days after sampling in previously stabilized aliquots
(0.5 M HCl) of the supernatant using the phenanthroline method (Fadrus and
Maly, 1975).
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3.3.5 Sb solid-phase speciation

Antimony K-edge spectra of soil samples were recorded at the SuperXAS beam-
line of the Swiss Light Source (SLS, Paul Scherrer Institut, Villigen, Switzer-
land). The X-rays resulting from a superbend magnet were collimated using a
Pt coated mirror, monochromatized with a Si (311) double crystal monochro-
mator and focused using a Pt coated toroidal mirror. The photon energy
was calibrated relative to the Sb K-edge of a metallic antimony reference foil
(30.491 keV). The initial soil, that is the soil before incubation, and the re-
duced soil sampled from an amended microcosm after 64 days incubation were
prepared as pressed pellets. XANES spectra of soils samples were collected
in fluorescence mode under ambient conditions using a 13 element Ge detector
(Canberra). Over repeated XANES scans, no changes in Sb oxidation were
observed, suggesting that radiation damage was minimal.

For linear combination fitting (LCF), XANES spectra of potentially relevant
Sb species were also collected in transmission mode. X-ray amorphous Ca
antimonate (Ca[Sb(OH)6]2) was precipitated from a supersaturated solution as
described by Diemar and coworkers (2009), and Sb2O3 (Fluka, Switzerland),
metallic Sb (Alfa Aesar, Germany) and KSb(OH)6 (Merck, Germany) were used
as received. For the preparation of Sb adsorbed to goethite (hereafter referred
to as Sb(V)-goethite and Sb(III)-goethite, respectively), goethite was allowed
to equilibrate with a solution containing either Sb(III) or Sb(V) under oxygen-
free and ambient conditions, respectively. Extraction of normalized XANES
spectra from the raw data and LCF was performed using the software Athena
(Ravel and Newville, 2005). Details of the reference materials and on the data
processing are provided in Appendix B.

The best possible combination of reference compounds describing the
fit quality for soil samples was selected based on the R-factor (Ravel and
Newville, 2005), which is equivalent to the normalized sum of the residuals:
R-factor = Σ(y − yfit)

2/Σ(y2). Since stibnite (Sb2S3) may form under reducing
conditions, the normalized Sb K-edge spectrum of Sb2S3 recorded by Okken-
haug et al. (2011) was digitized using DigitizeIt (Bormann, 2010) and also
included in the LCF, but did not contribute to any best fit obtained.

3.3.6 Statistical data treatment

A linear regression to a significance level of P <0.01 was employed to compare
the soluble Sb and Fe(II) concentrations by using the software R version 2.13.0
(The R Foundation for Statistical Computing, 2011).

3.4 Results

3.4.1 Biogeochemical dynamics in the liquid phase of the
microcosms unamended with lactate

In the unamended microcosms, soluble Sb(V) concentrations increased from
25µg l−1 at the beginning of the experiment to 49µg l−1 on day six and then
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decreased again within the following week to <20µg l−1 and further to ∼5µg l−1

over the next two weeks (Figure 3.1 a). Because Sb(III) remained low during
the entire experiment (<4.7µg l−1, Figure 3.1 b), total Sb concentrations (Fig-
ure 3.1 c) showed virtually the same pattern as Sb(V). Dissolved Fe concen-
trations were, with two exceptions (∼3 mg l−1 on day 33 and 64), below the
quantification limit of 0.2 mg l−1 (Figure 3.1 d). Dissolved Mn concentrations in-
creased from an initial value of 0.1 mg l−1 to ∼5 mg l−1 on day six (Figure 3.1 e),
where they remained as long as anaerobic conditions were maintained. Redox
potentials were still at ∼0.4 V on day 42, considering a transient drop to ∼0.0 V
recorded on day 35 as an artifact, and only then started to gradually drop to
0.2 V within the following three weeks of anaerobic incubation (Figure 3.1 f).
Though changes in pH were small (Figure 3.1 g), there was a steady decrease
from an initial value of pH 7.8 to a minimum of pH 7.3 on day 22.

In incubations that were reoxidized on day 42, Sb(V) concentrations in-
creased again and reached a plateau at ∼50µg l−1 within a week (Figure 3.1 a).
Re-aeration caused Mn concentrations to decrease within two weeks from
∼5 mg l−1 to <0.2 mg l−1 (Figure 3.1 e), while the redox potential (Figure 3.1 f)
and pH (Figure 3.1 g) immediately increased back to initial values.

3.4.2 Biogeochemical dynamics in the liquid phase of the
lactate-amended microcosms

Soluble Sb(V) concentrations in the lactate-amended microcosms dropped from
∼40µg l−1 at the beginning of the experiment to <3µg l−1 on day six and then
slowly increased again until day 54, but always remained below 10 µg l−1 (Fig-
ure 3.2 a). Starting below the quantification limit (0.5µg l−1), soluble Sb(III)
concentrations steadily increased after day one for three weeks and then re-
mained approximately stable at ∼20µg l−1 (Figure 3.2 b). The rise in solu-
ble Sb(III) concentrations was paralleled by an increase in total soluble Sb
concentrations (Figure 3.2 c) and a concomitant increase in soluble Fe(II) (Fig-
ure 3.2 d), which remained high (>60 mg l−1) after day 21. Manganese was also
quickly released into solution (Figure 3.2 e), reaching a plateau of ∼12 mg l−1

from day six onwards. With the first detection of Fe(II) in solution on day
six, the redox potential dropped from the initial 0.4 V to less than 0 V, but
returned to 0.4 V in microcosms where oxygen was reintroduced (Figure 3.2 f).
The pH slightly decreased from initially 7.8 to 7.3 on day six and remained
fairly constant upon further anaerobic incubation (Figure 3.2 g).

With reoxidation on day 42, Sb(III) concentrations decreased from
∼20µg l−1 to <2µg l−1 within one day, whereas Sb(V) was released into solution
(Figure 3.2 a). With concentrations ranging from 24µg l−1 to 31µg l−1, Sb(V)
concentrations after reoxidation remained below initial concentrations. Both
dissolved Fe(II) and Mn concentrations (Figure 3.2 d, e) dropped concomitantly
with Sb(III) concentrations, while the redox potential gradually increased from
<0 V to 0.4 V after reoxidation (Figure 3.2 f).
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Figure 3.1: Concentrations of dissolved (a) Sb(V), (b) Sb(III), (c) total Sb, (d) Fe,
and (e) Mn, as well as (f) redox potential (Eh), and (g) pH in the unamended
microcosms. Filled symbols refer to anaerobic microcosms, open symbols to
microcosms under aerobic conditions (grey shading). Error bars are the standard
deviation of triplicate microcosms.
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Figure 3.2: Concentrations of dissolved (a) Sb(V), (b) Sb(III), (c) total Sb, (d) Fe, and
(e) Mn, as well as (f) redox potential (Eh), and (g) pH in the lactate-amended
microcosms. Filled symbols refer to anaerobic microcosms, open symbols to
microcosms under aerobic conditions (grey shading). Error bars are the standard
deviation of triplicate microcosms.
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Figure 3.3: Relationships between (a) dissolved Sb(III) or (b) dissolved Sb(V) and
soluble Fe(II) in the lactate-amended (open symbols) and in unamended (filled
symbols) microcosms.

3.4.3 Interactions between Sb and Fe

Considering only data points where both Fe(II) and Sb(III) were above their
respective quantification limits (0.2 mg l−1 and 0.5µg l−1, respectively) in mi-
crocosms amended and unamended with lactate, Sb(III) concentrations signif-
icantly correlated with Fe(II) concentrations (R2 = 0.85, P< 0.01) in the solu-
tion of the microcosms (Figure 3.3 a), while no linear relationship was found
between soluble Sb(V) and Fe(II) (Figure 3.3 b). Generally, Fe and Sb(III)
concentrations (up to 70 mg l−1 and 30µg l−1, respectively) were higher in the
lactate-amended microcosms than in the unamended microcosms, where they
remained close to the detection limit.

3.4.4 Sb speciation in the solid phase

Normalized Sb K-edge XANES spectra of the reference compounds revealed
an absorption edge shift to lower energy with decreasing oxidation state
(Figure 3.4 a), indicating that Sb redox species can be reliably discriminated.
In the LCF analysis (Figure 3.4 b), the best fit scenario carried out on the nor-
malized XANES spectra for the initial soil sample, that is the soil before incuba-
tion, was 88% Sb(V)-goethite and 13% Sb(III)-goethite (R-factor = 0.00033).
Antimony speciation in the reduced soil recovered from the lactate-amended
soil after 64 days of anaerobic incubation was best reproduced by a com-
bination of 71% Sb(III)-goethite, 10% Sb(V)-goethite and a 21% Sb2O3 (R-
factor = 0.00065). Goethite was chosen as a proxy for Fe (hydr)oxides, because
it is the most abundant Fe (hydr)oxide in well-aerated soils in humid climates
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(Schwertmann and Taylor, 1989) and was shown to play a significant role in
the sorption behavior of Sb (Blay, 1999; Leuz et al., 2006b; Johnson et al.,
2005; Mitsunobu et al., 2006a). The presence of Ca[Sb(OH)6]2 or metallic Sb
originating from unweathered bullets was not indicated by LCF in either soil
sample.

Figure 3.4: (a) Normalized Sb K-edge XANES spectra (solid lines) of the initial soil
before incubation and of the reduced soil recovered from a lactate-amended,
anaerobic microcosm compared to spectra of selected reference materials. Linear
combination fits (LCF) are displayed by grey dotted lines on top of the measured
spectra. (b) Results of the LCF for the initial and reduced soil.



38 Chapter 3. Release of Sb from contaminated soil induced by redox changes

3.5 Discussion

3.5.1 Mobilization of Sb(V) under anaerobic conditions in the
unamended microcosms

As revealed by the XANES spectra (Figure 3.4), Sb(V) was the predominant
species in the solid phase at the beginning of the experiment, probably sorbed
to Fe (hydr)oxides or similar metal (hydr)oxides. Despite 15% CaCO3 in the
experimental soil (Conesa et al., 2010), the LCF analysis of the spectra did not
indicate the presence of precipitated Ca antimonates. Therefore, dissolution of
Ca antimonates, which has been proposed as a key mechanism controlling Sb
mobility in calcareous soils (Johnson et al., 2005; Okkenhaug et al., 2011; Oorts
et al., 2008) could not have affected Sb solubility in the study soil. The initial
increase in dissolved Sb(V) of the unamended microcosms (Figure 3.1 a) was
most likely due to the desorption of Sb(V) from the solid phase resulting from
non-equilibrium conditions created when the samples became water-saturated
at the start of the incubation. Some release with reduction of Mn phases, to
which a minor part of Sb(V) may have been bound, could also have occurred.
We did not impose or observe other changes in physical or chemical conditions
that could explain this increase: The slight drop in pH (Figure 3.1 g), which
was likely due to production of CO2 by microbial respiration, would explain
immobilization rather than mobilization of Sb (Leuz et al., 2006b); while the
concentrations of dissolved organic carbon (DOC), nitrate and sulfate anions
competing with antimonate for sorption sites (Biver et al., 2011) were rather
stable or showed no trend during the first six days (Appendix Figure B.2 a-c).
The desorption resulted in an Sb(V) peak concentration of ∼50 µg l−1 after
day six of the incubation, before Sb(V) concentration decreased (Figure 3.1 a).
Slow kinetics was also found in a study of Sb(V) desorption from pure goethite,
in which equilibrium concentrations were not reached within two days (Leuz
et al., 2006b). The fact that an initial increase in dissolved Sb was also found
in the sterilized control microcosms (Appendix Figure B.1 a) provides further
evidence that this phenomenon was the result of primarily abiotic processes.

3.5.2 Immobilization of Sb induced by reduction of Sb(V) to
Sb(III)

While there was only a small initial increase in Sb(V) in the lactate-amended
microcosms, both, the lactate-amended and the unamended microcosms subse-
quently showed a steep drop in Sb(V) concentrations after three and six days of
incubation, respectively (Figures 3.2 a, 3.1 a). A similar decrease was also ob-
served in previous studies on Sb behavior in soil subject to reducing conditions
(Casiot et al., 2007; Mitsunobu et al., 2006a; Wan et al., 2013a). Mitsunobu
et al. (2006a) attributed it to structural transformations of Fe and Mn minerals
by dissolution and reoxidation reactions in redox-variable soils increasing their
surface areas and hence their sorption capacities (Fendorf and Kocar, 2009).
In our unamended microcosms, however, the redox potential did not change
substantially within the first three weeks (Figure 3.1 f), and only little Fe(II)
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was released (Figure 3.1 d). Thus, secondary minerals with higher surface site
densities are not likely to have precipitated in these microcosms. Instead, we
show that the reduction of Sb(V) to Sb(III) was responsible for the decrease
in dissolved Sb concentrations, because partitioning of Sb between liquid and
solid phases strongly depends on its oxidation state. At near-neutral pH, Fe and
Mn minerals sorb antimonite much more strongly than antimonate (Blay, 1999;
Leuz et al., 2006b). Thus, once reduced to its trivalent state, Sb is scavenged
from the soil solution by solid Fe and Mn phases due to their strong preference
for sorption of antimonite. This also explains why soluble Sb(III) concentrations
remained below or close to the detection limit in the unamended microcosms
(Figure 3.1 c) (Mitsunobu et al., 2010b; Wan et al., 2013a,b).

This hypothesis is supported by the increase in Sb(V) (Figures 3.1 a, 3.2 a)
and decrease in Sb(III) (Figures 3.1 b, 3.2 b) that occurred with reoxidation af-
ter day 42 in both treatments, reflecting the transformation of adsorbed Sb(III)
on Fe and Mn mineral phases to its pentavalent counterpart and its subsequent
release (Belzile et al., 2001; Leuz et al., 2006b). After reoxidation, the concen-
trations of Sb(V) in solution leveled off within two weeks (Figure 3.2 a) to values
similar to the peak concentration after six days of anaerobic incubation in the
unamended microcosms. This suggests that the peak concentration observed
in the beginning of the experiment was close to equilibrium and that approxi-
mately one week was required to establish Sb(V) desorption equilibrium in our
experimental soil.

With a share of ∼90% in the soil solids, Sb(III) was the major Sb species in
the soil matrix after 64 days incubation in the lactate-amended microcosms.
Best LCF results of the XANES spectra suggested Sb(III) primarily being
bound to Fe (hydr)oxides. Unfortunately, the Sb concentrations were too low
in our experiment for analysis using extended X-ray absorption fine structure
(EXAFS) spectroscopy, which could have given more clarity about the associ-
ation of Sb(III) with mineral phases in the reduced soil. There may also have
been some precipitation of Sb2O3, although the soil solution was not supersat-
urated with respect to Sb2O3, which has a solubility of >7,671 µg l−1 Sb(III)
(Baes and Mesmer, 1986). Previous studies, however, indicated that Sb2O3 can
precipitate even under conditions at which it is not thermodynamically stable
(Blay, 1999; Oorts et al., 2008).

While the development of reducing conditions was limited by the low con-
centration of DOC in the unamended microcosms (<15 mg l−1 DOC, Appendix
Figure B.2 c), the addition of lactate as substrate for microbial respiration
strongly accelerated the establishment of Sb(III)-reducing conditions in the
lactate-amended microcosms (Appendix Section B.5). In the unamended mi-
crocosms, reduction of Sb(V) was so much delayed that it was clearly separated
from the initial desorption phase (Figure 3.1 a), while these phases overlapped
in the lactate-amended microcosms so that the effect of desorption was over-
ridden by the reduction of the released Sb(V) and the subsequent adsorption
of the produced Sb(III) to Fe-hydroxides (Figure 3.2 a).



40 Chapter 3. Release of Sb from contaminated soil induced by redox changes

3.5.3 Coupling of Fe mineral reduction and Sb(III) release

In contrast to the unamended microcosms, in which hardly any Fe(II) was
released, Fe(II) concentrations >10 mg l−1 were already detected six days af-
ter the start of anaerobic incubation of the lactate-amended microcosms (Fig-
ures 3.1 d, 3.2 d). Dissolved Fe concentrations reached a plateau at ∼60 mg l−1 in
the amended microcosms after three to four weeks of incubation. This plateau,
which corresponded to only 2% of the total Fe in the system, suggests that only
a rather small pool of reactive Fe (hydr)oxide was available for microbial Fe
respiration. The establishment of Fe-reducing conditions was reflected in the
drop in redox potential (from ∼0.4 V to <0 V; Figure 3.2 f), which is consistent
with thermodynamic equilibrium calculations that predict Fe (hydr)oxides to
be reduced at redox potentials <0 V in neutral to alkaline soils (Kirk, 2004).
With the reductive dissolution of Sb(III)-loaded Fe minerals, the number of
sorption sites decreased (Fendorf and Kocar, 2009), explaining why we found
previously bound Sb(III) increasingly released into solution, as indicated by
the close positive correlation of Fe(II) and Sb(III) (Figure 3.3 a). Furthermore,
labile Fe (hydr)oxides such as ferrihydrates may also undergo Fe(II)-induced
transformation to more crystalline secondary phases such as goethite with less
surface area (Kocar et al., 2006; Tufano and Fendorf, 2008), resulting in further
loss of sorption site density and thus displacement of Sb into solution. Other
effects, such as competitive adsorption of As, which was concurrently released
into solution in the amended microcosms (Appendix Figures B.5, B.6), can be
excluded as a major factor explaining the increase in Sb(III) concentrations.
Arsenite, which presumably was the dominant As species in our system un-
der Fe-reducing conditions (Okkenhaug et al., 2012), is supposed to bind much
more weakly to our soil than antimonite, as it sorbs through multiple inner-
and outer-sphere complexes to Fe (hydr)oxides (Kocar et al., 2006). In con-
trast, antimonite was found to form exclusively stable bidentate inner-sphere
complexes on Fe (hydr)oxide surfaces (Scheinost et al., 2006). Competition
with phosphate can be disregarded to an even greater extent, as phosphate
concentrations remained below the detection limit of 0.2 mg l−1 throughout the
experiment.

With 92% and 85% of soluble Sb present as Sb(III) on days 22 and 64,
respectively, Sb(III) was the dominant redox species under Fe-reducing condi-
tions in the lactate-amended microcosms, coinciding with the predominance of
Sb(III) in the solid phase after 64 days incubation (Figure 3.4). This is the first
clear evidence for Sb(III) as the dominant redox state of this element in anaero-
bic soils, in striking contrast to previous studies reporting that Sb(V) was very
stable and thus dominated Sb speciation not only in the liquid but also in the
solid phase of the investigated soils over a wide range of redox potentials (Ca-
siot et al., 2007; Mitsunobu et al., 2006a; Okkenhaug et al., 2012). This gets
particularly important as the results from these authors have suggested that
relatively little of the more toxic Sb(III) is produced in soil even under water-
logging conditions. While the lack of Sb(III) in solution in these studies may
actually be attributed to the high sorption affinity of Sb(III) to Fe (hydr)oxides
and possibly also to high detection limits for Sb(III) in solution, it remains
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unclear why previous XANES studies did not reveal the presence of Sb(III) in
the reduced soil (Mitsunobu et al., 2006a; Okkenhaug et al., 2012). One reason
may be that in one of the two studies, paddy soil was investigated on which
rice plants were grown. Rice roots are known to form aerenchyma. Diffusion
of oxygen from these aerenchyma into the surrounding soil creates a narrow
zone of oxidative conditions around roots (Nishiuchi et al., 2012) promoting
the oxidation of Sb(III) to Sb(V). Furthermore, oxidation of Sb(III) may have
occurred if the soil was exposed to oxygen during storage. Pre-experiments
addressing the stability of Sb(III) in the presence of Fe revealed that Sb(III)
was not stable under oxygen, even if stored at -20Â°C.

The increase in Sb(V) solution concentrations following reoxidation did not
exceed initial concentrations in the amended microcosms, in contrast to the un-
amended microcosms (Figure 3.1 a, 3.2 a). This finding implies that the sorption
capacity for Sb had increased compared to the initial state of the soil. A plausi-
ble explanation is the formation of Sb(V)-Fe co-precipitates (Mitsunobu et al.,
2010a) and the oxidative precipitation of amorphous Fe and Mn (hydr)oxides
that are less crystalline than the initial minerals. With a less ordered structure,
these (hydr)oxides have larger surface areas than the crystalline form (Rich-
mond et al., 2004) and thus provide higher sorption capacities.

3.5.4 Environmental and soil management implications

Our study provides direct evidence that transition from oxic to anaerobic con-
ditions can lead to the reduction of Sb(V) to Sb(III) in soil within days to
weeks, depending on the availability of suitable electron donors. This shows
that Sb(V) is considerably less stable in redox-variable soils than previously
assumed. When Fe-reducing conditions develop, as often observed in stag-
nic, gleyic and floodplain soils subjected to waterlogging (Kirk, 2004), Fe
(hydr)oxides may release hazardous Sb(III) upon reductive dissolution of their
host phases. Antimony-contaminated soils prone to flooding or waterlogging
are therefore particularly at risk of Sb(III) mobilization and subsequent Sb
migration into the environment.

Although our experiments were performed using a well-controlled micro-
cosm system and thus not under environmental field conditions, our results give
a mechanistic explanation on how delivery of labile organic carbon to soil bacte-
rial communities impacts enhanced Sb(V) reduction and subsequent release of
Sb(III) through reductive Fe (hydr)oxide dissolution. Since it is common prac-
tice in countries like Switzerland to grow crops or pasture on shooting ranges
when not in use for shooting (Evangelou et al., 2012; Tschan et al., 2009b),
application of organic fertilizer such as manure to soils that are prone to wa-
terlogging is not recommended as it may lead to the mobilization of Sb(III).
Given that Sb-hosting phases may dissolve under reducing conditions, it is also
a questionable remediation strategy to apply Fe-based sorbents such as olivine
or ferric oxyhydroxide, as recently suggested (Okkenhaug et al., 2013, 2012;
Spuller et al., 2007), to poorly drained Sb-contaminated soils.
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4.1 Abstract

Despite the environmental risks arising from Sb-contaminated sites, critical
factors controlling the mobility of Sb in soils have still not been fully identified
to date. Here, we performed column experiments in order to investigate how
reducing conditions affect Sb leaching from a contaminated calcareous shooting
range soil, with a special focus on the relationship between Sb release and
reductive iron (Fe) and manganese (Mn) mineral dissolution. After eluting the
columns for 5 days with 15 mM sodium lactate solution at a flow rate of 33
mm d−1, the flow was interrupted for 37 days, and then resumed for another 4
days. With the transition to moderately reducing conditions (∼300 mV) after
1 day of flow, effluent Sb (identified as Sb(V) by liquid chromatography-ICP-
MS) and Mn concentrations showed a concomitant increase, providing the first
evidence that sorbed Sb(V) was released under moderately reducing conditions
by reductive dissolution of Mn minerals. The release of Sb(V) was counteracted
by the reduction to Sb(III), which was first scavenged by Fe (hydr)oxides and
then slowly liberated again when the redox potential further decreased to Fe-
reducing conditions. Laser ablation-ICP-MS revealed the presence of an initial
pool of Sb associated with Mn-containing, Fe-free phases, underscoring the
important role of the latter in addition to Fe (hydr)oxides as Sb sorbents.

4.2 Introduction

Antimony is an element of increasing industrial use, for example in plastics, lead
alloys, pigments or glassware (Butterman and Carlin, 2004). As a consequence,
it is also increasingly released into the environment, potentially leading to severe
soil contamination of more than several thousand mg kg−1 Sb in places where
it is mined, used and disposed of (Baroni et al., 2000; Clausen and Korte, 2009;
Robinson et al., 2008). A major source of Sb input into the environment are
shooting activities, as lead bullets contain approximately 2% to 5% metallic Sb
as a hardener (Butterman and Carlin, 2004; Johnson et al., 2005). In Switzer-
land, for example, 10 to 25 tons of Sb enter the pedosphere every year on more
than 2,000 shooting ranges (Johnson et al., 2005; Mathys et al., 2007), and in
the United States, shooting activities deposit about 1,900 tons of Sb annually
(Wan et al., 2013a) on about 12,000 shooting ranges (Bannon et al., 2009). Also
in Finland (Sorvari et al., 2006) and Norway (Stromseng et al., 2009), contam-
ination of shooting range soils by Sb has become a focus of attention. Because
of their high acute toxicity, chronic health effects, and potential carcinogenic-
ity (Leonard and Gerger, 1996), Sb compounds are considered pollutants of
primary concern (Council of the European Communities, 1998; USEPA, 1999).
However, despite the wide distribution of Sb contamination and its well-known
toxicity, the behavior of Sb in the environment and the risks associated with
Sb contamination are still not well understood (Wilson et al., 2010).

A key factor governing Sb mobility is the soil redox state, which is closely
related to the soil water regime. Many soils are subject to strong variations in
redox conditions, driven by fluctuations in waterlogging and biological activity.



4.2. Introduction 45

The prevalent Sb redox species in oxic soils is Sb(V), which primarily exists as
Sb(OH)−6 (antimonate) in solution, while trivalent Sb(III) in the form of the
more toxic neutral species Sb(OH)3 (antimonite) predominates under reduc-
ing conditions (Hockmann and Schulin, 2013). Iron (Fe) (hydr)oxides strongly
retain both antimonate and antimonite, and are therefore widely believed to
control Sb mobility in soils (Blay, 1999; Leuz et al., 2006b; Scheinost et al.,
2006). Because antimonite binds more extensively to Fe (hydr)oxides at pH
values around 7 than antimonate (Blay, 1999; Leuz et al., 2006b), moderately
reducing soil conditions are expected to decrease Sb mobility (Hockmann and
Schulin, 2013; Mitsunobu et al., 2010b). Batch experiments, however, revealed
that such immobilization may be only transitory and followed by a release of the
previously bound antimonite, when Fe minerals become reductively dissolved
upon further reduction (see Chapter 3).

In a similar manner as Fe minerals, also Mn (hydr)oxides have been shown in
pure mineral systems to be strong sorbents for Sb at circumneutral pH (Belzile
et al., 2001; Blay, 1999; Thanabalasingam and Pickering, 1990; Wang et al.,
2012). However, little is still known about their role as Sb sorbents in real soils
(Wilson et al., 2010). In an experiment on paddy soil, Mn (hydr)oxides were
not considered important for Sb retention (Mitsunobu et al., 2006b), while in
a study on lake sediments, Sb was found to sorb onto Mn oxides even in pref-
erence to Fe oxides (Müller et al., 2002). As with Fe (hydr)oxides, antimonite
exhibits a much higher sorption affinity to Mn (hydr)oxides than antimonate
(Belzile et al., 2001; Blay, 1999). However, once bound to Mn(III/IV) min-
eral surfaces, Sb(III) was found to be quickly oxidized and released as Sb(V)
(Belzile et al., 2001; Blay, 1999; Wang et al., 2012). Unlike Fe, thermodynamic
equilibrium calculations predict that reduction of Mn(III/IV) occurs at redox
potentials above that of Sb(V) (Appelo and Postma, 2005; Cornelis et al., 2008;
Hockmann and Schulin, 2013). Both, the decrease in sorption sites due to re-
ductive dissolution and the oxidation of Sb(III) by Mn(III/IV) are expected to
promote Sb mobilization, thereby potentially increasing the risk of Sb leaching
from soil and migration into ground or surface waters. Surprisingly, the role
of Mn phases and their biochemical transformations in the mobility of Sb in
reducing soils have not been elucidated to date.

Anaerobic incubation of batch microcosms with shooting range soil indi-
cated that Sb(V) may in fact be released with the reductive dissolution of
Mn (hydr)oxides (Chapter 3). However, the effect of Mn reduction on Sb mo-
bility was overridden by the initial desorption of Sb(V) and the concomitant
reduction of Sb(V); thus it could not be clearly identified. In contrast, column
experiments, may provide information on chemical reactions in soil that cannot
be obtained from studies under stagnant conditions (Jackson et al., 1984), as
they will take into account effects that are associated with transport processes.
Flow-through soil columns may therefore be a powerful tool to separate the
different phases of reduction and desorption reactions because of the continu-
ous replacement of soil solution and the possibility to collect samples in high
temporal resolution.

The objectives of this study were to investigate how changes in soil reducing
conditions affect Sb release and retention under advective transport, with a
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special focus on the interplay of reductive Fe and Mn mineral dissolution and
Sb sorption processes. We used column experiments which were eluted with
deoxygenated 15 mM lactate solution to stimulate microbial activity. After
eluting the columns for 5 days, the flow was interrupted for 37 days and then
resumed or another 4 days. To our knowledge, this is the first study addressing
Sb leaching from reduced soil columns.

4.3 Materials and methods

All chemicals used were of analytical grade or purer. All solutions were prepared
with ultrapure deionized water ( >18 MΩ cm), and all glassware was rinsed with
0.3 M HNO3 and ultrapure water before use.

4.3.1 Soil characteristics

The soil used in this study was a calcareous floodplain soil (Fluvisol) collected
from the surroundings of a stop butt on a military shooting range (46◦51’19”N
and 9◦30’11”E) near the River Rhine in the vicinity of Chur in Eastern Switzer-
land. The soil was taken from the surface horizon (0-30 cm), cleaned of roots
and sods, air-dried (<2 wt% water content) and passed through a 2 mm sieve.
The soil had a silt loam texture (US soil taxonomy (Soil Survey Division Staff,
1993)), contained 15% CaCO3, 0.9% organic carbon and was slightly alkaline
(pH 7.8 in 0.01 M CaCl2). Total Sb, Fe and Mn concentrations measured by
energy-dispersive X-ray fluorescence spectroscopy (XRF; X-Lab 2000, Spectro)
were 21 mg kg−1 Sb, 29,500 mg kg−1 Fe and 820 mg kg−1 Mn. The soil was the
same that had been used in a previous study on Sb reduction in a microcosm
batch experiment (see Chapter 3).

4.3.2 Column experiments

The experiments were performed using four chromatographic polypropylene
columns (Büchi, Switzerland) with an inner diameter of 4 cm. The columns were
uniformly packed with 268 g dry soil and capped with polyethylene frits (Büchi,
Switzerland, 70-90 µm pore size). The resulting soil packing was 13.4 cm long
and had a bulk density of 1.59 g cm−3. The pore volume (PV), determined as
the difference between the weight of the saturated column and its dry weight,
was 42%± 0.8 % (71± 1 ml). One of the packed columns was treated with
gamma radiation (25-75 Gy), connected to sterilized tubings in a laminar flow
hood (Clean Air Technik B.V.) and run under strictly sterile conditions. A
peristaltic pump (Ismatec MPC standard) was used to feed a heat-sterilized
(121 ◦C, 20 min) and degassed (purged with argon (Ar) gas) 15 mM sodium
(Na) lactate (Sigma Aldrich) solution in up-flow mode through the columns.
The feeding solution had a pH of 8.2 and a redox potential (Eh) of ∼270 mV.
It was prepared freshly at least every 48 hours. Except for the phase of flow
interruption, the flow rate was kept at 33.2± 2 mm d−1, equivalent to ∼6 PV
per day, during the entire experiment starting with the saturation (also with
15 mM Na lactate) of the initially dry columns. For the sterilized column, the
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feeding solution was passed through a sterile 0.22µm filter (Millex GS) before
entering the column. All columns were operated in darkness at 26± 1 ◦C in an
incubator (Kühner, Labtherm).

The start of the experiment (t = 0 days) was defined as the time when efflu-
ent started to flow out of the column. Effluent solution was collected in fractions
of ∼0.3 PV (sample size 24 ml) using a fraction collector (Büchi, Switzerland).
Samples used for the determination of total Sb, Mn and Fe concentrations were
collected in plastic vials containing 250µl concentrated HNO3 to prevent Fe
(hydr)oxide precipitation (pre-acidified samples). For Sb speciation, pH and
Eh measurements, selected effluent samples were collected in vials without acid
under continuous Ar flow to avoid contact with atmospheric oxygen.

After 5 days (∼30 PV, first flow phase) the flow was stopped for 37 days
(flow interruption) and then resumed for another 4 days (∼23 PV, second flow
phase). At different time points during the flow interruption phase (i.e. 1, 2, 3,
5, 7, 10, 14, 19, 26, 37 days after interruption), 20 ml fractions of soil solution
were extracted by resuming the flow at a rate of ∼100 mm d−1 for 20 min using
the same, freshly prepared feeding solution as before. The first 5 ml of each of
these samples were discarded. The extraction of solution during this phase was
equivalent to an average flow rate of one PV in 5 to 19 days, depending on the
frequency of sampling (compared to 4 hours for the replacement of one PV soil
solution during the flow phase). Samples were collected under Ar and treated
in the same way as the intensive samples.

At the end of the experiment, a bromide (Br) tracer test was carried out
to determine the physical transport characteristics of the packings (Appendix
Figure C.1).

4.3.3 Solution sample analysis

The pre-acidified samples were passed through 0.2µm nylon filters (WICOM)
and analyzed by means of inductively coupled plasma-mass spectrometry (ICP-
MS; Varian ICP-MS 810) for total dissolved Sb and by means of ICP-optical
emission spectroscopy (ICP-OES; Varian, Vista-MPX CCS simultaneous) for
dissolved Fe and Mn.

Redox potential (Eh) and pH were measured under Ar flow in the non-
acidified samples using a Metrohm 713 pH meter equipped with a Pt redox
electrode (Metrohm 6.0451.100, reference electrode Ag/AgCl) and with a pH
electrode (Metrohm 6.0259.100). Redox electrode readings are reported as po-
tential differences to a standard hydrogen electrode (Eh). For Sb speciation, the
solution samples were passed through 0.2µm nylon filters (WICOM), stabilized
with degassed 0.05 M EDTA (Titriplex III; Merck) and kept in 1 ml polyethy-
lene vials under Ar atmosphere until analysis. Antimony species were analyzed
using a slightly modified version of the method described by Lintschinger et al.
(1998). Briefly, a strong anion exchange column (Hamilton PRP-X100) and a
mobile phase of 0.01 M EDTA (Titriplex III; Merck), 2 mM potassium hydro-
gen phthalate (Fluka), and 2% methanol (Baker) at pH 4.3, was used for chro-
matographic separation. The flow rate was 1.25 ml min−1. Mixed calibration
standards of Sb(V) and Sb(III) in 0.05 M EDTA were freshly prepared before
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measurement using 1000 mg l−1 stock solutions of Sb(V) (KSb(OH)6 dissolved
in water; Merck) and Sb(III) (Sb2O3 in 2 M HCl; Merck). The quantification
limits, determined as ten times the standard deviation (σ) of a 0.5µg l−1 sample
(n = 10), were 0.3µg l−1 and 0.5µg l−1 for Sb(V) and Sb(III), respectively. The
Sb recovery, obtained by dividing the sum of measured Sb(III) and Sb(V) con-
centrations by the measured total Sb concentrations in the soil solution, ranged
from 61% to 101%. All Sb speciation analyses were completed within 5 hours
after sampling.

A filtered aliquot of each sample collected for Sb speciation was acidified to
10% HNO3 and analyzed (without EDTA addition) for the same parameters as
the pre-acidified samples.

4.3.4 Elemental association of Sb in the study soil

Laser ablation (LA) ICP-MS was used for qualitative assessment of elemental
associations in the contaminated soil. Samples of air-dried soil were embedded
in epoxy resin, thin-sectioned, polished and analyzed for spatial distributions of
elements using an ESI NRW213 laser ablation system (Nd:YAG 213 nm), inter-
faced with an Agilent 7500cx ICP-MS. The ICP MS octopole reaction system
was pressurized with 5 ml min−1 helium. The laser was operated at an energy
level of 70% with a fluence 20.96 J cm−2, a pulse repetition rate of 20 Hz and
a scan speed of 10µm s−1. Laser ablation was conducted along 120 lines with a
spot size of 5µm, resulting in a mapped area of 0.6 mm× 2.4 mm. By determing
intensities instead of absolute concentrations, potential problems in interpreta-
tion and calibration due to differential ablation effects were avoided. Scan data
were processed and analyzed using the software package Iolite (Hellström et al.,
2008).

4.3.5 Statistical data treatment

A linear regression to a significance level of P <0.01 was employed to compare
the soluble Fe and Mn concentrations by using the software R version 2.13.0
(The R Foundation for Statistical Computing, 2011).
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4.4 Results

4.4.1 Analysis of column effluent before the flow interruption

During the first day of flow, effluent pH, redox potential and metal(oid) con-
centrations did not differ between the two treatments: The pH increased from
initially 7.5 to 8.0 (Figure 4.1 e), while the redox potential remained stable at
∼350 mV in the effluents of both, the sterilized column and the non-sterilized
columns (Figure 4.1 f). In both treatments, the total Sb concentration of the ef-
fluent increased within 18 hours from ∼130µg l−1 to a maximum of ∼180µg l−1

and then slightly decreased again (Figure 4.1 a). Antimony(III), Fe and Mn con-
centrations (Figure 4.1 b-d) remained below or close to their respective quantifi-
cation limits (0.5µg l−1 ,0.1 mg l−1, and 0.08 mg l−1). While total Sb concen-
trations tailed off to 60µg l−1 in effluent from the sterilized column at the end of
the first flow phase, Sb effluent concentrations from the non-sterilized columns
steeply increased, reaching a peak of >300µg l−1 after 10 PV (1.8 days). This
increase was paralleled by an increase in Mn concentrations and a slight rise in
pH to 8.3 on day 2. Thereafter, total Sb concentrations gradually decreased to
<35µg l−1 on day 5, approaching and then even slightly dropping lower than
total Sb in the effluent from the sterilized column, whereas Mn concentrations
remained almost constant at 1.3 mg l−1 until flow interruption. In contrast, Mn
remained low (<0.15 mg l−1) in leachate from the sterilized column, and pH
here required 4 days to increase to a similar level as in effluent from the non-
sterilized columns. Whereas Sb(III) remained below the quantification level
in the effluent from the sterilized column, it started to slightly increase after
day 3 in the effluent from the non-sterilized columns, reaching ∼1µg l−1 Sb(III)
at the onset of flow interruption and thereby contributing 1%-4% to total Sb
leaching (Figure 4.1 b). At almost the same time, the redox potential started
to drop in the non-sterilized columns to reach 250 mV by day 5 before the flow
was interrupted, while it did not change in the effluent of the sterilized column.
No Fe (<0.1 mg l−1) was detected in the effluent of either treatment.

4.4.2 Analysis of pore water samples collected during flow
interruption

During the first ∼3 days after interrupting the flow (DAI), the redox potential
decreased from 250 mV to −50 mV in the pore water from the non-sterilized
columns and from 350 mV to values around 100-200 mV in the sterilized col-
umn, remaining approximately stable thereafter (Figure 4.2 f). Also the pH
remained fairly stable in both treatments during this time. Following a slight
decline after 5 DAI in the sterilized column, the pH values became almost
identical (around 8) to those in the samples from the non-sterilized columns
(Figure 4.2 e). After interrupting the flow, total Sb concentrations increased
steadily to ∼140µg l−1 until DAI 5 in the pore water of the sterilized column
and then remained at this level, whereas concentrations in the non-sterilized
columns fluctuated between 17 and 25µg l−1 (Figure 4.2 a). While Sb(III) in the
sterilized column remained below the quantification limit (0.5µg l−1), the per-
centage of Sb(III) in the solution samples from the non-sterilized columns grad-
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Figure 4.1: Concentration of dissolved (a) total Sb, (b) Sb(III) (expressed as percent-
age of the sum of Sb(V) and Sb(III)), (c) Fe, (d) Mn, as well as (e) pH , and
(f) redox potential (Eh) in the effluent from the non-sterilized (filled symbols)
and sterilized soil column (open symbols) during the two flow phases. The gray
shaded area refers to the 37-days flow interruption. Error bars are the standard
error of three non-sterilized columns (often smaller than the symbol).
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Figure 4.2: Soil solution concentrations of dissolved (a) total Sb, (b) Sb(III) (expressed
as percentage of the sum of Sb(V) and Sb(III)), (c) Fe, (d) Mn, as well as
(e) pH, and (f) redox potential (Eh) during flow interruption (DAI = days after
interrupting flow). Filled symbols refer to non-sterilized and open symbols to
sterilized soil column. Error bars are the standard error of three non-sterilized
columns (often smaller than the symbol).
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ually increased from 10% on DAI 1 to 30% on DAI 5 (equivalent to 1.5µg l−1

and ∼4µg l−1, respectively, Figure 4.2 b). Also soluble Fe increased in the non-
sterilized columns, but over a longer time. After a steady increase, it reached a
maximum of 8 mg l−1 on DAI 14 and then fluctuated between 4 and 7 mg l−1

(Figure 4.2 c). In the non-sterilized columns, Mn showed a bi-phasic pattern: a
rapid increase from 2 to 3 mg l−1 in the first 2 to 3 DAI and then, after a stable
period, another increase between DAI 10 and 15 to a maximum of 4.9 mg l−1,
before decreasing again gradually to 3.5 mg l−1 by DAI 37 (Figure 4.2 d). In
contrast to Sb(III) and Fe, Mn concentrations increased also in the sterilized
column. This increase started right after flow was stopped and continued over
the entire duration of flow interruption reaching at the end a level of 2 mg l−1.

4.4.3 Analysis of column effluent after flow interruption

After resuming flow, the redox potential in the effluent from the sterilized col-
umn dropped with a short initial delay of 1 days from 200 to 0 mV at the end
of the experiment (Figure 4.1 f). In contrast, Eh values in effluent from the
non-sterilized columns showed an increase, starting from around −50 mV and
gradually reaching a similar redox potential to the sterile column at the end of
the second flow phase. During the same time, the pH decreased from pH 7.9
to 7.4 in the non-sterilized and, after a slight initial increase, from 8.1 to 7.7
in the sterilized column (Figure 4.1 e). Total Sb concentrations in the effluent
from the sterilized column gradually decreased from ∼120µg l−1 to 47µg l−1

at the end of the experiment, while they remained stable at ∼20µg l−1 in ef-
fluent of the non-sterilized columns (Figure 4.1 a). Concentrations of Sb(III)
remained stable at ∼5µg l−1 (and thus also its percentage of total Sb) in the
effluents from the non-sterilized columns and below the quantification limit
in the effluent from the sterilized column (Figure 4.1 b). No Fe was released
from the sterilized column also during the last phase of the experiment. In
contrast, Fe concentrations in effluent from the non-sterilized columns peaked
at 10 mg l−1 immediately after re-initiation of flow (42 days), then dropped
to 4 mg l−1 within one day and subsequently increased again at an accelerat-
ing rate, reaching a value of 17 mg l−1 at the end of the experiment without
tendency of a stop in this trend (Figure 4.1 c). Except for the sharp initial
peak, the rate of Mn leaching from the non-sterilized columns paralleled that
of Fe, with effluents reaching Mn concentrations of ∼5 mg l−1 at the end of the
experiment (Figure 4.1 d). In the effluent from the sterilized column, Mn con-
centrations decreased from 1.9 mg l−1 at the beginning of the second flow phase
to ∼1.1 mg l−1 within a few hours and then remained at this level until the end
of the experiment.

4.4.4 Elemental associations of Sb in the soil

The LA-ICP-MS analysis of the contaminated soil samples revealed that Sb was
distributed in patches (Figure 4.3). Four types of Sb-rich ablated sample regions
(ASR) could be distinguished with respect to their elemental associations: (a)
ASR exclusively containing Sb and Mn; (b) ARS in which Sb was associated
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Figure 4.3: Reflected light microscopic image (left picture) and LA-ICP-MS elemental
mapping of the corresponding area in contaminated shooting range soil before
leaching.

with Fe, Pb and Cu, but not with Mn; (c) ARS in which Sb was associated
with Fe and Mn (but not with Pb or Cu); (d) ASR in which Sb was associated
with Fe, Mn and Pb and, to a lesser extent, also Cu. We found no clear signals
of associations between Sb and Ca.

4.5 Discussion

4.5.1 Sb(V) release upon Mn (hydr)oxide reduction

The fact that the sterilization treatment showed no effect on leaching at the
beginning of the experiment suggests that Sb leaching in both treatments was
not influenced by microbial processes during this phase. After 1 day, how-
ever, strong differences started to emerge in Mn concentrations (Figure 4.1 d),
indicating that lack of oxygen and continuous supply of lactate for microbial
respiration led to Mn-reducing conditions in the non-sterilized columns. The
parallel increase in eluted Mn and Sb during the second day of the experiment
(Figure 4.1 d, a), which did not occur in the sterilization treatment, strongly
suggests that these two processes were coupled. During this phase of increased
Sb leaching from the non-sterilized columns, Sb was exclusively present in the
form of Sb(V), in agreement with XANES data obtained in a previous ex-
periment with the same soil that revealed Sb(V) as the dominant species in
the solid phase of the oxic soil (Hockmann and Schulin, 2013). This indi-
cates that the additional peak of Sb(V) in the effluents from the non-sterilized
columns was due to release of sorbed Sb(V) from dissolving Mn phases. In fact,
Mn (hydr)oxides are known to be effective sorbents for Sb(V) at circumneutral
pH in pure-mineral systems (Belzile et al., 2001; Blay, 1999; Wang et al., 2012;
Thanabalasingam and Pickering, 1990). This explanation is also in agreement
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with our findings of Sb associations with Mn in the laser ablation analysis.
The simultaneous presence of Pb, Cu and Fe with Mn in ASR types c and d
(Figure 4.3) suggests that these two ASR directly originated from weathered
bullets (Ackermann et al., 2009). Reductive dissolution of Sb-loaded Mn min-
erals provides the only plausible explanation for the difference in Sb leaching
between the two sterilization treatments in the first phase of the experiment,
as there were still no differences in other parameters that could explain this ef-
fect (Fendorf and Kocar, 2009). The slight increase in pH (Figure 4.1 e), which
can be attributed to the consumption of protons with the reductive dissolution
of Mn (hydr)oxides, was too small to be the dominant cause of the large Sb
peak by itself. Sorption of Sb(V) to Fe (hydr)oxides is known to decrease with
increasing pH above pH 7, but this can explain only a very small part of the
observed increase in Sb(V) that occurred parallel with the release of Mn in the
non-sterilized columns (Leuz et al., 2006b). Also other abiotic processes that
have been suggested in the literature to mobilize Sb, such as rate-limited des-
orption of Sb(V) from Fe (hydr)oxides (see Chapter 3), chemical dissolution of
Sb-bearing phases (Johnson et al., 2005; Okkenhaug et al., 2011) or competitive
desorption (Biver et al., 2011), do not provide plausible explanations for the
difference in Sb release at the initial stages of the experiment between columns
with and without sterilization treatment, although they may have contributed
to the release of Sb that occurred independent of these treatments.

While no consumption of lactate by soil microbial communities was found
before flow interruption in the sterilized column (Appendix Figure C.4 b), the
decrease in lactate from ∼540 mg C l−1 (equivalent to 15 mM lactate in the
feeding solution) to 90 mg C l−1 and the production of the metabolites acetate
and propionate after flow was interrupted (Appendix Figure C.4 b-d) indicate
that the sterilization treatment did not completely eliminate all microorgan-
isms and that microbial activity recovered with time in the sterilized column.
For soil sterilization by gamma-radiation, we chose a moderate dose of 25-
70 Gy to minimize inadvertent changes in soil chemical properties, being aware
that some radiation-resistant bacteria are able to survive this dose (McNamara
et al., 2003). Gradual recovery of microbial activity also is the most plausible
reason for the increasing release of Mn and decrease in Eh during flow inter-
ruption in the sterilization treatment (Figure 4.2 d, f). As in the non-sterilized
columns, the leaching of Mn was associated with increased release of Sb(V)
(Figure 4.2 a), suggesting that the same sequence of biogeochemical processes
was taking place in both treatments, just at very different rates due to the
initial suppression and only very slow recovery of microbial activity in the case
of the gamma-irradiation treatment. The relationship between Mn and Sb(V)
concentration in the leachate in both treatments did not follow a simple propor-
tionality. While Mn soon reached a plateau in the non-sterilized columns before
flow interruption, Sb concentrations continually decreased after an initial peak;
and while Mn concentrations continued to increase in the pore water of the
sterilized columns during and again after flow interruption, the concentration
of Sb remained unchanged after an initial increase. This means in both cases
that the more Mn became dissolved, the less Sb was released. This agrees with
the view that Sb was primarily released from surface sites of dissolving min-
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eral Mn phases and that part of it was re-adsorbed to freshly exposed surfaces
temporarily until also these new surface sites were eliminated, as dissolution
continued.

4.5.2 Sb immobilization induced by reduction of Sb(V)

The release of Sb(V) from the non-sterilized columns was counteracted by the
transformation of Sb(V) to Sb(III), indicated by a the slight increase in Sb(III)
concentration that started approximately 3 to 4 days after the beginning of
the experiment. The delay relative to the reductive dissolution of Mn is in
line with the lower redox potential at thermodynamic equilibrium of Sb(V)
reduction (∼400 mV for Mn [Appelo and Postma, 2005] and ∼100 mV for Sb(V)
[Hockmann and Schulin, 2013] at pH 8). Antimonite’s large sorption affinity to
Fe (hydr)oxides at alkaline pH (Blay, 1999; Leuz et al., 2006b; Mitsunobu et al.,
2010b) explains why Sb(III) concentrations still remained low as long as no Fe
reduction occurred, in close agreement with results from a previous microcosm
study using the same soil (Chapter 3) and recent studies on reduced mine and
paddy soil (Mitsunobu et al., 2006b; Okkenhaug et al., 2012).

Even under Sb(V) reducing conditions, Sb(III) never exceeded more than a
third of the total concentration of Sb in solution (Figures 4.1 b, 4.2 b). Again,
this can be explained by Sb sorption to Mn (hydr)oxides. In a similar manner
to Fe (hydr)oxides, also Mn (hydr)oxides have a much greater sorption affinity
to antimonite than antimonate (Belzile et al., 2011; Blay, 1999), but with a
higher equilibrium redox potential of Mn(III/IV), this association is thermo-
dynamically labile. Therefore, Sb(III) sorbed to Mn (hydro)xides was likely to
be oxidized within hours to Sb(V) and then liberated into solution due to the
lower sorption affinity of Mn (hydr)oxides for antimonate (Belzile et al., 2011;
Blay, 1999). In contrast, Sb(III) sorbed to Fe (hydr)oxides is thermodynami-
cally stable at neutral or higher pH (Cornelis et al., 2008), suggesting that the
dissolution of Sb(III) is controlled much more by Fe (hydr)oxides than by Mn
minerals in soil environments.

4.5.3 Sb dynamics under Fe-reducing conditions

The important role of Fe (hydr)oxides for the retention of antimonite was re-
flected by the increasing release of Sb(III) into solution (Chapter 3) during flow
interruption in the non-sterilized columns. Concentrations of Sb(III) contin-
ued to increase after the concentration of Mn in solution had already reached
a plateau, while Fe concentrations kept rising (Figure 4.2 c-d), indicating that
Fe-bound antimonite was released into solution at this stage of the experiment.
The liberation of Sb(III) during the 37 days of flow interruption amounted to
<0.01% of the total Sb initially present in the soil and was thus much lower than
in the before-mentioned microcosm study (Chapter 3), in which 1% (∼20µg l−1)
of the total Sb in the soil was released as Sb(III) within 21 days of anaerobic
incubation. We attribute this difference to the much larger amounts of Fe that
were reduced in the microcosm experiment, in which the molar ratio of lactate
to total Fe was 1.4, whereas it was around 100 times smaller in the columns
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during the phase of flow interruption. As a result, 2% of total Fe in the soil was
reductively dissolved in the microcosm experiment, but not even 0.01% in the
columns investigated here. The closer lactate-to-Fe ratio led to a depletion of
lactate during the flow interruption (Appendix Figure C.5 ). With the re-supply
of lactate and flush-out of metabolites in the second flow phase (Appendix
Figure C.4 ), microbial Fe reduction was reinitiated after a short period of accli-
mation to the new conditions in the non-sterilized columns. As a consequence,
Fe reduction reached rates (6.5 mg Fe d−1 from day 43 onwards; Figure 4.1 c)
greatly exceeding those during flow interruption, when only 0.5 mg Fe were re-
duced within 37 days (Figure 4.2 c).

Effluent Fe concentrations were closely correlated with Mn concentrations
during the second flow phase ((R2 = 0.83, P< 0.01), indicating release of Mn
that was entrapped or incorporated in Fe (hydr)oxide phases following the re-
ductive dissolution of these Fe phases. Manganese(III/IV) is known to substi-
tute for Fe(III) in goethite and other commonly found Fe (hydr)oxides in soils
(Cornell and Schwertmann, 2003; Gilkes and McKenzie, 1988).

4.5.4 Practical implications

While many studies (Blay, 1999; Leuz et al., 2006b; Mitsunobu et al., 2010b;
Okkenhaug et al., 2012; Scheinost et al., 2006) have shown the importance
of Fe (hydr)oxides as sorbent phases for Sb, direct evidence for a role of
Mn (hydr)oxides as Sb sorbents in soils has been lacking so far. This study
clearly demonstrates for the first time that Mn (hydr)oxides can in fact play
such a role. Our column experiments showed that Sb(V) leaching was closely
linked to that of Mn, indicating a direct cause-effect relationship to the reduc-
tive dissolution of these phases. In addition, the LA-ICP-MS analyses revealed
that Sb was directly associated to Mn-containing phases. The results suggest
that despite their generally much lower concentrations in soils in comparison
to Fe minerals (about 1/50 of the concentration of Fe (hydr)oxides) (Scheinost
et al., 2006), Mn (hydr)oxides can exert a major control on the mobility of Sb in
contaminated soils, which has not been adequately recognized up to now. With
the transition from oxic to anaerobic conditions, a situation often observed in
poorly drained soils and typical for waterlogged soils with fluctuating water
table (Kirk, 2004), Sb(V) can be mobilized as soon as reduction of Mn(IV)
and Mn(III) leads to the dissolution of Mn (hydr)oxides. As already a moder-
ate decrease in redox potential (generally <200 mV) may sufficient to result in
Mn(IV) reduction as compared to Fe(III) reduction, this means that the risk of
uncontrolled release of Sb into the environment from contaminated soils may
have been strongly underestimated. This risk has been considered rather low
in the past as it was assumed that under reducing conditions, the reduction
of Sb(V) to Sb(III) would effectively immobilize Sb due to the much stronger
retention of antimonite compared to antimonate by Fe(III) phases (Mitsunobu
et al., 2010b; Okkenhaug et al., 2012), at least in soils with high pH and as long
these Fe phases are not reductively dissolved.
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5.1 Abstract

Many soils polluted by antimony (Sb) are subject to fluctuating waterlogging
conditions; yet, little is known about how these affect the mobility of this toxic
element, especially under field conditions. Here, we compared Sb leaching from
a calcareous shooting range soil under drained and waterlogged conditions using
four large outdoor lysimeters. Leachate samples were taken at bi-weekly inter-
vals and supplemented by soil solution samples. After monitoring the leachate
for >1.5 years under drained conditions, two of the lysimeters were subjected to
waterlogging with a water table fluctuating according to natural rainfall water
infiltration. Antimony leachate concentrations under drained conditions showed
a strong seasonal fluctuation between 110µg l−1 in summer and <40µg l−1 in
winter, which correlated with fluctuations in dissolved organic carbon (DOC)
concentrations. With the development of anaerobic conditions upon waterlog-
ging, Sb leachate concentrations decreased to <10µg l−1 Sb and remained sta-
ble at this level. Antimony speciation measurements in soil solution indicated
that this decrease in Sb(V) concentrations was attributable to the reduction of
Sb(V) to Sb(III) and the stronger sorption affinity of the latter to Fe phases.
Our results demonstrate the importance of considering seasonal and waterlog-
ging effects in the assessment of the risks from Sb-contaminated sites.

5.2 Introduction

In the recent past, human activities have led to highly elevated Sb concen-
trations in many soils and consequently to increased exposure of biota to this
toxic and potentially carcinogenic element (Hockmann and Schulin, 2013). A
significant input of Sb into the environment occurs at shooting ranges, be-
cause lead ammunition contains 2% to 5% Sb as a hardener (Johnson et al.,
2005). Although confined to locally rather small areas, this contamination
poses a major environmental problem due the large number of shooting ranges.
In Switzerland, for example, up to 25 tons of Sb enter the pedosphere every
year on more than 2,000 shooting ranges (Mathys et al., 2007). The United
States has about 3,000 military and 9,000 civilian shooting ranges with an
estimated annual Sb deposition of 1,900 tons (Wan et al., 2013a). Shooting
ranges have recently come into the focus of public concern also in other coun-
tries, notably Finland (Sorvari et al., 2006; Sorvari, 2007), Norway (Stromseng
et al., 2009), and Canada (Laporte-Saumure et al., 2011). Antimony concen-
trations in groundwater (Wersin et al., 2002) and stream water samples (Heier
et al., 2010; Stromseng et al., 2009) in the vicinity of shooting ranges have been
found to exceed background concentrations by a factor of more than 20 in some
studies, indicating a potential risk of uncontrolled Sb release from such sites.

A key factor of Sb mobility and thus its potential migration into the envi-
ronment is the redox state, which depends on soil aeration and hence on the soil
water regime. Based on thermodynamic equilibrium calculations, the monova-
lent antimonate anion Sb(OH)−6 , in which Sb is present as Sb(V), is expected
to predominate in aerated soil solution (Filella et al., 2002b). It has been sug-
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gested that its high affinity to Fe and manganese (Mn) (hydr)oxides (Scheinost
et al., 2006; Leuz et al., 2006b; Mitsunobu et al., 2010b) and the solubility of
calcium (Ca) antimonates are critical factors controlling the retention of Sb
in soils under oxic conditions (Johnson et al., 2005; Okkenhaug et al., 2011,
2012). However, Sb K-edge X-ray absorption spectroscopy (XAS) measure-
ments on highly calcareous shooting range soils (see Chapter 3 and Scheinost
et al. (2006)) did not indicate the presence of Ca antimonates, rendering their
role in the mobility of Sb in shooting range soils uncertain. Furthermore, com-
petition by dissolved organic carbon (reviewed in Hockmann and Schulin, 2013)
and anions (Biver et al., 2011) (e.g. bicarbonate) for sorption sites has been
proposed to enhance Sb mobility, but studies investigating this effect in soils
are lacking.

Under reducing conditions, as commonly found in poorly drained and
flooded soils (Reddy and DeLaune, 2004), Sb(III) is expected to predominate
in form of the neutral species Sb(OH)3 (antimonite) (Filella et al., 2002b). Be-
cause Sb(OH)3 sorbs more extensively to Fe (hydr)oxides at circumneutral pH
than its oxidized counterpart antimonate (Leuz et al., 2006b), it has been con-
cluded that reducing conditions would generally decrease the mobility of Sb
(Mitsunobu et al., 2006a; Okkenhaug et al., 2012). In contrast to this view,
a recent incubation study on shooting range soil demonstrated that reducing
conditions can actually increase the mobility of Sb due to reductive dissolution
of Fe (hydr)oxides and release of previously bound Sb(III) (Chapter 3). It is,
however, not clear how important these processes are in the field and how they
play out in combination with other processes involved in Sb leaching.

This lack of understanding of Sb behavior in soils subject to strong variations
in redox conditions hinders a confident risk assessment and thus the derivation
of appropriate remediation strategies as well as the setting of clean-up values
for Sb-contaminated sites. The goal of this study therefore was to investigate
under field conditions how waterlogging affects Sb leaching from a contami-
nated shooting range soil, with a special focus on the role of the relationship
between soil redox conditions and Sb speciation. In an outdoor experiment
with calcareous shooting range soil, lysimeters subjected to waterlogging were
compared to lysimeters with the same soil left to drain freely. In addition to the
leachate samples, also soil solution was sampled and analyzed for Sb speciation
in order to link Sb leaching to the chemical processes occurring in the soil. To
our knowledge, this is the first study investigating Sb leaching from waterlogged
contaminated soil under field conditions.

5.3 Materials and methods

5.3.1 Soil characteristics

The soil used in the lysimeter experiment was taken from the upper horizon
(0-30 cm) of a floodplain soil (Fluvisol) on a military shooting range close to
the River Rhine in Eastern Switzerland (46◦51’19”N and 9◦30’11”E). After the
removal of plant residues and large stones, the excavated soil was well mixed
once on site and again after transport, before it was filled on top of a quartz sand
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drainage layer into the lysimeters. The fine earth material (80% w/w of the
total soil) had a silt loam texture (US soil taxonomy (Soil Survey Division Staff,
1993)), contained 20% CaCO3, 0.9% organic carbon and had a pH in water of
8.5. Total Sb, Fe, and Mn concentrations measured by energy-dispersive X-
ray fluorescence spectroscopy (XRF; X-Lab 2000, Spectro) in the fine material
were 21 mg kg−1 Sb, 29,500 mg kg−1 Fe, and 820 mg kg−1 Mn. The same soil
has been used in previous studies (see Chapter 3) and further soil properties
are given by Conesa et al. (2010).

5.3.2 Lysimeter experiment

The experiment was carried out at the lysimeter facility in Horw in central
Switzerland (47◦00’03”N, 8◦18’02”E, 441 m above sea level). The mean annual
temperature in this area is 8.8 ◦C and total annual precipitation amounts to
1,171 mm (Evangelou et al., 2012). Four lysimeter basins with a surface area of
17.5 m2 each filled with the study soil to a soil depth of 0.7 m were used for this
study. Spatial heterogeneity in soil properties (pH, carbonates, organic carbon,
and total element concentrations) at the beginning of the experiment was low
(Appendix Figure D.1). After soil settling, a standard meadow grass-clover seed
mixture (Semences UFA 444 AR, Switzerland) was sown. During the growing
season, which lasts from approximately mid-March to end-September at the
lysimeter site, the meadow vegetation was cut every six weeks and removed.

The seepage water from each lysimeter was drained through slotted plastic
tubes embedded in the quartz sand drainage layer and collected by an automatic
sampler (Teledyne ISCO 3700) in fractions equivalent to 3 mm of discharge. To
monitor the soil water content, each lysimeter was equipped with eight time
domain reflectometry (TDR) probes (three each at 20 cm and 37 cm and two at
54 cm depth). The in-house made TDR probes consisted of a polyoxymethylene
head connected to two stainless steel rods (15 cm long with 2.8 cm rod spacing).
The redox potential was monitored in situ (Mansfeldt, 2003; Reiser et al., 2012)
at the same depths as the soil water content and additionally at 10 cm below the
surface using a customized platinum glass electrode purchased from an electrode
manufacturer (Willi Möller AG, Zurich, Switzerland). Three electrodes were
installed at each depth. The redox potential was logged as the voltage between
the platinum tip and a calomel reference electrode in 3 M KCl (Reiser et al.,
2012). This voltage was transformed to Eh by adding the difference of 256 mV
relative to the standard hydrogen electrode. The Eh readings were not corrected
for variations in temperature.

After three years of operation under drained conditions (pre-treatment
phase), two of the four lysimeters were subjected to a controlled waterlog-
ging regime (WLT-lysimeters) starting in July 2012 (treatment phase). After
an initial increase in water level, a valve in the drainage outlet was opened as
soon as the water table exceeded a depth of 30 cm below surface (measured at
reference piezometers in the lysimeters); and as soon as the water table dropped
below a depth of ∼50 cm, the valve was closed (Appendix Figure D.3). Every
time the valve in the drainage outlet was opened, three leachate samples (each
∼350 ml) were taken. As the first two represented dead water of the collector
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system, only the third one was analyzed. The two other lysimeters (control
lysimeters) continued to operate under drained conditions. With the onset of
waterlogging, leachate samples (both from the drained and waterlogged lysime-
ters) were collected in bottles containing 40 ml 2% HNO3 (resulting in final
concentrations of about 0.2% HNO3 in the samples) to prevent Fe (hydr)oxide
precipitation and dissolved organic carbon (DOC) degradation. In this study,
only data from leachate samples starting 1.5 years after filling are presented,
as this was approximately the time needed for Sb concentrations and pH of the
leachate (MacDonald et al., 2008) to stabilize from initial drifts that could be
attributed to disturbance of the soil associated with its translocation.

Soil solution sampling started at the end of July 2012 with the onset of the
waterlogging treatment. In the beginning, soil solutions were sampled every
14 days. This interval was expanded during the course of the experiment to six
weeks, with an interruption from December to March, when no samples could
be taken due to snow and frost. Soil solution was sampled at three locations
in each lysimeter using suction cups (ecotech GmbH, Bonn, Germany) that
consisted of a nylon membrane (pore size 0.45µm) covered by a polyethylene
shield. The cups were vertically installed at depths of 20 cm, 37 cm and 54 cm
below the soil surface. To avoid solution samples getting into contact with
atmospheric oxygen during extraction, a system similar to the one described
by Siemens et al. (2012) was used: Each suction cup was connected to a 37 ml
acid-washed serum bottle contained in an evacuated polypropylene 2 l bottle. A
cannula penetrating the butyl rubber septum (Rubber BV, The Netherlands)
of the serum bottle allowed overflow from the serum bottle into the 2 l bottle
and thus to minimize the headspace of the solution in the serum bottle. The
suction cup and the sampling system were flushed for 1 minute with nitrogen
(N2) followed by 10 ml soil solution, before the actual soil solution sample was
taken. Soil solution extraction was finished within three hours in each sampling
round.

5.3.3 Leachate and soil solution analysis

Ultrapure deionized water (>18 MΩcm) was used for the preparation of all
solutions and rinsing of all glassware, and all chemicals used were at least
analytical grade.

Leachate samples were filtered through 0.45µm nylon membranes (Perfect-
Flow, Wicom), acidified (if not pre-acidified) to ∼0.5% HNO3 and analyzed
for soluble Sb by inductively coupled plasma-mass spectrometry (Varian ICP-
MS 810), for soluble Fe, Mn, and Ca by ICP-optical emission spectroscopy
(ICP-OES; Varian, Vista-MPX CCS simultaneous) and for DOC using a TOC
analyzer (Shimadzu TOC-L).

Sampled soil solutions were analyzed for pH using Metrohm 713 pH meter
equipped with a pH electrode (Metrohm 6.0259.100) immediately after uncap-
ping the serum bottles. At the same time, a subsample was taken from each
sample for Sb speciation analysis, stabilized in 0.05 M EDTA (Titriplex III,
Merck) and degassed with Ar. The subsamples were stored at 4 ◦C in imperme-
able bags until analysis, which was completed within 24 hours after sampling
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using a chromatographic method similar to the one of Lintschinger et al. (1998).
Briefly, the samples were injected into a strong anion exchange column (Hamil-
ton PRP-X100) connected to an ICP-MS (Agilent 7500 cx) detector. The mo-
bile phase consisted of 0.01 M EDTA (Titriplex III; Merck), 2 mM potassium
hydrogen phthalate (Fluka), and 2% methanol (Baker) (pH 4.3). The flow rate
was 1.6 ml min−1. Mixed calibration standards of Sb(V) and Sb(III) in 0.05 M
EDTA were freshly prepared before measurement using 1000 mg l−1 stock so-
lutions of Sb(V) (KSb(OH)6 dissolved in water; Merck) and Sb(III) (Sb2O3 in
2 M HCl; Merck). The quantification limits were 0.3µg l−1 and 0.5µg l−1 for
Sb(V) and Sb(III), respectively.

The remaining solution of each sample was acidified by adding HNO3 at a fi-
nal concentration of ∼1% and analyzed in the same way as the leachate samples
for total Sb, Fe, Mn, Ca, and DOC. Processing of the soil solution samples (sta-
bilization with EDTA or HNO3 and pH measurements) was completed within
five hours after sampling.

5.3.4 Statistical data treatment

A multiple linear regression analysis was performed to determine the depen-
dence of soluble Sb on DOC and Ca, using the software R version 2.13.0.(The
R Foundation for Statistical Computing., 2011). Local polynomial regression
fitting (LOESS) as implemented in R was employed on all replicate measure-
ments to smooth TDR and redox data. The smoothing parameter α was set
to 0.05.

5.4 Results

5.4.1 Physicochemical characteristics of the lysimeter soils

The volumetric water contents of the soils in both treatments (Figure 5.1 a, b)
showed similar patterns of temporal fluctuations in response to rainfall and
evapotranspiration (meteorological data provided in Appendix Figure D.2), but
at increasing levels with depth. Water contents in the control lysimeters fluc-
tuated around 38%± 2% at 20 cm, 42%± 1% at 37 cm and 46%± 2% at 54 cm
depth (mean± standard deviation). During the treatment phase, average water
contents in these lysimeters were similar, except for a drop by 0.05 cm3 cm−3 at
all depths during a drought period in August 2012 and another, even stronger
drop by almost 0.1 cm3 cm−3 in the dry summer of 2013.

Averaged over the entire pre-treatment period, water contents in the WLT-
lysimeters were similar to those in the control lysimeters at 37 cm and 54 cm
depth (43%± 1% and 47± 1%, respectively), but approximately 0.04 cm3 cm−3

higher at 20 cm depth (∼41%± 1%). When waterlogging was started in July
2012, water contents at first still followed the same course as in the drained
lysimeters as only 5 mm of rain fell in the subsequent 6 weeks. But after
some strong rainfall events in late August and early September 2012, which
summed up to 246 mm (Appendix Figure D.2), the water table rose from the
drainage layer into the soil up to a depth of 30 cm below surface. As a con-
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sequence, also soil water contents increased at all three monitoring depths to
values (∼45%± 1% at 20 cm, 47%± 1% at 37 cm and 49%± 1% at 54 cm) ex-
ceeding those at the respective depths in the control lysimeters and lying closer
together than the latter. While in the dry July 2013, water levels dropped into
the drainage layer below the soil profile (85 cm below soil surface) also in the
WLT-lysimeters, the corresponding decrease in water contents was much less
pronounced than in the control lysimeters.

The Eh values showed seasonal fluctuations that strongly increased in ampli-

Figure 5.1: Characterization of the soil water and redox status of the lysimeter soil
during the study period. Volumetric water contents (θ) were measured at 20 cm,
37 cm, and 54 cm soil depths control lysimeters (a) and in the WLT-lysimeters
(b) subject to waterlogging starting in summer 2012 (gray shading). Redox
potentials (Eh) were recorded at the same depths and additionally at 10 cm
below soil surface in the control (c) and WLT-lysimeters (d). No Eh values were
recorded between mid-January and mid-March due to technical reasons. The
smoothed lines are based LOESS fitting performed on all replicates, and the
gray envelopes represent the 95% confidence intervals.
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tude with depth under drained conditions (Figure 5.1 c, d), increasing to around
650 mV in the non-growing seasons, and decreasing again to approximately
550 mV, 350 mV, -150 mV and -200 mV at 10 cm, 20 cm, 37 cm and 54 cm depth,
respectively, in the growing seasons. Redox potentials in the WLT-lysimeters
in the pre-treatment phase were similar to the control lysimeters before water-
logging, except for the depth of 37 cm, where they decreased to only ∼250 mV
in summer 2011. This difference suggests that the soil of the control lysimeters
was less well drained than the soil in the WLT-lysimeters at this depth despite
the lower water content. With the rise in water table in August 2012 after the
onset of waterlogging (Appendix Figure D.3), redox potentials decreased within
one month from 200 mV to -250 mV at 37 cm and 54 cm depth and did not re-
cover from this level during the following non-growing season (Figure 5.1 d).
At 20 cm and 10 cm depth, the influence of the waterlogging treatment on the
Eh values only showed up in the subsequent summer, when they decreased to
∼0 mV. In contrast to the control lysimeters, also the decrease in water level
during the summer drought in 2013 did not interrupt this trend.

5.4.2 Analysis of Sb, Mn, and Fe in leachate samples

The concentrations of Sb were almost identical in the leachates of all lysimeters
in the pretreatment period (Figure 5.2 a) and showed a clear seasonal fluctuation
with a maximum of ∼100µg l−1 in July and August and a minimum of around
40µg l−1 in January and February. With waterlogging, they decreased from
83µg l−1 at the end of June 2012 to <10µg l−1 in October 2012 in the WLT-
lysimeters and then remained stable thereafter, while they continued to follow
a similar seasonal trend as before in the control lysimeters.

The concentrations of Mn were in theµg l−1 range during the pre-treatment
phase in the leachate of all lysimeters and remained at this level in the con-
trol lysimeters until the end of the monitoring period (Figure 5.2 b). In con-
trast, they started to increase two months after the onset of waterlogging and
reached concentrations varying between 8 mg l−1 to 14 mg l−1 from November
2012 onwards in the WLT-lysimeter leachates. Leachate Fe concentrations
showed a similar pattern to Mn with concentrations below the quantification
limit (0.05 mg l−1) under drained conditions and increasing concentrations un-
der waterlogging conditions in the WLT-lysimeters (Figure 5.2 c). In contrast
to Mn, however, Fe concentrations remained low (<4 mg l−1, ) in the first year
of waterlogging and even decreased again to ∼1 mg l−1 during the non-growing
season, before they showed a stronger increase over the summer of 2013, reach-
ing ∼7 mg l−1 until the end of the experiment, paralleling the decrease in redox
potential in the upper parts of the soil profile.

5.4.3 Analysis of Ca and DOC in leachate samples from the
control lysimeters

To understand the seasonal behavior of Sb concentrations under drained con-
ditions, measurements of DOC and Ca concentrations were included in the
analysis of the leachate samples from the control lysimeters from August 2012
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Figure 5.2: Concentrations of dissolved (a) total Sb, (b) Mn, and (c) Fe in leachate
samples of the control lysimeters (open symbols) and the WLT-lysimeters subject
to waterlogging (closed symbols) starting in summer 2012 (gray shading). For
better visualization, a maximum of one data point per week is included in the
graphs. Error bars are the standard error of two leachate samples.

onwards. Overall, these measurements showed a similar pattern as Sb concen-
trations (Figure 5.3), with highest values in August 2012 (∼6 mg l−1 DOC and
∼300 mg l−1 Ca) and lowest values in January to February (∼3 mg l−1 DOC and
∼100 mg l−1 Ca). In contrast to Sb, however, Ca concentrations showed a re-
versed trend in summer 2013 and reached a second minimum in July/August
2013. No further leachate samples could be collected from the drained lysime-
ters in 2013 due to the summer drought.

Moderate correlations were found between Sb and DOC (R2 = 0.56,
P≤ 0.001) and between Sb and Ca (R2 = 0.52, P≤ 0.001), using ordinary lin-
ear regression analysis (Appendix Figure D.4). Multiple linear regression using

Table 5.1: Results of the multiple linear regression analysis of Sb concentrations versus
dissolved organic carbon (DOC) and Ca concentrations for leachate samples. The
R2 for the regression was 0.67.

term coefficient standard error P

intercept 1.28 3.4 P
DOC 11.87 1.36 <0.001***
Ca 0.06 0.02 <0.01**
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Figure 5.3: Concentrations of dissolved (a) total Sb, (b), DOC, and (c) Ca in leachate
samples from the control lysimeters taken from July 2012 until September 2013
(gray shading in Figure 5.2). In contrast to Figure 5.2, all measured samples were
included in the graphs. Error bars represent the standard error of two leachate
samples.

DOC and Ca concentrations together as independent variables (Table 5.1) ex-
plained 67% of the variance in Sb concentrations of the leachate samples from
the drained lysimeters from July 2012 until August 2013, with DOC concentra-
tions having a slightly higher significance than Ca concentrations.

5.4.4 Analysis of soil solution samples

Antimony(V) concentrations in soil solution decreased with sampling depth in
the control lysimeters from 38-72µg l−1 at 20 cm depth, to 33-64µg l−1 at 37 cm
depth and to 12-38µg l−1 at 54 cm depth (Figure 5.4 a-c). The standard errors
shown in Figure 5.4 a-c indicate that variability among replicate samples was
large. Although there was no pronounced seasonal trend in Sb(V) concentra-
tions in soil solution, they were approximately 20µg l−1 higher in late summer
(∼August) than from October to April at 20 and 54 cm depth. Concentrations
of Sb(III), Mn, and Fe were below or close to their detection limits (0.5µg l−1

for Sb(III) and 0.08 mg l−1 for Fe and Mn) in solution samples collected at
20 cm and 37 cm depth from the control lysimeters (Figure 5.4 d, e, g, h, k, l).
Clearly elevated Sb(III) and Fe concentrations (0.8µg l−1 Sb and 7 mg l−1 Fe;
Figure 5.4 f, m) were found in the control lysimeters only at 54 cm soil depth
between October and December 2012, while Mn concentrations were elevated
at this depth to ∼5 mg l−1 already in summer 2012 (Figure 5.4 i). During the
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growing season 2013, Mn and Fe gradually decreased again towards the quan-
tification limit also at this depth in the control lysimeters, while Sb(III) did not
exceed the quantification limit.

With the onset of waterlogging in the WLT-lysimeters, Sb(V) concentrations
dropped from 55µg l−1 at the end of July 2012 to 13µg l−1 in October 2012
at 20 cm depth (Figure 5.4 a). During the non-growing season, they increased
again to 31µg l−1 in March 2013, followed by another decrease to <10µg l−1 in

Figure 5.4: Concentrations of dissolved (a-c) Sb(V), (d-f) Sb(IIII), (g-i) Mn, (k-m) as
well as (n-p) pH in the soil solutions from the control lysimeters (open symbols)
and the WLT-lysimeters (closed symbols) during the waterlogging treatment
(gray shading in Figure 5.2) at 20 cm, 37 cm and 54 cm depth. Points give average
values from a total of 6 sampling locations. No samples were taken between end
of November 2012 and mid-March 2013. Error bars are the standard errors.



70 Chapter 5. Sb retention and release under field conditions

summer 2013. At 37 cm and 54 cm depths, Sb(V) concentrations showed a simi-
lar, though less pronounced decrease (from ∼20µg l−1 in July 2012 to <5µg l−1

in October; Figure 5.4 b, c), but with little or no recovery in the non-growing
season, and then remained low in summer 2013. Aside from minor deviations,
Sb(III) and Fe showed remarkably similar seasonal and spatial trends in the
solution samples of the WLT-lysimeters (Figure 5.4 d-f, k-m), with peak con-
centrations between October and December 2012 (0.7µg l−1, 1.2µg l−1, and
1.3µg l−1 Sb and 4 mg l−1, 15 mg l−1, and 21 mg l−1 Fe), a subsequent decrease
during the non-growing season, and – at the lowest sampling depth – another in-
crease towards the end of the growing season 2013. In contrast to Fe, the latter
increase was only weak for Sb(III). Like Fe and Sb(III), also Mn concentrations
increased with depth (<5 mg l−1 at 20 cm, <12 mg l−1 at 37 cm, <19 mg l−1 at
54 cm) in the WLT-lysimeter solutions (Figure 5.4 g-i); however, in contrast to
those of Sb(III) and Fe, Mn concentrations in solution remained high also dur-
ing the non-growing season at 37 cm and 54 cm soil depth and did not increase
much more during the growing season in 2013.

Ranging between pH 7.1 and 7.7, the pH values did not vary much through-
out the study period, apart from a slight overall trend to decrease. They also
showed little variation among treatments and depths (Figure 5.4 n-o), just a
slight trend to decrease with depth and an increasing trend to be lower in the
upper depths of the lysimeters with waterlogging than in the control lysimeters.

5.5 Discussion

5.5.1 Leaching of Sb under drained conditions

Our study clearly showed a seasonal fluctuation in Sb leaching from contam-
inated shooting range soil under drained conditions, with Sb concentrations
(>110µg l−1) three times higher in summer than in winter (<40µg l−1, Fig-
ure 5.2 a). The correlation with DOC and Ca (Table 5.1) suggests a close cou-
pling of Sb leaching to the processes driving DOC dynamics and Ca solubility.
Vegetation growth and microbial activity are likely main drivers of these pro-
cesses, with a close link to temperature (Appendix Figure D.2) (Pietikäinen
et al., 2005): Plant growth and assimilate transfer to the soil enhance DOC
production during the growing season, indirectly through microbial decompo-
sition of plant residues and soil organic matter as well as directly through
exudation of soluble organic compounds (Bais et al., 2006). Conversely, de-
creased organic carbon supply and organic matter decomposition lead to net
consumption of DOC during the non-growing season. Being directly coupled
to growth and metabolic processes, root and microbial respiration also pro-
duces CO2, dissolving as carbonic acid in the soil solution and thus generating
acidity in addition to root exudation of organic acids and microbial oxidation
processes such as nitrification. In calcareous soils, this acidity is generally well
buffered by dissolution of CaCO3 (James, 2005), which explains the seasonal
variation in Ca concentrations while the soil solution pH showed little change
(Figure 5.4 n-p). We did not measure inorganic carbon, but based on stoichiom-
etry of the reactions involved in carbonate buffering, it can be expected that
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also the concentration of bicarbonate increased in the soil solution with the dis-
solution CaCO3. Both, DOC (Hockmann and Schulin, 2013) and bicarbonate
(Biver et al., 2011) form inner sphere complexes with metal (hydr)oxides. Thus,
the correlation between Sb and DOC in the leachate can be explained by Sb
mobilization due to competition for binding sites on Fe (hydr)oxides. With a
close relationship between Ca and bicarbonate concentrations, competition for
sorption sites with bicarbonate would explain in a similar way the correlation
between Sb and Ca in the leachate. Independent of the mechanisms behind the
observed correlations, our findings are in contrast to previous studies conclud-
ing that Sb solubility was governed by Ca antimonate solubility in calcareous
soils (Diemar et al., 2009; Johnson et al., 2005; Okkenhaug et al., 2011; Oorts
et al., 2008), as this should have resulted in a negative correlation between Sb
and Ca concentrations (Cornelis et al., 2011; Okkenhaug et al., 2012) and also
could not explain the correlation with DOC. Furthermore, neither Sb K-edge
X-ray absorption near edge structure (XANES) spectra (see Chapter 3) nor
the elemental maps obtained by laser ablation-ICP-MS (see Chapter 4) indi-
cated the presence of Ca antimonates in our study soil. The fact that also no
Ca antimonates were identified in another study, in which samples from five
Swiss calcareous shooting range soils were analyzed by means of extended X-
ray absorption fine structure (EXAFS) spectroscopy (Scheinost et al., 2006),
suggests that their role in controlling Sb mobility in such soils may have been
overestimated.

Okkenhaug et al. (2012) attributed decreased Sb concentrations in soil so-
lution samples taken in the cold season to a dilution effect resulting from in-
creased soil wetness. However, in our lysimeters soil water contents fluctuated
by not more than ∼10 cm3 cm−3 under drained conditions and were thus much
too small to produce variations in Sb concentrations between 40µg l−1 and
100µg l−1. Apart from that, these fluctuations showed no seasonal pattern like
those of Sb.

The soil solution samples from the control lysimeters did not show such a
clear seasonality in Sb as the leachates (Figure 5.4 a-c). This may have been
due to a different representation of water from different pores in the two types
of samples. In particular, macropores are known for biogeochemical and soil hy-
drological properties that can vastly differ from finer pores (Pallud et al., 2010).
Macropores are preferential flow and transport pathways, and the pore space in
immediate hydraulic contact with them generally provides optimal conditions
for soil microbial activity (Vinther et al., 1999). As macropores can conduct
water by orders of magnitude faster than the bulk pore space (Schulin, 1993),
they usually also contribute much more to leaching than the latter. In compar-
ison, solution from finer pores probably contributed much more to the samples
collected with the suction cups than to the leachate samples. Dilution with by-
pass water low in Fe from upper horizons also explains why the leachate from
the waterlogged lysimeters was significantly lower than the Fe concentrations
found in soil solution at the lower sampling depths.

The seasonal variation in microbial activity was reflected by the marked
seasonal fluctuations in the redox potential (Figure 5.1 c), which were partic-
ularly strong in the subsoil. This indicates that oxygen supply became lim-
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iting to microbial growth and activity in this soil during summer even under
non-waterlogged conditions, a phenomenon well-known for dense or coarsely
structured soils (Tiedje et al., 1984). However, in the control lysimeters, these
low redox potentials did not translate into increased Mn and Fe leaching (Fig-
ure 5.2 b, c), as one might have expected on the basis of thermodynamic equi-
librium considerations (Appelo and Postma, 2005), and as we also found in
the waterlogged WLT-lysimeters at similar redox potentials. Also in the soil
solution samples from the control lysimeters, we found only weak responses in
Mn and Fe concentrations to decreasing redox potentials (Figure 5.4 g-m). One
reason could be short-range spatial heterogeneity, which would be consistent
with the coarse structure of the lysimeter soils. Redox measurements are in
general representative only for a thin zone (cm scale) of soil surrounding the
probe (Fiedler, 2000). Furthermore, as many redox couples contributed to the
resulted mixed redox potentials, none of which was most likely at equilibrium,
the measured Eh values rather indicated the general intensity of reduction or
oxidation of the bulk soil than specific redox processes (Patrick et al., 1996).

5.5.2 Leaching of Sb under waterlogged conditions

As soon as the waterlogging treatment caused the redox potential at the lower
depths to drop in the WLT-lysimeters at the beginning of September 2012
(Figure 5.1 d), Sb leachate concentrations steeply decreased below those of the
controls (Figure 5.2 a-c). This finding suggests that the immobilization resulted
from the reduction of Sb(V) to Sb(III) by increasing its retention due to the
much stronger sorption of antimonite to Mn and Fe (hydr)oxides in compari-
son to antimonate (Mitsunobu et al., 2010b). Dilution resulting from increased
water contents could have accounted only for a minor part (6%-18%) of the de-
crease in Sb leachate concentrations. In the soil solution samples, a decrease in
Sb concentrations was already visible in July and August 2012, indicating Sb(V)
reduction while the water table was still low. The fact that Sb(III) markedly
increased in solution at 37 cm and 54 cm depth in the WLT-lysimeters in fall
2012 when also Fe increased (Figure 5.4 d-f, k-m) supports the conclusion that
the reduction of Sb(III) and its subsequent sorption to Fe (hydr)oxides was the
main reason for the disappearance of Sb(V) from solution under waterlogging
conditions. In contrast, Sb(V) concentrations in solution remained low at these
depths and were not affected by the reductive dissolution of Fe (hydr)oxides,
indicating that Sb(III) was the dominant Sb species in the soil matrix.

Further evidence for reduction of Sb(V) to Sb(III) as the major reason for
the decrease in dissolved Sb comes from a XANES analysis of the same soil
performed after anaerobic incubation in a microcosm experiment. Solid phase
Sb speciation revealed that, even though Sb(III) was below the quantification
limit in solution at redox potentials <0 mV, the dominant oxidation state of
Sb in the solid phase was Sb(III) (see Chapter 3). Another point in line with
the postulated dominance of Sb(III) over Sb(V) on the binding sites of the
waterlogged soil is the absence of seasonal fluctuations in Sb leaching under
these conditions, although Ca and DOC showed similar fluctuations in soil
solution with and without waterlogging (Appendix Figure D.5 d-i). As Sb(III)
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is much more competitive than Sb(V) for sorption sites, it is also much less
affected by competition with other sorbents.

The quite close association of Sb(III) with Mn and Fe concentrations in
solution (Figure 5.4 d-m) provides support to the hypothesis that this temporary
increase in Sb(III) was due to its release from Fe and maybe also Mn due to their
reductive dissolution. Over winter, the Mn concentrations remained high in the
soil solutions from the lowest depth of the waterlogged lysimeters, while Fe and
Sb(III) concentrations decreased, suggesting that the redox potential increased
to values at which Sb(III) and Fe(II) were re-oxidized, but not Mn(II), although
this was not indicated by the Eh readings. The dynamics of Mn and Fe in the
soil solution at the lowest sampling depth was, however, also reflected in a
similar pattern of Mn and Fe concentrations in the leachate. In summer 2013,
the concentrations of Mn, Fe and Sb(III) started again to increase, although
the increase in Sb(III) was much smaller in proportion than in the previous
year, possibly an indication that the fraction of Sb(III) bound to Fe and Mn
(hydr)oxide surfaces in the lower parts of the soil profile was getting depleted.

Compared to Sb(V) concentrations, the concentrations of Sb(III) remained
low in soil solution also under waterlogging conditions (Figure 5.4 a-c), making
no substantial contribution to total Sb concentrations and thus to leaching. This
can be attributed to the fact that the fraction of total Fe that became dissolved
through reduction to Fe(II) remained very small (<0.1% at 54 cm depth) and
that Mn phases probably only played a minor role only in Sb(III) sorption. Due
to the higher redox potential of Mn(III/IV) (Cornelis et al., 2008), sorption of
Sb(III) to Mn (hydr)oxides is not stable thermodynamically. Therefore, solid
Mn (hydr)oxides phases are rather expected to be relevant as sorbents for Sb(V)
and less for Sb(III) (Belzile et al., 2001; Blay, 1999), which would result in
Sb(V) release upon reductive Mn (hydr)oxide dissolution. However, the Mn
and Sb(V) solution samples did not indicate this, probably because a release of
Sb(V) from dissolving Mn phases, should it have occurred, was overridden by
the simultaneous decrease in Sb(V) due to its reduction.

5.5.3 Environmental implications

This study provides the first evidence for strong seasonal fluctuations in Sb
leaching from non-waterlogged calcareous soil, which are driven by fluctuations
in DOC and probably also bicarbonate concentrations. This seasonality should
be considered as a potentially very relevant factor in the assessment of risks
associated with the leaching of Sb from contaminated soil. While rapid con-
version of Sb(V) to Sb(III) with transition to reducing soil conditions has only
been shown under laboratory conditions up to now (see Chapter 3), this ex-
periment clearly demonstrates that Sb(V) reduction occurring within weeks to
months under field conditions is an important mechanisms for Sb retention in
poorly drained soils in the environment. Sb leaching was strongly decreased in
the waterlogged soil and independent of seasonal effects, because Sb(III) was
effectively retained by Fe phases. While the decrease in total Sb concentrations
upon reduction of Sb(V) may indicate lower risks of Sb leaching from water-
logged than well-drained soils, it must be considered that Sb(III) is more toxic
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than Sb(V). Furthermore, prolonged duration of waterlogging could enhance Sb
leaching again as Sb(III) may be released upon reductive dissolution of Sb(III)-
hosting Fe (hydr)oxides (Chapter 3.), thereby significantly increasing the risks
from Sb-contaminated sites.
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Chapter 6

Conclusions

6.1 Key results and outlook

This thesis demonstrates that changes in redox status induced by limited oxy-
genation and microbial activity are of key importance for speciation, sorption
and mobility of Sb in contaminated soil. By combining batch and column ex-
periments with the “quasi-real world situation” of the lysimeters, this work not
only provides a mechanistic explanation for the processes observed in the labora-
tory, but also assesses the importance of these processes in the field. Therefore,
this thesis advances the understanding of the behavior of Sb in redox-variable
soils and also helps towards a more accurate risk assessment. Integrating the
conclusions drawn in the different chapters, the following sequence of redox
reactions and associated (de)sorption is suggested to occur with the onset of
waterlogging in calcareous shooting range soil:

� Mn (hydr)oxides become reductively dissolved through the transition from
oxic to anaerobic conditions. As Mn (hydr)oxides are important sorbents
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for Sb(V) in soils, as demonstrated by the LA-ICP-MS analysis, the re-
ductive dissolution of Sb(V)-bearing Mn phases may result in an – at least
– temporary release of Sb(V).

� Upon further reduction, this release is counteracted by the reduction of
Sb(V) to Sb(III), which may occur within days or weeks, depending on the
availability of suitable electron donors for microbial reduction processes.
The conversion of Sb(V) to Sb(III) leads to the immobilization of Sb,
as antimonite has a higher sorption affinity to Fe (hydr)oxides than its
pentavalent counterpart at circumneutral pH.

� Under Fe-reducing conditions, the previously bound Sb(III) is released
again into solution due to the dissolution of Sb(III)-bearing Fe phases.
How pronounced this effect is, was shown to depend on the amount of Fe
(hydr)oxides that are reductively dissolved.

The sequence of redox reactions is in line with the redox potentials of the
Mn(IV/III)-Mn(II), Sb(V)-Sb(III), and Fe(III)-Fe(II) redox couples at circum-
neutral pH. An effect of possible sulfate (SO2−

4 ) reduction on Sb solubility was
not observed in the experiments performed in this study. Although the Eh
values did not reveal SO2−

4 -reducing conditions in the microcosm and column
experiments, SO2−

4 reduction as indicated by a decrease in SO2−
4 concentra-

tions is likely to have occurred to some extent in all experiments except for
the unamended microcosms, in which SO2−

4 concentrations remained constant
throughout the incubation period. The aqueous complex Sb2S2−

4 is the stable
form of Sb under SO2−

4 -reducing conditions at pH above 6. Therefore, Sb2S2−
4

may have formed (Filella et al., 2002b), but was probably overlooked by the
LC-ICP-MS speciation analysis, which only gives information on the Sb redox
states not soluble Sb complexes. Precipitates of Sb2S3, which may only form
in the presence of sulfide at mildly acidic to acidic pH (Hockmann and Schulin,
2013), were not identified by the XANES analysis of the soil after anaerobic in-
cubation. With an increase in the Sb/S ratio, however, the precipitate becomes
thermodynamically more stable. Because the behavior of Sb in SO2−

4 -reducing
soils is still largely unclear, future research efforts should aim to improve the
understanding of Sb mobility in SO2−

4 -reducing soils.
Aside from the redox potential, the soil pH has a strong influence on the

entirety of chemical and biological conditions affecting Sb solubility in soil. The
sequence of redox reactions outlined above was demonstrated for a calcareous
soil and may be transferable to similar Sb-contaminated soils at cicumneutral
or higher pH. It would be interesting to investigate the effect of redox changes
on Sb leaching in soils at a more acidic pH. In well-drained soils at acidic pH,
soluble Sb concentrations are expected to be lower (Conesa et al., 2010) due
to the loss in sorption capacity of the metal (hydr)oxides (Leuz et al., 2006b).
Also microbially-mediated reactions may be generally slower at lower pH, and
thus, the sequence of redox reactions and associated (de)sorption reactions as
outlined above may take longer, possibly resulting in a more pronounced effect
of Mn reduction, which was overridden in the calcareous soil in the lysime-
ter and microcosm batch experiments, or in a lower extent of Sb(V) reduction
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(Tighe et al., 2013). While Fe(II) was shown to reduce Sb(V) in anaerobic alka-
line waters (Leuz et al., 2002), thermodynamic equilibrium calculations predict
Sb(III) to be oxidized by Fe (hydr)oxides at pH around 6 and lower (Hockmann
and Schulin, 2013); thus, Sb(V) may become more stable also in anaerobic soil
solutions compared to Sb(III). Therefore, while percentages of >90% Sb(III)
of total Sb found in the solid and liquid phase of the microcosm experiments
strongly suggest that Sb(III) is the dominant Sb redox species in reduced, cal-
careous soils (Eh< 0.05 V), this may be very different in acidic soils. Slower
reduction kinetics and a lower amount of Sb(V) reduced were indeed found in a
study using Sb-contaminated acidic floodplain soils (pH 4.3 and 5.1) subjected
to 20 days flooding (Tighe et al., 2013). The interplay of biogeochemical re-
actions render firm predictions of the effect of waterlogging on Sb leaching in
mildly acidic to acidic soils difficult. Since most available studies (Okkenhaug
et al., 2012; Wan et al., 2013a,b; Mitsunobu et al., 2006a) addressing in some
way Sb solubility under reducing conditions used soil at a pH of at least 7, Sb
leaching studies under reducing conditions at lower pH are urgently needed to
get an understanding of the risks arising from these soils. The presented ex-
periments and mechanistic explanations of the sequence of processes occurring
upon waterlogging in the calcareous soil provide a methodological guidance and
solid rationale for such experiments.

This thesis makes an important contribution to the understanding of the
fate of Sb in poorly drained calcareous shooting range soils subjected to wa-
terlogging. The results are most likely transferable to other Sb-contaminated
soils in which Sb is initially present as Sb(V) and in which the solubility of Sb
is controlled by its sorption to Mn and Fe minerals, that is in highly weathered
mineral soils. It would be interesting to test the validity of the conclusions
drawn in this thesis for soils in which Sb(V) is not the dominant redox species,
for example Sb2S3-contaminated mining soils. Also the composition of the soil
microbial communities may strongly vary between different soils (Nannipieri
et al., 2003), thereby affecting the effects and intensities of reduction and Sb
(de)sorption reactions. Because of the very limited knowledge available on Sb
microbiology (Filella et al., 2007), this study did not investigate the Sb dynam-
ics with a focus on the microbial communities. As the results presented in this
thesis strongly suggest that microbial activity plays a major role in Sb redox
reactions, this issue may be a suggestion for future research.

6.2 Comparison of the batch, column and lysimeter
experiments

By using the same soil throughout all experiments, this thesis offers the ad-
vantage of a direct comparison of the effect of changing redox conditions on Sb
leaching in contaminated soil in different experimental systems. With each set
of experiments, the number of biogeochemical and physical processes involved
was increased, thereby allowing adaption the complexity of the system to the
progress in mechanistic process understanding.

The microcosm batch experiments provided detailed information on the
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(de)sorption and redox reactions of Sb in the studied soil upon anaerobic in-
cubation under well-controlled and reproducible conditions. The high ratio of
lactate to total Fe applied in the amended microcosms strongly promoted re-
ductive dissolution of Fe phases. This resulted in a very pronounced effect of
Fe (hydr)oxide dissolution on Sb(III) release, which was exclusively found in
the lactate-amended microcosms. While this very high supply of dissolved or-
ganic carbon may be regarded as unlikely to occur in natural systems, the redox
conditions and reactions encountered in this system were typical for soils with
stagnic properties and wetland environments (Kirk, 2004; Reddy and DeLaune,
2004). Therefore, the findings from the lactate-amended microcosms may rep-
resent an “extreme” and reveal biogeochemical processes that may indeed occur
in strongly Fe-reducing soils. Due to their intrinsic simplicity, however, batch
experiments only provide information on reactions in soil slurries under stag-
nant conditions, and do not consider effects associated with transport.

Therefore, one level of complexity was added in the column experiments un-
der saturated flow conditions. By accounting for Sb flux concentrations instead
of “cumulative” concentrations as for the microcosms, the column experiments
furthermore offered the possibility to separate the different phases of reduction
and (de)sorption processes that overlapped in the microcosms. Specifically, the
effect of Mn reduction could be clearly identified in the column experiments.
Although the columns were eluted with the same 15 mM lactate solution as
used in the amended microcosms, the amount of total Fe reduced was much
lower by the end of the experiment than levels found in the lactate-amended
microcosms, and thus, the amount of released Sb(III) remained low. Effluent
Fe concentrations were still increasing by the end of the experiment with no
indication of this stopping, suggesting that released Sb(III) might have also
increased in the column experiments after additional days of leaching. It may
be interesting to perform similar column experiments with a lower sampling
intensity and an extended period of operation under flow conditions.

In the last part of the study, we investigated Sb leaching under field con-
ditions by means of a lysimeter experiment. While the microcosm and column
experiments provided mechanistic process understanding of Sb leaching under
reducing conditions, the lysimeter revealed how important these processes are in
the field and may therefore provide crucial information for the risk assessment
of Sb-contaminated sites. In the lysimeter experiment, effects of vegetation, cli-
mate, soil structure and spatial heterogeneity were accounted for. Pronounced
spatial trends in Sb and metal concentrations with soil depth showed that Sb
redox and thus, (de)sorption processes in the field may vary at a scale of a few
centimeters. Additionally, seasonal patterns in vegetation growth and micro-
bial activity (and thus in DOC and bicarbonate concentrations) were reflected
by fluctuations in Sb concentrations under non-waterlogged conditions – an
observation only possible in long-term field experiments.

In contrast to the column experiments, the reductive dissolution of Mn
(hydr)oxides with the onset of reducing conditions did not result in a release
of Sb(V) in the lysimeter soil solution and leachate. Similar to the microcosm
batch experiment, this effect may have been overridden by Sb(V) reduction and
subsequent Sb(III) adsorption to Fe (hydr)oxides. In agreement with the col-
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umn experiments, reductive Fe (hydr)oxide dissolution remained low during the
study period. It may be very appealing for future research to continue the oper-
ation of the lysimeters and to investigate if the recovery of the soil redox status
over winter prevents the generation of strongly Fe-reducing conditions or if Fe
concentrations and thus Sb(III) would increase under prolonged waterlogging.

6.3 Environmental and management implications for
shooting range soils

A thorough understanding of the factors governing the biogeochemical behavior
of Sb in soil is an indispensable prerequisite for long-term risk assessments of
Sb-contaminated soils. Besides providing a mechanistic understanding of how
waterlogging affects Sb leaching from contaminated soils in general, this the-
sis offers important information for the development of adequate management
practices of shooting range soils in situ, particularly with regard to the soil
water regime.

Our results suggest that Mn (hydr)oxides can exert a major control on the
mobility of Sb in contaminated soil, despite their generally much lower concen-
trations in soils in contrast to Fe minerals. With the transition from oxic to
anaerobic conditions often observed in poorly drained soils subjected to water-
logging, Sb(V) may be mobilized as soon as Mn (hydr)oxides become micro-
bially reduced. As already a moderate decrease in redox potential is sufficient
to result in Mn(III/IV) reduction as compared to Fe(III) reduction, the risk of
uncontrolled release of Sb into the environment from shooting range soils may
therefore have been strongly underestimated.

Upon further reduction, Sb was shown in all experimental sets to be readily
reduced to its trivalent counterpart. As long the reductive dissolution of Fe
phases does not become dominant, Fe minerals may effectively scavenge Sb(III),
at least in soils with high pH. While this may indicate lower risks of Sb leaching
from redox-variable soils, it needs to be considered that Sb(III) is much more
toxic than Sb(V) (Filella et al., 2002a). Thus, when Fe reducing conditions
develop, as often observed under long-term waterlogging in floodplain soils, Fe
(hydr)oxides may release hazardous Sb(III) upon reductive dissolution of the
minerals, thereby significantly increasing the risks from such soils.

Given that Sb(III) hosting phases dissolve under Fe-reducing conditions, the
application of Fe-based sorbents, recently suggested as cost-efficient remediation
strategy for shooting range soils (Okkenhaug et al., 2013, 2012; Spuller et al.,
2007), needs to be re-evaluated for waterlogged soils. As poorly crystalline Fe
(hydr)oxides were shown to be more available for bacterial Fe(III) respiration
(Weber et al., 2010), future research efforts also need to consider the degree of
crystallinity of the sorbents in question. While this thesis exclusively focused
on the leaching of Sb, the effect of waterlogging should be evaluated also for
other toxic bullet components, such as lead (Pb), in order to derivate adequate
management strategies for shooting range soils. The microcosm batch and
column experiments in fact indicated a potential release of Pb under Fe-reducing
conditions (data not shown).
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Furthermore, application of organic fertilizers to shooting range soils that
are used to grow crops and pasture if abandoned or temporarily idle, may be a
critical factor increasing the environmental risks. As shown in Chapter 3, sup-
ply of organic carbon to poorly-drained soils may strongly enhance microbial
processes, resulting in a possible release of the more toxic Sb(III) in the case
where Fe reduction becomes dominant. Additionally, under well-drained con-
ditions, fertilization of Sb-contaminated soils is not recommendable, as organic
carbon is suspected to displace Sb from its sorption sites, thereby mobilizing
Sb(V). As the lysimeter experiment showed that Sb leachate concentrations
may strongly vary depending on the season, the seasonality should be consid-
ered as a potentially very relevant factor in the assessment of risks associated
with the leaching of Sb from shooting range soils.
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Blay, K. (1999). Sorption wässriger Antimon-Spezies an bodenbildende Fest-
phasen und Remobilisierung durch natürliche Komplexbildner. Ph.D. thesis,
Technische Universität, München.

Bormann, I. (2010). DigitizeIt Version 1.5.8. http://digitizeit.de, accessed on 5
May 2013.

Brookins, D. G. (1986). Geochemical behavior of antimony, arsenic, cadmium
and thallium – Eh-pH diagrams for 25-degrees-C, 1 bar pressure. Chemical
Geology, 54(3-4), 271–278.

Brown, S. and Holme, T. (2010). Chemistry for Engineering Students. Brooks
Cole, 2 edition.

Buschmann, J., Canonica, S., and Sigg, L. (2005). Photoinduced oxidation
of antimony(III) in the presence of humic acid. Abstracts of Papers of the
American Chemical Society, 230, U1767–U1767.

Butterman, W. and Carlin, J. (2004). U.S. Geological Survery Mineral Com-
modity Profiles: Antimony.

BUWAL (2002). Moore und Moorschutz in der Schweiz.

Carlin, J. (2013). U.S. Geological Survery 2012 Minerals Yearbook: Advance
Release.

Casado, M., Anawar, H. M., Garcia-Sanchez, A., and Santa-Regina, I. (2007).
Antimony and arsenic uptake by plants in an abandoned mining area. Com-
munications in Soil Science and Plant Analysis, 38(9-10), 1255–1275.



83

Casiot, C., Ujevic, M., Munoz, M., Seidel, J. L., and Elbaz-Poulichet, F. (2007).
Antimony and arsenic mobility in a creek draining an antimony mine aban-
doned 85 years ago (upper Orb basin, France). Applied Geochemistry, 22(4),
788–798.

Clausen, J. and Korte, N. (2009). The Distribution of Metals in Soils and Pore
Water at Three US Military Training Facilities. Soil & Sediment Contami-
nation, 18(5), 546–563.

Cloy, J. M., Farmer, J. G., Graham, M. C., and MacKenzie, A. B. (2009).
Retention of As and Sb in Ombrotrophic Peat Bogs: Records of As, Sb, and
Pb Deposition at Four Scottish Sites. Environmental Science & Technology,
43(6), 1756–1762.

Conesa, H. M., Wieser, M., Gasser, M., Hockmann, K., Evangelou, M. W. H.,
Studer, B., and Schulin, R. (2010). Effects of three amendments on ex-
tractability and fractionation of Pb, Cu, Ni and Sb in two shooting range
soils. Journal of Hazardous Materials, 181(1-3), 845–850.

Cornelis, G., Johnson, C. A., Van Gerven, T., and Vandecasteele, C. (2008).
Leaching mechanisms of oxyanionic metalloid and metal species in alkaline
solid wastes: A review. Applied Geochemistry, 23(5), 955–976.

Cornelis, G., Van Gerven, T., Snellings, R., Verbinnen, B., Elsen, J., and Van-
decasteele, C. (2011). Stability of pyrochlores in alkaline matrices: Solubility
of calcium antimonate. Applied Geochemistry, 26(5), 809–817.

Cornell, R. and Schwertmann, U. (2003). The iron oxides: structure, properties,
reactions, occurences and uses. Wiley-VCH, Weinheim, 2nd edition.

Cornell, R. M. and Schwertmann, U. (2004). The Iron Oxides. Wiley-VCH
Verlag GmbH & Co. KGaA.

Council of the European Communities (1998). Council Directive 98/83/EC of
3 November 1998 on the quality of water intended for human consumption.

Denys, S., Tack, K., Caboche, J., and Delalain, P. (2009). Bioaccessibility,
solid phase distribution, and speciation of Sb in soils and in digestive fluids.
Chemosphere, 74(5), 711–716.

Diaz-Bone, R. A. and Hitzke, M. (2008). Multi-element organometal(loid)
speciation by hydride generation-GC-ICP-MS: overcoming the problem of
species-specific optima by using a pH-gradient during derivatisation. Journal
of Analytical Atomic Spectrometry, 23(6), 861–870.

Diemar, G. A. (2008). Supergene dispersion of antimony and a geochemical ex-
ploration model for antimony ore deposits. Ph.D. thesis, University of Western
Sydney, Sydney.

Diemar, G. A., Filella, M., Leverett, P., and Williams, P. A. (2009). Dispersion
of antimony from oxidizing ore deposits. Pure and Applied Chemistry, 81(9),
1547–1553.



84 Bibliography

Dominguez, M. T., Maranon, T., Murillo, J. M., Schulin, R., and Robinson,
B. H. (2008). Trace element accumulation in woody plants of the Guadiamar
Valley, SW Spain: A large-scale phytomanagement case study. Environmental
Pollution, 152(1), 50–59.

Duester, L., Diaz-Bone, R. A., Kosters, J., and Hirner, A. V. (2005). Methy-
lated arsenic, antimony and tin species in soils. Journal of Environmental
Monitoring, 7(12), 1186–1193.

Evangelou, M. W. H., Hockmann, K., Pokharel, R., Jakob, A., and Schulin, R.
(2012). Accumulation of Sb, Pb, Cu, Zn and Cd by various plants species
on two different relocated military shooting range soils. Journal of Environ-
mental Management, 108(0), 102–107.

Fadrus, H. and Maly, J. (1975). Supression of iron(III) interference in de-
termination if iron(II) in water by 1,10 phenanthroline method. Analyst,
100(1193), 549–554.

Fendorf, S. and Kocar, B. D. (2009). Chapter 3 Biogeochemical Processes
Controlling the Fate and Transport of Arsenic: Implications for South and
Southeast Asia. In L. S. Donald, editor, Advances in Agronomy, volume
Volume 104, pages 137–164. Academic Press.

Fiedler, S. (2000). In situ long-term-measurement of redox potential in redox-
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A.1 Effect of humic acids on Sb(V) sorption to goethite

To date, only few studies have focused on Sb associated with dissolved organic
carbon (DOC) in natural systems. DOC components, such as humic acids,
are ubiquitous in soils. They strongly sorb to iron (Fe) and manganese (Mn)
(hydr)oxides and might therefore compete with Sb for the same binding sites.
Since DOC is also present in the shooting range soil used in this study, it
is considered a key variable in the lysimeter experiments. In fact, analysis of
leachate data from the lysimeter experiment indicated that the concentration of
DOC is a key parameter governing Sb leaching from the study soil (Chapter 5).
Only few studies so far have investigated Sb associated with DOC in natural
systems. In order to understand how DOC affects Sb(V) leaching in the study
soil and to get an mechanistic understanding of the processes occurring in the
lysimeter experiment, we carried out batch equilibrium and dialysis experiments
with a pure mineral phase and humic acids.

The experiments were performed with goethite, because it is the most abun-
dant Fe oxide in well-aerated soils in humid climates. Goethite was synthesized
according to the method provided by Schwertmann and Cornell (2000). Purified
and pre-dialyzed technical humic acid (PAHA; Sigma Aldrich, tech.) as well
as natural humic acid (SRHA, IHSS standard) were used as model compounds
for DOC. Particular attention was given to the influence of pH on the ternary
systems containing goethite, Sb(V) and humic acids.

Additional dialysis experiments revealed that Sb(V) binding to humic acids
was negligible at pH 4.3 to 8 and an Sb(V) concentration of 1µM and at pH 7
for Sb concentrations ranging between 0.05µM to 5µM.
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A.2 Effect of the type and concentration of humic acid
on Sb(V) sorption to goethite

Figure A.1: Sorption of Sb to goethite as a function of the concentration of natural
(SRHA, grey cicles) and technical humic acid (PAHA, black squares) at pH 7
in 0.01 M CaCl2 and an initial Sb(V) concentration of 1µM. Antimony(V) and
humic acids were added at the same time. Error bars (S.E., n = 3) that are not
visible are smaller than the symbols.

Figure A.2: Sorption isotherms of Sb to goethite in the absence (white triangles)
and presence of 1.6 mg C l−1 natural (SRHA, grey cicles) or technical humic acid
(PAHA, black squares) at pH 7 in 0.01 M CaCl2. Sb(V) and humic acids were
added at the same time. Error bars (S.E., n = 3) that are not visible are smaller
than the symbols.
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A.3 Effect of pH on Sb(V) sorption to goethite in the
presence of humic acid

Figure A.3: Sorption of Sb to goethite in the absence (white triangles) and presence of
1.6 mg C l−1 natural (SRHA, grey cicles) and technical humic acid (PAHA, black
squares) at pH 4.3 to 8 and in 0.01 M CaCl2. Sb(V) and humic acids were added
at the same time. The gray shading indicates the ζ-potential as of goethite in
0.01 M CaCl2. Error bars (S.E., n = 3) that are not visible are smaller than the
symbols.
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A.4 Effect of the sorption kinetics and order of humic
acid addition on Sb(V) sorption to goethite

Figure A.4: Effect of the order of Sb(V) and 1.6 mg C l−1 PAHA addition at pH 7
in 0.01 M CaCl2: Sb(V) and PAHA were either added at the same time, or
PAHA was added after 24 hours of equilibration between Sb(V) and goethite, or
Sb(V) was added after 24 hours of equilibration between PAHA and goethite;
(a) sorption isothems and (b) effect of extended equilibration time in order to
test the stability of the sorption complexes. Error bars (S.E., n = 3) that are not
visible are smaller than the symbols.

Figure A.5: Sorption kinetics of (a) Sb(V) and (b) PAHA to goethite at pH 7 in
0.01 M CaCl2. Error bars (S.E., n = 3) that are not visible are smaller than the
symbols.
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B.1 Binding of Sb(III) to glass surfaces

In order to incubate the soil with rotational shaking (8 rpm, INFORS incubator)
under completely airtight conditions, the use of glass bottles was indispensable.
As Sb was reported to adhere to the inner surfaces of glass components (Nash
et al., 2000), a pre-experiment with Sb(III) in standard solutions (5 - 30µg l−1)
at a similar pH and ionic strength as in the incubation experiments was per-
formed to assess the amount of Sb(III) losses. Since only 2.0 - 6.7% of Sb(III)
was found to be bound to the serum bottles, losses of Sb(III) due to adsorption
to glass were considered negligible.

B.2 Processing of Sb K-edge XANES spectra

For linear combination fitting (LCF), X-ray absorption near edge spectroscopy
(XANES) spectra of the following potentially relevant Sb species were collected:
Sb2O3 (Fluka, Switzerland), metallic Sb (Alfa Aesar, Germany) and KSb(OH)6

(Merck, Germany). X-ray amorphous Ca antimonate (Ca[Sb(OH)6]2) was pre-
cipitated from a supersaturated solution as described by Diemar et al. (2009).
Goethite, used as a common and representative ferric (hydr)oxide in temperate
climates, was synthesized according to Schwertmann and Cornell (2000) and
verified by X-ray diffractometry (Bruker, AXS D8 Advance). For the prepa-
ration of Sb adsorbed to goethite (hereafter referred to as Sb(V)-goethite and
Sb(III)-goethite, respectively), goethite was allowed to equilibrate with a solu-
tion containing either 4 mg l−1 Sb(III) or Sb(V) under oxygen-free and ambient
conditions, respectively, centrifuged, decanted and then freeze-dried under Ar.
Sample preparation of the reduced soil and Sb(III)-goethite was performed in
the glove box.

Extraction of normalized XANES spectra from the raw data and linear
combination fitting (LCF) was performed using the software code Athena (Ravel
and Newville, 2005). The soil spectra of the initial and reduced soil sample
represent the average of six scans. The edge energy E0 was defined as the
inflection point of the main absorption edge and determined as 30.495.1 keV for
the initial soil and 30.492.1 keV for the reduced soil sample. Normalized XANES
spectra were obtained by subtracting a first-order polynomial fit to the pre-edge
region (approximately -90 to -30 eV relative to E0) and subsequently dividing
by a second-order polynomial fit to the post-edge region.

Normalized XANES spectra of the reference compounds revealed an absorp-
tion edge shift to lower energy with decreasing oxidation state (Figure 4a in the
manuscript). The position of E0 and other features around the absorption edge
of the initial soil sample were similar to that of Sb(V) bound to goethite, while
the spectrum of the reduced soil after 64 days’ incubation with lactate qualita-
tively resembled that of Sb(III) bound to goethite. Linear combination fitting
of soil XANES spectra was carried out over the energy range -30 to 100 eV rel-
ative to E0. For LCF of XANES spectra, each fitted fraction was constrained
between 0 and 1, and the sum of all fractions was not forced to sum up to 1.
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B.3 Microcosm batch experiment

B.3.1 Sterilized control microcosms

The sterilized control microcosms were prepared in duplicate by addition N2-
purged and autoclaved solutions (with and without lactate) to 5 g of gamma-
sterilized (25-75 kGy) soil in oxygen-free sealed bottles using a laminar flow
hood. The controls were incubated anaerobically, and treated in the same man-
ner as the non-sterile microcosms. Soil sterility was checked on growth media
plates inoculated with sterilized soil solution recovered from four randomly-
selected microcosms. The bacterial plates demonstrated a zero count.

Figure B.1: Concentrations of dissolved (a) Sb, (b) Mn, (c) redox potential (Eh), and
(d) pH in the control microcosms during incubation under anaerobic conditions.
Open symbols refer to lactate-amended microcosms and closed symbols to un-
amended microcosms. Antimony was exclusively present as Sb(V), and Fe(II)
concentrations remained below the detection limit of 0.2 mg l−1 . Error bars are
the standard deviation of duplicate microcosms.
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B.3.2 Unamended and lactate-amended microcosms: dissolved
organic carbon, sulfate, nitrate and phosphate

Subsamples for nitrate (NO−
3 ), sulfate (SO2−

4 ), and phosphate (PO3−
4 ) measure-

ments were stored at -20 ◦C until analysis and determined by ion chromatog-
raphy (Metrohm 861 Advanced Compact). Dissolved organic carbon (DOC)
was determined in acidified samples (0.02 M HCl) within 7 days after sampling
using a TOC analyzer (Shimadzu TOC-L).

Figure B.2: Concentrations of (a) nitrate (NO−3 ) (b) sulfate (SO2−
4 ), and (c) dis-

solved organic carbon (DOC) in the unamended microcosms during incubation
under anaerobic conditions and after reoxidation of some microcosms (grey shad-
ing). Phosphate (PO3−

4 ) concentrations were below the quantification limit
(0.2 mg l−1). Filled symbols refer to microcosms under anaerobic conditions,
open symbols to microcosms under aerobic conditions. Error bars are the stan-
dard deviation of triplicate microcosms.
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Figure B.3: Concentrations of (a) nitrate (NO−3 ), (b) sulfate (SO2−
4 ), and (c) dis-

solved organic carbon (DOC) in the lactate-amended microcosms during incu-
bation under anaerobic conditions and after reoxidation of some microcosms
(grey shading). Phosphate (PO3−

4 ) concentrations were below the detection
limit (0.2 mg l−1). Filled symbols refer to microcosms under anaerobic condi-
tions, open symbols to microcosms under aerobic conditions. Error bars are the
standard deviation of triplicate microcosms.
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Figure B.4: Concentrations of (a) nitrate (NO−3 ), (b) sulfate (SO2−
4 ), and (c) dis-

solved organic carbon (DOC) in the gamma-radiated control microcosms during
incubation under anaerobic conditions. Open symbols refer to lactate-amended
microcosms and filled symbols to unamended microcosms. Phosphate (PO3−

4 )
concentrations were below the quantification limit (0.2 mg l−1). Error bars are
the standard deviation of duplicate microcosms.



B.4. Arsenic in the microcosms 107

B.4 Unamended and lactate-amended microcosms:
arsenic

Figure B.5: Temporal dynamics of concentrations of dissolved As in the (a) lactate-
amended microcosms and (b) in the unamended microcosms. Closed symbols
represent microcosms related to anaerobic incubation, and open symbols refer
to microcosms after reoxidation. Error bars are the standard deviation of tripli-
cates.

Figure B.6: Relationship between dissolved Sb(III) and total dissolved As in the mi-
crocosm experiment with (open symbols) and without (closed symbols) lactate.
Data points of Sb(III) concentrations below the quantification limit (0.5µg l−1)
were not considered.
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B.5 Incubation of Sb-reducing bacteria

An supplementary incubation experiment was performed to test the dependence
of Sb(V) reduction to Sb(III) under oxygen-deficient conditions on microbial
activity and the suitability of lactate as electron donor in this process.

Serum bottles containing 50 ml sterile minimal medium including lac-
tate (Table B.1) were spiked with 60 mg l−1 Sb(V) prepared from
KSb(OH)6 (Merck), inoculated at pH 7 with 2 ml oxidized soil suspension
(liquid:solid = 10:1) and incubated anaerobically for 10 days (n = 6) at 32 ◦C
with rotational shaking in the dark. Bottles serving as controls were auto-
claved twice for 20 min at 120 ◦C after inoculation and then incubated in the
same way. Antimony species were determined immediately after sampling as
described in the main paper.

Up to 99% Sb(V) (mean = 44%± 15%; n = 6) was reduced to Sb(III) within
10 days in the suspensions without sterilization. In contrast, only 13%± 2%
(n = 6) of total Sb was reduced to Sb(III) in the autoclaved suspensions, which
is most likely attributable to abiotic reduction by Fe(II). The results show that
Sb(V) reduction was primarily driven by microbial activity and that lactate
was a suitable electron donor to promote it.

Table B.1: Composition of the minimum medium used for the anaerobic incubation
experiments with nutrient solution.

Concentration
[mg l−1]

Macro nutrients

NH4Cl 300
NaCl 300
CaCl2*2H2O 110
MgCl2*6H2O 100
KH2PO4 229

Trace elements

FeCl2*2H2O 1.22
BH3O3 0.06
ZnCl2 0.07
CuSO4*5H2O 0.02
MnCl2 0.06
CoNO3*6H2O 0.15
NiSO4*7H2O 0.03
Na2WO4*2H2O 0.03
Na2MoO4 0.03
Na2SeO3 0.02

Electon donors

Yeast extract 500
Lactic acid 900
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C.1 Bromide tracer experiment

A 2 mM Bromide (Br−) solution prepared from KBr (Merck) in 15 mM
Sodium (Na) lactate (Sigma Aldrich) was applied as a step injection at the end
of the experiment. Bromide concentrations were determined in non-acidified
effluent fractions of 0.15 PV (∼11 ml) by ion chromatography with 3.2 mM
Na2CO3 / 1 mM NaHCO3 as mobile phase (Metrohm 861 Advanced Compact,
Metrosep A Supp 5 150/4 column).

Figure C.1: Conservative tracer experiment using a bromide step injection
(c0 = 2 mM Br−) at the end of the column experiment. (a) Br− concentration
in the feeding solution, (b) Br− concentration in the effluent from the three
non-sterilized soil columns, and (c) Br− concentration in the effluent from the
sterilized soil column. Bromide concentrations were determined in effluent frac-
tions of 0.15 PV (∼11 ml) by ion chromatography.
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C.2 Analysis of anions and Ca in the effluent and in
the soil solution during the flow interruption

Non-acidified subsamples for nitrate (NO−
3 ), sulfate (SO2−

4 ), and phosphate
(PO3−

4 ) measurements were stored at -20 ◦C until analysis and determined by
ion chromatography with 3.2 mM Na2CO3 / 1 mM NaHCO3 as mobile phase
(Metrohm 861 Advanced Compact, Metrosep A Supp 5 150/4 column). Cal-
cium (Ca) was measured on 0.2µm filtered (WICOM) and HNO3-acidified sam-
ples by ICP-optical emission spectroscopy (ICP-OES; Varian, Vista-MPX CCS
simultaneous).

Figure C.2: Concentration of (a) calcium (Ca), (b) nitrate (NO−3 ),and (c) sulfate
(SO2−

4 ) in the effluent from the non-sterilized (filled symbols) and sterilized soil
columns (open symbols). Phosphate (PO3−

4 ) concentrations were below the de-
tection limit (0.2 mg l−1). The gray shaded area refers to the 37-days flow inter-
ruption. Error bars are the standard error of three non-sterilized columns (often
smaller than the symbol)
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Figure C.3: Concentration of (a) calcium (Ca), (b) nitrate (NO−3 ),and (c) sulfate
(SO2−

4 ) in the soil pore water of the non-sterilized (filled symbols) and sterilized
soil columns (open symbols). Phosphate concentrations were below the detec-
tion limit (0.2 mg l−1). Error bars are the standard error of three non-sterilized
columns (often smaller than the symbol)

C.3 DOC and short chain organic acids in the effluent
and in the soil solution during the flow interruption

Acidified subsamples for lactate measurements were stored at 4 ◦C until analysis
and determined by ion chromatography with 7.5 mM Na2CO3 / 0.75 mM NaOH
as mobile phase (Metrohm 861 Advanced Compact, Dionex IonPac AS11 col-
umn). Acetate and propionate were determined by gas chromatography -mass
spectrometry (GC-MS) on a Hewlett-Packard system (model 5890 II) equipped
with a 30m x 0.25 mm i.d. capillary column (HP INNOwax; 0.25µm film thick-
ness) and a flame ionisation detector. The samples were injected using a SSl
injector in split mode (1:10) at 200 ◦C with N2 as make-up gas. The oven
temperature program was as follows: 80 ◦C (0.5 min), 80 ◦C – 150 ◦C (2.5 ◦C
min−1), 150 ◦C –180 ◦C (30 ◦C min−1), 180 ◦C (2 min). The carrier gas was
H2 (1.4 ml min−1). Dissolved organic carbon (DOC) was determined in acidi-
fied samples (10% HNO3) within 7 days after sampling using a TOC analyzer
(Shimadzu TOC-L).
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Figure C.4: Concentration of (a) total dissolved organic carbon (DOC) and (b) lactate,
(c) acetate, and (d) propionate in the effluent from the non-sterilized (filled
symbols) and sterilized soil columns. The gray shaded area refers to the 37-
days flow interruption. Error bars are the standard error of three non-sterilized
columns (often smaller than the symbol).
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Figure C.5: Concentration of (a) total dissolved organic carbon (DOC) and (b) lactate,
(c) acetate, and (d) propionate in the soil pore water during the flow interruption.
Filled symbols refer to non-sterilized and open symbols to sterilized soil columns.
Error bars are the standard error of three non-sterilized columns (often smaller
than the symbol).
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D.1 Soil characteristics
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Figure D.1: Soil characteristics at three sampling depths (top≈ 20 cm, middle≈ 37 cm,
bottom≈ 54 cm). Electrical conductivity and pH were measured in water at a
liquid-solid ratio of 5. Methods for the determination of Ca carbonate (CaCO3),
organic carbon (Corg), antimony (Sb), nickel (Ni), copper (Cu), zinc (Zn), and
lead (Pb) concentrations are given by Conesa et al. (2010). The values represent
averages of a total of 20 replicate soil samples per depth taken from all four study
lysimeters before the waterlogging treatment. Error bars represent standard
errors.
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D.2 Meteorological conditions at the lysimeter station

Figure D.2: Meteorological conditions at the lysimeter facility during the study period:
(a) Daily mean temperature (red line) as well as daily minimum and maximum
temperatures (gray lines) measured 2 m above ground; (b) daily precipitation
(blue bars) and cumulative outflow from the two control lysimeters (green lines).
Monitoring of weather conditions started in August 2011.

D.3 Soil water level variation in the waterlogging
treatment

Figure D.3: Water level in the WLT-lysimeters after water impounding started in sum-
mer 2012 (gray shading). The smoothed line is based LOESS fitting performed
on the two replicates (span = 0.03) and the gray envelopes represent the 95%
confidence intervals. The upper dashed gray line indicates the water level that
triggered opening of the discharge valves (30 cm below surface), while the lower
dashed line denotes the level when they were closed (∼50 cm below surface).
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D.4 Sb, Ca, and DOC in the leachate of the control
lysimeters

Figure D.4: Relationship between total Sb and (a) DOC or (b) Ca in leachate samples
from the control lysimeters taken from July 2012 until September 2013 (gray
shading in Figure 5.2).
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D.5 Variation of soil solution composition over time
and depth

Figure D.5: Concentrations of dissolved (a-c) total Sb, (d-f) DOC, (g-i) Ca, (k-m)
nitrate (NO−3 ), and (n-p) sulphate (SO2−

4 ) in the soil solutions of the control
lysimeters (open symbols) and of the WLT-lysimeters (closed symbols) during
the waterlogging treatment (gray shading in Figure 5.2) at 20 cm, 37 cm and
54 cm depth. Points give average values from a total of 6 sampling locations.
Error bars represent standard errors.
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Figure D.6: Relationship between total Sb and (a) DOC as well as (b) Ca in
soil solution samples taken from July 2012 to September 2013 at different
depths (white symbols = 20 cm depth, gray symbols = 37 cm depth, black sym-
bols = 54 cm depth) in the control lysimeters.
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