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 Two stonecutters were asked

what they were doing.

One stonecutter said:

"I am cutting this stone into blocks."

The second man replied:

"I prefer to see myself as part of a team 

that is building a cathedral."

 

(Adapted from an

advertisement of the city of Zurich.)



  

 
 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

Cover Design: 

Front: Riparian floodplain of the river Mulde near Muldenstein, Saxony-Anhalt, Germany. 

Back: (center) Solid copper(0) transforming into hollow copper sulfide colloids. 

(top left) Instrumentation at ANKA, Angströmquelle Karlsruhe GmbH. 

(top center) Soil profile of a gleyic Fluvisol sampled at the river Mulde. 

(top right) Setup for porewater sampling hosted in anoxic glovebox. 

(bottom left) Mine drainge contaminating the river Mulde near Freiberg, Saxony. 

(bottom center) Redoximorphic features within the soil profile of the gleyic Fluvisol. 

(bottom right) Microcosm setup equipped with open-pore suction cup. 
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SUMMARY 

In many river basins, floodplain soils have accumulated a legacy of river-borne 

contaminants, which pose a threat for the floodplain ecosystem and for downstream 

river and groundwater quality. This thesis elucidates the key biogeochemical 

processes that control the speciation and mobility of multiple metal contaminants 

(copper, cadmium, lead, zinc, and nickel) in a floodplain soil during periods of 

flooding. Compared with well-drained oxic soil, contaminant mobility may either be 

enhanced or reduced when flooding limits O2 supply and thereby causes bacterial 

communities to respire alternative electron acceptors, such as iron(III) and sulfate. 

Under sulfate-reducing conditions, precipitation of metal sulfide minerals was 

previously thought to effectively sequester and immobilize contaminants in the soil. 

This thesis investigated the opposite hypothesis that metal sulfide precipitation can 

generate submicrometer metal sulfide colloids in the porewater and that sorption of 

contaminants to such mobile colloids can drastically enhance contaminant mobility. 

To study colloid formation processes, the flooding of a contaminated soil sampled in 

a floodplain of the river Mulde (Germany) was simulated in microcosm experiments 

over a seven-week period. The microcosm setup allowed to characterize 

contaminant speciation and partitioning within the dissolved phase, the colloidal 

phase, and the soil matrix by a suite of methods, including wet-chemical analyses, 

sequential extractions, transmission electron microscopy (TEM), and synchrotron-

based X-ray absorption fine structure (XAFS) spectroscopy. 

The experiments revealed that the interaction of four processes controlled 

multi-contaminant dynamics in the flooded soil: (a) Competitive sorption, 

(b) biomineralization of metallic copper(0), (c) competitive metal sulfide precipitation, 

and (d) colloid formation and deposition. Competitive sorption caused the release of 

several contaminants in dissolved form, a process that was ultimately driven by 

reductive dissolution of iron(III) and manganese(IV,III) (hydr)oxides. Copper was 

hardly mobilized in dissolved form, because copper was readily sequestered into 

newly formed copper(0) crystals. With the onset of sulfate reduction, metal sulfide 

precipitation sequestered substantial amounts of copper, cadmium, and lead, and 

thereby controlled their dissolved concentrations to below detection limits. Even 

though all sulfate in the soil was reduced, the limited amount of available sulfate in 
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the freshwater floodplain soil prevented the sequestration of zinc and nickel into 

metal sulfide phases. Hence, dissolved zinc and nickel persisted at micromolar 

concentrations in the porewater. The observation which contaminants were 

sequestered (and which were not) can be explained by the increasing solubility of the 

respective metal sulfides and additional kinetic effects of metal sulfide precipitation. 

Despite their sequestration, copper, cadmium, and lead were nevertheless 

mobilized in the flooded soil by colloid-driven processes. Before the onset of sulfate 

reduction, suspended bacteria mobilized copper by inducing biomineralization of 

<70-nm copper(0) colloids. Upon sulfate reduction, cadmium and lead were 

mobilized by formation of two types of cadmium- and lead-containing copper sulfide 

colloids: (a) bacteria-associated ~50-150 nm-diameter hollow particles, and 

(b) freely dispersed <50 nm-nanoparticles. The slow deposition kinetics of both types 

of metal sulfide colloids caused elevated contaminant concentrations in the 

porewater for weeks. Only after colloids have deposited to the soil matrix after 

prolonged flooding did metal sulfide formation indeed restrict the mobility of these 

contaminants. 

This thesis clearly demonstrates that floodplain soils can act as an important 

source of metal contaminants during periods of flooding, releasing contaminants both 

in dissolved and in colloidal form. The formation of sulfide colloids was identified as a 

novel process that can cause the mobilization of metal contaminants previously 

thought to be immobile in sulfidic environments. The identified processes need to be 

considered in the risk assessment of contaminated floodplain soils, also with respect 

to current plans to re-expand floodplains for flood control and river revitalization. 
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ZUSAMMENFASSUNG 

Auenböden sind in vielen Flusseinzugsgebieten durch fluviatile Schadstoffe 

belastet, die eine Gefahr für das Auenökosystem und für die Qualität von Fluss- und 

Grundwasser darstellen. Die vorliegende Doktorarbeit untersucht die biogeo-

chemischen Prozesse, die die Speziierung und Mobilität verschiedener Schwer-

metallschadstoffe (Kupfer, Kadmium, Blei, Zink und Nickel) in Auenböden während 

einer Überflutungsphase kontrollieren. Im Vergleich mit gut drainierten Böden kann 

die Schadstoffmobilität bei der Überflutung zu- oder abnehmen, wenn Bakterien 

wegen verminderter O2 Verfügbarkeit mit der Veratmung alternativer Elektronen-

akzeptoren (wie zum Beispiel Eisen(III) und Sulfat) beginnen. Bisher ging man davon 

aus, dass durch die Ausfällung von schwerlöslichen Metallsulfid-Mineralphasen unter 

Sulfat-reduzierenden Bedingungen alle mitgefällten Schadstoffe im Boden wirksam 

immobilisiert werden. In dieser Doktorarbeit wurde dagegen die Hypothese 

untersucht, dass sich bei der Ausfällung submikrometer-kleine Metallsulfid-Kolloide 

im Porenwasser bilden könnten, die als mobile Träger von Schadstoffen eine 

unerwartete Schadstoffmobilisierung in sulfidischen Böden verursachen könnten. Um 

die Bildung von Kolloiden zu untersuchen, wurde in Mikrokosmen die siebenwöchige 

Überflutung eines Bodens simuliert, der in einer belasteten Aue der Mulde in 

Sachsen-Anhalt (Deutschland) beprobt wurde. Die Experimente ermöglichten die 

Speziierung und Verteilung der Schadstoffe in der Lösungsphase, in der kolloidalen 

Phase und in der Bodenmatrix zu bestimmen, wofür eine Reihe verschiedener 

Methoden (nasschemische Analysen, sequentielle Extraktionen, Transmissions-

elektronenmikroskopie und Synchrotron-basierte Röntgenabsorptionsspektroskopie) 

zur Anwendung kam. 

Die Experimente zeigten, dass die Interaktion von vier Prozessen die 

Schadstoffdynamik im überfluteten Boden bestimmte: (a) Kompetitive Sorption, 

(b) Biomineralisierung von metallischem Kupfer(0), (c) kompetitive Ausfällung von 

Metallsulfiden, und (d) Bildung und Deposition von Kolloiden. Durch kompetitive 

Sorption wurden mehrere Schadstoffe in gelöster Form mobilisiert, ein Prozess, der 

letztendlich durch die reduktive Auflösung von Eisen(III)- und Mangan(IV,III)-

(Hydr)oxiden hervorgerufen wurde. Kupfer wurde dagegen kaum in gelöster Form 

mobilisiert, weil Kupfer durch die Bildung von metallischem Kupfer(0) im reduzierten 
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Boden festgelegt wurde. Mit Einsetzen der Sulfat-Reduktion wurden Kupfer, 

Kadmium und Blei durch die Ausfällung von Metallsulfiden festgelegt, so dass die 

Lösungskonzentrationen dieser Schadstoffe unter die Nachweisgrenze abfielen. 

Obwohl das gesamte Sulfat im Boden reduziert wurde, war die verfügbare 

Sulfatmenge in dem Auenboden für die Festlegung von Zink und Nickel in Sulfid-

phasen nicht ausreichend, so dass die gelösten Zink- und Nickel-Konzentrationen im 

mikromolaren Bereich verblieben. Welche Schadstoffe in Sulfidphasen festgelegt 

wurden (und welche nicht) lässt sich im Wesentlichen mit der zunehmenden 

Löslichkeit der jeweiligen Metallsulfide und darüber hinaus mit kinetischen Effekten 

bei der Sulfid-Ausfällung erklären. 

Trotz der Bildung von Sulfidphasen wurden Kupfer, Kadmium und Blei im 

überfluteten Boden durch kolloidale Prozesse mobilisiert. Im Porenwasser 

suspendierte Bakterien mobilisierten Kupfer, indem sie durch Biomineralisation 

<70 nm-kleine Kupfer(0)-Kolloide bildeten. Kadmium und Blei wurden nach Einsetzen 

der Sulfat-Reduktion durch Bildung von kadmium- und bleihaltigen Kupfersulfid-

Kolloiden mobilisiert, die in zwei unterschiedlichen Morphologien beobachtet wurden: 

(i) ~50-150 nm-große Hohlpartikel, die angelagert an Bakterien auftraten, und 

(ii) <50 nm-kleine Nanopartikel, die frei im Porenwasser suspendiert waren. Die 

langsame Deposition der Metallsulfid-Kolloide an die Bodenmatrix verursachte über 

Wochen hinweg erhöhte Schadstoffkonzentrationen im Porenwasser. Erst mit 

fortschreitender Deposition der Kolloide führte die Metallsulfid-Ausfällung tatsächlich 

zu einer verminderten Schadstoffmobilität. 

Die vorliegende Doktorarbeit zeigt eindeutig, dass überflutete Auenböden eine 

Quelle für Schwermetalle sowohl in gelöster wie auch in kolloidaler Form darstellen 

können. Mit der Bildung von Sulfid-Kolloiden wurde ein neuartiger Prozess entdeckt, 

der zu einer Mobilisierung von Schadstoffen führen kann, die bisher in sulfidischen 

Böden als immobil galten. Die identifizierten Prozesse müssen in die Risiko-

beurteilung von belasteten Auenböden einbezogen werden, gerade auch im Hinblick 

auf Pläne, gegenwärtig eingedeichte Auen wieder vermehrt als Überflutungsflächen 

für den Hochwasserschutz und die Renaturierung von Flüssen zu nutzen. 
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1. INTRODUCTION 

1.1 Riparian Floodplains 
Riparian floodplains are sensitive ecosystems that develop in dynamic 

interaction with the adjacent river and underlying groundwater (Friese et al., 2000). 

In longitudinal direction, the river transports dissolved and suspended matter towards 

the ocean. In lateral direction, the river seasonally deposits and redistributes 

sediments and nutrients in its floodplain during periods of overbank flooding. 

Depending on the hydrological conditions, the river can replenish connected ground-

water aquifers or contribute to floodplain drainage. Meandering across its floodplain, 

the river can migrate from one river bed to another, creating a heterogeneous relief of 

isolated channels, bayous, and oxbow lakes. This micro-relief provides a variety of 

habitats ranging from freshly deposited sediments colonized by pioneer vegetation 

over periodically flooded meadows to uphill hardwood forests that are submerged 

only intermittently. The spatio-temporal gradient in soil moisture content, sediment 

input, and nutrient availability renders riparian floodplains one of the most diverse 

and biologically productive ecosystems (Tockner and Stanford, 2002). 

On a global scale, riparian floodplains cover an estimated 0.8 million km2 or 

~1% of the land surface (Aselmann and Crutzen, 1989; Mitsch and Gosselink, 2007). 

About 10% of this floodplain area are in temperate climates, whereas the largest 

floodplains occur in tropical regions (e.g., the Amazon and Orinoco floodplains; 

Mitsch and Gosselink, 2007). The uncertainty inherent in the area estimate is rooted 

in the lack of common criteria to delineate riparian floodplains from the surrounding 

uphill landscape. Common criteria used are based on hydrology (e.g., area inundated 

by a 100-year flood), geomorphology (e.g., area covered by recent alluvial deposits) 

or ecology (e.g., area colonized by organisms adapted to periodic flooding; Tockner 

and Stanford, 2002). Recognizing the intrinsic value of riparian floodplains, but also 

their alarming rate of degradation, certain floodplains were placed under protection of 

national law and/or international initiatives. The International Convention on 

Wetlands, signed in Ramsar (Iran) in 1971, provides a framework for national action 

and international cooperation for the conservation and wise use of wetlands 

(RAMSAR, 2008), listing several riparian floodplains of international importance, such 

as the Delta del Ebro (Spain) and the Elbauen (Germany). Several riparian 



 

2 

floodplains are also biosphere reserves within the UNESCO program "Men and 

Biosphere", including the Danube Delta and the Flusslandschaft Elbe (UNESCO, 

2008). Fig. 1-1 gives an impression of a riparian floodplain within a nature reserve at 

the river Mulde in Saxony-Anhalt (Germany), where soil samples were collected for 

this Ph.D. project. 

Riparian floodplain soils develop from holocene fluvial deposits under the 

influence of seasonal flooding and fluctuating groundwater levels. The deposits within 

the floodplain are commonly sorted in lateral direction to the river, with clay-sized 

particles depositing only in low-flow areas at the floodplain fringes, while coarser 

particles deposit even in high-flow areas adjacent to the river channel. Hence, the 

substrate for soil development can vary greatly in texture and composition, and 

layered substrates and buried soil horizons are common. According to the World 

Reference Base of Soil Resources (WRB), soils having "(1) fluvic material [i.e., 

fluviatile, marine and lacustrine sediments that receive fresh material at regular 

intervals or have received it in the recent past] starting within 25 cm of the soil 

Fig. 1-1: Riparian floodplain along the river Mulde near Muldenstein (Germany). 
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surface or starting immediately below a plough 

layer of any depth and continuing to a depth of 

50 cm or more, and (2) not having layers with 

andic and vitric properties" (WRB, 2006) are 

classified as Fluvisols. 

In floodplains with a high groundwater table, 

Fluvisols are often associated with gleyic 

properties, defined as "having within 100 cm of 

the mineral soil surface in some parts reducing 

conditions and in 25 percent or more of the soil 

volume a gleyic colour pattern" (WRB, 2006). 

The differentiation between Fluvisols and 

Gleysols is based on the WRB convention that 

special soil parent material (i.e., fluvic material) 

is of overriding importance for defining the 

reference soil group (i.e., Fluvisol), which is then 

further characterized by prefix qualifiers (gleyic 

Fluvisol). In the German nomenclature (Arbeits-

gruppe Boden, 2005), these soils belong to the 

division of Semiterrestrische Böden. However, 

the differentiation in the classes Auenböden and 

Gleye is defined differently to the WRB 

classification. Only if groundwater-affected 

horizons (i.e., aGo or aGw horizons) are absent 

within 40 cm below ground surface, the soil is 

classified as Auenboden, else it is classified as 

Gley, subtype Auengley. Therefore, certain soil 

profiles (such as the example from the Mulde 

floodplain shown in Fig. 1-2) belong to the soil 

reference group Fluvisol in the WRB (2006), but 

belong to the class Gley in the German soil 

classification. 

Fig. 1-2: Soil profile of a gleyic 
Fluvisol or Auengley
sampled at the river 
Mulde. Soil horizons are 
labeled according to the 
German nomenclature. 
Each segment of the 
scale bar is 10 cm. 
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Degradation of Riparian Floodplains 

For centuries, floodplain soils were reclaimed for agriculture and urban 

development by construction of levees, dikes, and drainage systems. By these 

measures, floodplains were hydraulically isolated from the adjacent river and soils 

that previously remained water-saturated became well-aerated during most of the 

year. Concurrently, the river flow was often regulated by dams, barrages, and 

groynes for flood control, river navigation, and hydropower conversion. By reducing 

the frequency and/or duration of flooding events, sediment and nutrient inputs from 

the river are severely limited, but decomposition of organic matter in the now oxic 

soils can intermittently still provide high nutrient availability. Even where floodplains 

were not used for agriculture, the change in hydraulics and nutrient availability made 

floodplain ecosystems vulnerable to the invasion of alien species not adapted to 

periodic flooding. Overall estimates suggest that more than 90% of the original 

floodplains in Europe are severely degraded (Tockner and Stanford, 2002). 

In many industrialized catchments, riparian floodplains have furthermore 

accumulated a legacy of river-borne organic and inorganic contaminants, which were 

released upstream by mining, industrial, agricultural, or municipal sources. 

Information on the extent of floodplain contamination is limited on a global scale, but 

detailed studies exist for single river basins (e.g., Hudson-Edwards et al., 1996; 

Wallschläger et al., 1998; Brandt, 2003; Hochella et al., 2005; Klemm et al, 2005; 

Schröder et al, 2008). An example mapping the accumulation of cadmium in topsoil 

along the river Mulde in Saxony, Germany, is shown in Fig. 1-3. The bioavailability 

and mobility of the accumulated contaminants are a concern for the floodplain 

ecosystem and for downstream surface- and groundwater quality. 

Major flooding events in recent years, and concerns that climate change can 

further enhance flooding frequency and severity, has stimulated plans that call for the 

re-expansion of floodplains to serve as flood control storage area. Precautionary 

landscape planning aims to mitigate flooding events by "giving more space to the 

river". However, relatively few and small projects have yet been realized (Moss and 

Monstadt, 2008). In this context, designated river floodplains would become more 

frequently flooded, that have previously remained under oxic conditions. Thus, it is of 

high priority to understand the biogeochemical processes controlling the mobility of 

accumulated contaminants in such floodplain soils during periods of flooding. 
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1.2 Biogeochemistry of Temporarily Flooded Soils 
Molecular oxygen diffuses about 104 times slower in water than in air 

(Ponnamperuma, 1972). Hence, O2 diffusion from the atmosphere into the soil is 

severely constrained when soil pores are filled with water. The aerobic respiration of 

soil organisms can then deplete the dissolved O2 much more quickly than it is 

replenished by slow diffusion through the waterlogged pore space. After O2 has been 

consumed, facultative and/or obligate anaerobic bacteria populations couple the 

oxidation of organic substrates to the reduction of alternative terminal electron 

acceptors (TEAs), such as nitrate, Mn(IV), Fe(III), sulfate, or reduced organic 

compounds (fermentation). The term "soil reduction" refers to the overall process of 

Fig. 1-3: Distribution map of the cadmium content in top soil of Saxony, Germany.
The map indicates that Cd released by mining in the Erzgebirge (central part of 
the of the map) was transported along the river Mulde and polluted floodplains in 
the Northwest of the state of Saxony (and further downstream in Saxony-Anhalt).
Map courtesy of G. Rank, Sächsisches Landesamt für Umwelt und Geologie 
(Rank and Kardel, 2007) and adapted for readability. 



 

6 

anaerobic respiration and the subsequent accumulation of reduced inorganic species 

in the soil (Ponnamperuma, 1972). 

The respiration of the inorganic TEAs basically follows the sequence from 

nitrate to Mn(IV) to Fe(III) to sulfate, as predicted by the decreasing free energy yield 

obtained from their reduction (Ponnamperuma, 1972; Patrick and Jugsujinda, 1992). 

However, various factors can interfere with this thermodynamically predicted 

sequence, such as the availability of easily degradable organic substrates, the 

abundance of the bacterial community, and competition with fermenting bacteria. In 

particular, Fe(III) and sulfate respiration were often found to occur rather parallel than 

sequential, which has been attributed to the formation of distinct microniches, within 

which sulfate-reducing bacteria (SRB) generate more strongly reducing conditions 

than in the bulk soil (Kirk, 2004). SRB can reside in microniches because they rely on 

soluble sulfate and organic substrate for respiration, which is constantly replenished 

by diffusion to the microniche. In contrast, Fe(III)-reducing bacteria are faced with 

transferring electrons to essentially insoluble Fe(III) minerals, which they accomplish 

by maintaining contact to the Fe(III) phase or by using specialized pathways for 

electron transfer, such as nanowires or electron shuttles.  

In terms of transferred electrons, Fe(III) is often the dominant electron acceptor 

of anaerobic microbial respiration in flooded soils (Yao et al., 1999). Because Fe(III) 

respiration consumes protons, the pH of acidic soils increases during flooding. In 

contrast, accumulation of CO2 and precipitation of carbonate phases leads to a pH 

decrease in alkaline soils during flooding. Therefore, the pH of flooded soils tends to 

converge towards circumneutral values (Reddy and DeLaune, 2008).  

Soil reduction affects the speciation and mobility of contaminants by a variety 

of direct and indirect processes. The identification of these processes has been an 

active research field over the past decades (Ponnamperuma, 1972, Gambrell, 1994; 

Kirk, 2004; Du Laing et al., 2008; Reddy and DeLaune, 2008). Known processes 

include changes in contaminant redox speciation (e.g., reduction of As(V) to As(III); 

Masscheleyn et al., 1991), the effect of pH changes on contaminant sorption 

behavior (Grybos et al., 2007), reductive dissolution of sorbent phases (e.g., Fe(III) 

(hydr)oxides; Zachara et al., 2001), and contaminant sequestration into de novo 

formed solid phases such as metal sulfide minerals, a process which is discussed in 

the following sections. 
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1.3 Bacterial Sulfate Respiration 
In the absence of enzymes and other catalysts, the abiotic reaction of sulfate 

with organic compounds is kinetically inhibited at ambient temperature (Trudinger et 

al., 1985). SRB gain energy for cell synthesis and growth by coupling the oxidation of 

organic compounds or molecular hydrogen to the reduction of sulfate to sulfide. This 

process is termed "dissimilatory sulfate reduction" for differentiation to the 

"assimilatory sulfate reduction", which is widespread in prokaryotes and plants to 

form comparably small amounts of reduced sulfur compounds (such as cysteine) for 

biosynthesis. Bacteria capable of dissimilatory sulfate reduction fall into three major 

branches (Rabus et al., 2006): (1) the δ-subclass of the Gram-negative Proteo-

bacteria with more than 25 genera; (2) the Gram-positive spore-forming bacteria with 

the genera Desulfotomaculum and Desulfosporosinus; and (3) branches formed by 

the thermophilic Thermodesulfobacterium and Thermodesulfovibrio. SRB occur in a 

variety of habitats, including low-sulfate freshwater and high-sulfate seawater 

environments. In temporarily flooded soils, spore-forming genera often dominate the 

SRB population, because these bacteria can survive long oxic periods as spores that 

germinate to form vegetative cells upon flooding and soil reduction (Widdel, 1988). 

Because SRB can generally not use high-molecular weight organic 

compounds, they have to compete for low-molecular weight organic substrates 

excreted by fermenting bacteria. SRB can use molecular hydrogen or a variety of 

mono- and dicarboxylic aliphatic acids (e.g., lactate, acetate), alcohols (e.g., ethanol), 

and even polar aromatic compounds as electron donors (Postgate, 1984). Many 

species of SRB are capable of the complete oxidation of organic substrates to CO2, 

whereas others lack the capability of acetyl-CoA oxidation and thus release acetate 

as end product of organic substrate oxidation (Ehrlich, 2002). For catabolism, SRB 

take up both the organic substrate and sulfate into the cell, and all enzymatic steps 

occur in the cytoplasm or at the inner side of the cytoplasmic membrane (Rabus et 

al., 2006). In freshwater environments with low sulfate availability, sulfate uptake is 

coupled to proton or sodium uptake, which allows for a sulfate accumulation in the 

cell by a factor of 103 to 104 compared to the ambient sulfate concentration (Rabus et 

al., 2006). In marine environments having high sulfate concentrations, sulfate uptake 

is driven solely by the diffusion gradient across the cell membrane. This explains why 

similar overall sulfate reduction rates were found in both freshwater and marine 
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environments (Pallud and Van Cappellen, 2006). In the cytoplasm, different 

pathways are involved in electron donor oxidation. Acetate, for example, is oxidized 

to CO2 through a modified citric acid cycle. Electrons are passed over a series of 

enzymes to terminally reduce sulfate to sulfide in a multi-step reduction pathway. 

Sulfate is first activated by ATP sulfurylase to form adenosine-5'-phosphosulfate 

(APS), which is subsequently reduced by APS reductase in a 2-electron transfer step 

to form sulfite (SO3
2-). The exact mechanism of the further reduction of sulfite to 

bisulfide is in dispute, but may involve the sequential reduction in three 2-electron 

transfer steps forming trithionate (S3O6
2-) and thiosulfate (S2O3

2-) as intermediates, or 

may involve a direct 6-electron transfer step to form H2S (Rabus et al., 2006). The 

formed H2S is subsequently released from the cell into the surrounding porewater. 

The released H2S is highly reactive in the porewater, potentially acting as 

reducing agent of oxidized compounds such Fe(III) (hydr)oxides or forming sparingly 

soluble metal sulfide precipitates. The formation of sparingly soluble metal sulfides 

makes SRB also relatively resistant to toxic metal ions in contaminated environments 

(Postgate, 1984). In fact, SRB are often found encrusted in copper sulfide 

precipitates when grown in copper-rich growth medium (Baas Becking and Moore, 

1961; Beveridge et al., 1983; Jalali and Baldwin, 2000; Gramp et al., 2006; 

Karnachuk et al., 2008). 

1.4 Sequestration of Contaminants in Metal Sulfide Phases 
According to the nomenclature of the International Union of Pure and Applied 

Chemistry (IUPAC), a class B metal ion is a "metal ion that combines preferentially 

with ligands containing ligating atoms other than the lightest of their Periodic Group" 

(IUPAC, 1997). These metal cations (including Hg2+, Ag+, Cu+, Cd2+, Pb2+, and Zn2+) 

have 10 or 12 outer shell electrons, relatively low electronegativity, and relatively high 

polarizability (Stumm and Morgan, 1996). Related to the term class B metal ions, the 

term "chalcophile elements" refers to those metals and non-metals that have a high 

affinity for binding to sulfur and a relatively low affinity for binding to oxygen. 

According to the classification proposed by V. M. Goldschmidt (Goldschmidt, 1954), 

chalcophile elements include Hg, Ag, Cu, Cd, Pb, Zn, and As, whereas Ni and Fe are 

considered siderophile elements based on their tendency to associate with metallic 

iron in the Earth's core. In this thesis, the term "chalcophile elements" is used in a 
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broader sense that includes Ni and Fe based on the low solubility of NixS and FexS 

precipitates formed in sulfidic near-surface environments (Ferris et al., 1987; Rickard 

and Morse, 2005; Rickard and Luther, 2007). 

The sequestration of chalcophile contaminants to metal sulfide phases has 

been frequently observed to control contaminant speciation and mobility in a variety 

of sulfidic environments. Direct evidence has been reported with respect to marine 

and estuary sediments (e.g., Luther et al., 1980; Huerta-Diaz and Morse, 1992; 

Parkman et al., 1996; Morse and Luther, 1999; O'Day et al., 2000), salt marshes 

(Boulegue et al., 1982), ponds and mining tunnels (Labrenz et al, 2000; Martin et al., 

2003), and freshwater lake sediments (Huerta-Diaz et al., 1998). In analogy, metal 

sulfide precipitation has also been demonstrated (or suggested) to be operational in 

temporarily flooded soils (Brennan and Lindsay, 1996; Barnett et al., 1997; Reynolds 

et al., 1999; Bostick et al., 2001; Poot et al., 2007). Moreover, stimulation of sulfate-

reducing conditions to foster metal sulfide precipitation has been tested for in situ 

remediation of contaminated aquifers (Benner et al., 1999; Janssen and Temming-

hoff, 2004). The term "contaminant sequestration in metal sulfide phases" is used 

here to broadly refer to the partitioning of contaminants to sulfide phases, which may 

involve either the formation of distinct contaminant metal sulfide precipitates or 

contaminant sorption to other, potentially more abundant metal sulfide phases. 

Copper Sulfide Precipitation 

The recent advances in the understanding of the precipitation of distinct 

contaminant metal sulfide minerals are summarized here with respect to covellite 

(CuS). Covellite is a copper(I) disulfide (Cu(I)S(I)) that contains layers of trigonally 

coordinated Cu atoms sandwiched between layers of tetrahedrally coordinated Cu 

atoms. These units are stacked on top of each other joined by disulfide bonds 

(Pattrick et al., 1997). To form covellite, the reaction of aqueous Cu(II) with HS- thus 

involves the reduction of Cu(II) and oxidation of S(-II). Luther et al. (2002) showed 

that the reaction proceeds via the formation of aqueous six-membered Cu3S3 rings, 

which then form larger aqueous clusters and finally condense to solid covellite. At 

ambient temperature, the reaction of Cu(II) with HS- initially produces a primitive 

structured CuxS phase, which subsequently ages to an evolved phase and finally to 

crystalline covellite (Pattrick et al., 1997). 
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Contaminant Sorption to Metal Sulfide Phases 

Sorption to metal sulfide phases has been studied mostly regarding 

mackinawite (FexS), pyrite (FeS2), or galena (PbS), as reviewed by Rosso and 

Vaughan (2006). Metal sorption can involve a number of different processes: Metals 

can sorb as an outer-sphere or inner-sphere complex to the metal sulfide surface. 

Metals can replace ions at the surface in a metal exchange reaction forming a 

surface precipitate or diffuse deeply into the solid forming a solid-solution. At least for 

the relatively soluble mackinawite, the sorption behavior differs whether the sorbing 

metal forms sulfide phases more soluble or less soluble than mackinawite (Morse 

and Arakaki, 1993). Whereas more soluble metals may adsorb to the surface, less 

soluble metals may form surface precipitates or solid-solutions. For Cd2+ and Cu2+, 

which form sulfide minerals orders of magnitude less soluble than mackinawite, 

Parkman et al. (1999) observed that the sorption of these metals caused the 

transformation of mackinawite to a cadmium sulfide and a chalcopyrite-like phase, 

respectively. Simpson et al. (2000) also observed displacement of Fe atoms from 

FexS-containing estuary sediments during titration with an anoxic Zn2+, Cd2+, or Cu2+ 

solution. Such displacement reactions have been suggested to be important for 

mediating metal toxicity in contaminated sediments, which were found to be not toxic 

to organisms as long as sufficient amounts of mackinawite (or acid volatile sulfide in 

general) are present to sequester and immobilize toxic metals in the sediment 

(Di Toro et al., 1992). 

1.5 Colloid-Facilitated Transport of Contaminants 
The term 'colloidal' refers to "… molecules and polymolecular particles 

dispersed in a medium [that] have at least in one direction a dimension roughly 

between 1 nm and 1 μm …" (IUPAC, 1997). Soil scientists have studied the 

properties and transport behavior of soil colloids with respect to pedogenic processes 

for more than a century (Ehrenberg, 1915). Since the early 1980s, researchers have 

investigated the potential role of colloids in contaminant transport, suspecting that 

partitioning of poorly soluble contaminants to mobile subsurface colloids can 

drastically enhance contaminant mobility in soils, sediments, and aquifers (Horzempa 

and Helz, 1979; McCarthy and Zachara, 1989; Buffle and van Leeuwen, 1992; Ryan 

and Elimelech, 1996; Kretzschmar et al., 1999; Kretzschmar and Schäfer, 2005; 
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Wilkinson and Lead, 2007; Hassellöv and von der Kammer, 2008). Colloid-facilitated 

contaminant transport is the term commonly used to refer to this transport pathway. 

For assessing the importance of different colloids in contaminant transport, it has 

been suggested to replace the size-centered IUPAC definition by a definition 

centered on contaminant partitioning. Gustafsson and Gschwend (1997) have 

proposed to define an "aquatic colloid as any constituent that provides a molecular 

milieu into and onto which chemicals can escape from the aqueous solution, and 

whose movement is not significantly affected by gravitational settling". In this 

definition, colloids are intermediate between truly dissolved species on one side and 

large and/or dense particles subject to gravitational settling on the other. Such a 

colloid definition comprises humic substances, mineral particles, micelles, bacterial 

cell walls, and whole bacterial cells. Some examples for colloids sorbing Cu and/or 

phenanthrene are shown in Fig. 1-4. In practice, colloids are often operationally 

defined by filtration, comprising particles that pass a large (e.g., 1 μm) but are 

retained by a small (e.g., 0.1 μm) filter cut-off (Buffle et al., 1992). 

In soils and sediments, porewater colloids can form via dispersion of clay-sized 

soil/sediment constituents (e.g., Grolimund et al., 1996), via de novo formation by 

chemical reactions (e.g., Gschwend and Reynolds, 1987), or via infiltration from 

above-ground sources. Reliable sampling of porewater colloids is a major challenge 

in field studies, because pumping can unintentionally disperse clay-sized soil/ 

sediment constituents, and thereby easily mask the genuine porewater composition 

(Backhus et al., 1993; McCarthy and Degueldre, 1993). In that respect, Honeyman 

(1999) has cited an anonymous reviewer that the "problem developing in the 

literature with colloids is that they are blamed and claimed for everything that can't be 

explained". In general, four key conditions must be fulfilled for colloid-facilitated 

transport to become relevant for contaminant migration (Kretzschmar et al., 1999): 

(1) Genuine colloidal particles must be present in sufficient concentrations; (2) the 

contaminants must sorb strongly to the colloidal particles and desorb only slowly; 

(3) the particles and associated pollutants must be transported over significant 

distances through less contaminated zones; and (4) the concentrations of 

contaminants transported via colloids must exceed the tolerable limits. 
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Fig. 1-4: Examples of dissolved, colloidal, and gravitoidal soil constituents that can 
affect the porewater speciation and mobility of copper and/or 
phenanthrene. From Gustafsson and Gschwend (1997). 
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Colloid-Facilitated Transport in Oxic Subsurface Environments 

At present, most of the scarce field evidence for colloid-facilitated contaminant 

transport has been reported regarding oxic soils and sediments. For example, 

Kersting et al. (1999) have analyzed groundwater collected downstream of a nuclear 

test site in Nevada, USA. In the well water, the measured Pu was mainly within the 

7-nm to 1-μm size fraction, likely associated with clay and zeolite colloids. Since the 

Pu isotopic signature demonstrated that the Pu originated from a test site 1.3 km 

upstream, Kersting et al. (1999) argued that only colloid-facilitated transport could 

explain this long-distance migration of such a poorly soluble contaminant as Pu(V) 

(solubility 10-8 M) and Pu(IV) (solubility <10-12 M). Similarly, Novikov et al. (2006) 

suggested that spherical <100-nm Fe(III) (hydr)oxide colloids have transported 

substantial amounts of Pu and U within a suboxic aquifer away from a Russian 

nuclear waste reprocessing plant at an apparent velocity of ~70 m/a. 

The factors that govern colloid mobility in the subsurface have been studied in 

packed soil/sediment column experiments (e.g., Kretzschmar and Sticher, 1997). 

These studies suggest that colloid mobility is governed by colloid deposition to the 

soil matrix, which is a two-step process involving (1) the transport of the colloid to the 

soil matrix by Brownian diffusion, and (2) attachment of the colloid to the soil matrix 

(Kretzschmar et al., 1999). Whereas the first step depends primarily on physical 

properties of the colloid, the second step depends on interparticle forces between 

colloids and the soil matrix, including long-range electrostatic forces, short-range 

van-der-Waal forces, steric repulsion, and hydration forces (Kretzschmar et al., 

1999). The electric double layer forces, and the surface charge of both colloids and 

the soil matrix, are strongly affected by the solution properties, especially pH, ionic 

strength, and the presence of adsorbing species. Therefore, colloid mobility was 

found to be enhanced at pH conditions, at which colloids and soil matrix bear similar 

charge, at low ionic strength, and when colloids are stabilized by adsorption of 

organic matter (Kretzschmar and Sticher, 1997). 

Colloid-Facilitated Transport in Reduced Subsurface Environments 

Compared to oxic environments, the role of colloid-facilitated transport in 

reduced soils and sediments has hardly been studied. Gschwend and Reynolds 

(1987) identified monodisperse ~100 nm-diameter Fe(II) phosphate colloids 
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downstream of a wastewater infiltration plant in Massachusetts, USA. They argued 

that the degradable organic matter in the wastewater has caused microbial reduction 

of Fe(III) (hydr)oxides in the sediment and that the released Fe(II) reacted with 

phosphate derived from the wastewater to form the observed colloids in the 

porewater. At another field site, Ryan and Gschwend (1990 and 1992) found high 

concentrations of clay colloids in an anoxic groundwater well downstream of a 

swamp, while the upstream oxic groundwater had no colloids. They suggested that 

clay minerals cemented to the sediment matrix by Fe(III) (hydr)oxides were mobilized 

when Fe(III) (hydr)oxides reductively dissolved, a process they termed colloid 

"decementation". However, they could not confirm this process in a later laboratory 

column study (Ryan and Gschwend, 1994). Studying colloid release from Hawaiian 

soil over several redox cycles in slurry experiments, Thompson et al. (2006) 

suggested that the pH increase caused by the reductive dissolution of Fe(III) 

(hydr)oxides, rather than decementation, was responsible for the mobilization of clay 

colloids under reducing conditions. 

Formation and Stability of Metal Sulfide Colloids 

In laboratory experiments, mixing a sodium sulfide solution into a dilute 

chalcophile metal-containing solution results in a suspension of finely dispersed 

metal sulfide precipitates, which are colloidally stable for periods of time before 

precipitates coagulate and settle (Horzempa and Helz, 1979; Sugimoto et al., 1998; 

Lau and Hsu-Kim, 2008). The colloidal stability of such metal sulfide suspensions has 

led researches to hypothesize that metal sulfide precipitation in sulfate-reducing soils 

and sediments can produce metal sulfide colloids in the porewater, which might be 

temporarily stable against aggregation and deposition, accumulate chalcophile metal 

contaminants, and enhance contaminant mobility by colloid-facilitated transport 

(Horzempa and Helz, 1979; Gammons and Frandsen, 2001; Moreau et al., 2004; Lau 

and Hsu-Kim, 2008). However, direct evidence that demonstrates the formation and 

stability of metal sulfide colloids in porewater and their role in enhancing contaminant 

mobility in the subsurface was yet elusive, prior to this Thesis. 

Electrophoretic mobility measurements of crushed metal sulfide minerals 

suggested that most, if not all, metal sulfides have an isoelectric point pHi.e.p. < 4 in 

aqueous suspension (Bebie et al., 1998). The isoelectric point of copper sulfide 
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minerals has not yet been determined, but the electrophoretic mobility of poorly 

crystalline CuxS has been measured to -30 mV at pH 8.5 - 9.0 (Krznarić et al., 2008). 

In a few instances, inconsistent values for the isoelectric point (or the point of zero 

charge) of metal sulfide minerals have been reported, such as pH ~7.5 for disordered 

mackinawite (Wolthers et al., 2005). This discrepancy is possibly related to the 

nanocrystalline nature of disordered mackinawite or to partial surface oxidation. In 

addition, sorption of metal cations to the surface of metal sulfides can drastically 

affect the isoelectric point, potentially leading to surface charge neutralization or even 

charge reversal at circumneutral pH (Nicolau and Menard, 1992; Bebie et al., 1998). 

The colloidal stability of metal sulfide precipitates in aqueous suspension has 

been studied in batch experiments. Horzempa and Helz (1979) studied the 

coagulation of CuxS precipitates in different electrolyte solutions. They found that the 

critical coagulation concentration (CCC), determined in this study by the minimum 

cation concentration at which CuxS colloids were removed by filtration, was inversely 

related to roughly the sixth power of the valence of the electrolyte cation, following 

the Schulze-Hardy rule. Since the presence of only 0.3 mM Ca2+ caused coagulation, 

Horzempa and Helz (1979) concluded that electrostatic stabilization of CuxS colloids 

is ineffective in nature, because divalent cation concentrations even in freshwater 

environments typically exceed this CCC. However, they also observed that dissolved 

organic carbon (DOC) can stabilize CuxS particles, likely by a combination of adding 

negative charge to the particle surface, steric repulsion, surface hydrophilization, and 

chelation of porewater cations (Horzempa and Helz, 1979). In the presence of 5 mg/L 

DOC, CuxS colloids were stable at millimolar Ca2+ concentration. Lau and Hsu-Kim 

(2008) have shown in light scattering experiments that thiol-containing ligands are 

especially effective in lowering the growth rate of ZnS nanoparticles. Similar 

processes have also been proposed to occur at the O2/H2S interface of lakes and 

estuaries, where downward diffusion of metals and upward diffusion of sulfide leads 

to metal sulfide precipitation in the water column (Jacobs et al., 1985; Davison et al., 

1992; Taillefert et al., 2000; Webb et al., 2000; Hamilton-Taylor et al., 2005). The 

formed particles may be colloidally stable for periods of time but finally coagulate and 

sink, thereby transporting sorbed metals downwards to the sediments. 
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1.6 Objective and Approach of this Thesis 
The objective of this thesis was to elucidate the processes that control the 

dynamics and mobility of multiple metal contaminants (Cu, Cd, Pb, Zn, and Ni) during 

flooding of contaminated floodplain soil. In particular, the hypothesis was investigated 

that the formation of metal sulfide colloids in the porewater can result in the 

mobilization of chalcophile metal contaminants during flooding, thereby counteracting 

the sequestration and immobilization of contaminants in stationary metal sulfide 

minerals. To study colloid formation processes, soil flooding was simulated in 

microcosm experiments that allowed monitoring the dynamics and partitioning of 

contaminants between the dissolved phase, the colloidal phase, and the soil matrix 

under replicate conditions. The developed porewater sampling technique enabled to 

strictly exclude O2 while sampling porewater suspension via suction cups for 

dissolved- and colloidal-phase characterization. Colloids were characterized by a 

suite of methods including transmission electron microscopy (TEM), Cu K-edge X-ray 

absorption near-edge structure (XANES) and extended X-ray absorption fine 

structure (EXAFS) spectroscopy, and by filtration and wet-chemical analyses. From 

replicate microcosms, soil samples were recovered for monitoring concurrent 

changes in soil metal speciation by sequential metal extractions, acid volatile sulfide 

(AVS) and chromous reducible sulfur (CRS) distillation, as well as Cu K-edge and Mn 

K-edge XANES and EXAFS spectroscopy. 



 17 

2. MATERIAL AND METHODS OF THE MICROCOSM EXPERIMENTS 

A revised version of this chapter has been published in the Supplementary Information to: 

Weber F.-A., Voegelin A., Kaegi R. and Kretzschmar R. (2009) Contaminant mobilization by 

metallic copper and metal sulphide colloids in flooded soil. Nature Geosci. 2, 267-271.  

 

2.1 Soil Sampling and Field Site Description 
Topsoil (0-15 cm) was collected in January 2004 in a floodplain of the river 

Mulde at 51º39’25.1”N, 012º19’49.4”E near Muldenstein (Saxony-Anhalt, Germany). 

In most years, the floodplain gets flooded for periods of days to weeks. A centennial 

flood occurred in summer 2002 (Geller et al., 2004). The soil profile sampled is 

classified as a gleyic Fluvisol according to the World Reference Base for Soil 

Resources (WRB, 2006). A gleyic color pattern was visible within the profile, which 

was oxic down to at least 150 cm (profile depth) at the time of sampling. The 

hydrological regime in the region has frequently been altered over the last century by 

open-pit coal mining, relocation of the river bed, and construction of weirs and dams. 

The floodplain was intermittently used for agriculture but is now a nature reserve. 

Contamination originates mainly from erosion and weathering of mine tailings 

~150 km upstream in the Erzgebirge (Ore Mountains), where sulfide ores have been 

mined for Ag, Pb, Zn, and As since the Middle Ages (Geller et al., 2004; Klemm et 

al., 2005). Our sampling site lies on Transect I of a detailed monitoring campaign that 

documented widespread soil, porewater, and groundwater contamination along the 

river (Brandt, 2003). 

2.2 Soil Characterization 
The sampled soil was air-dried, mixed, passed through a 2 mm-sieve, and 

stored in plastic containers. Soil samples were characterized using standard 

methods. Total element concentrations were determined by energy-dispersive X-ray 

fluorescence spectrometry (X-Lab 2000; Spectro, Germany). Carbon and nitrogen 

contents were measured using a CHNS Analyzer (CHNS-932; LECO, USA). The 

effective cation exchange capacity (ECEC) was determined by soil extraction as the 

sum of cations displaced by an unbuffered 0.1 M BaCl2 solution (Hendershot and 
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Duquette, 1986). Soil aggregates larger than 200 µm were collected by dry sieving 

and used for microcosm experiments, thereby excluding finer aggregates produced 

by drying and sieving. The collected aggregate fraction comprised 79% of the soil 

mass, and element contents agreed generally within 3% to those measured for the 

unsieved soil. The water content of the air-dried soil was 6.5% based on heating to 

105°C for 2 days. Results of soil characterization are reported relative to this oven-

dry soil mass (Table 2-1). 

2.3 Microcosm Experiments 
Microcosms (polyethylene (PE) bottles; Metrohm, Switzerland) were equipped 

with a porous suction cup (PE granulates sintered to yield a nominal pore size of 

10-16 µm; suction cup of 0.7 cm-diameter and 4 cm-active length was glued onto 

fluorinated ethylene propylene (FEP) tubing; total dead volume <1.5 mL; EcoTech, 

Germany) and connected to a Teflon shut-off valve. The properties of the suction cup 

have been thoroughly tested with respect to metal sorption ( Rais et al., 2006; authors 

have used a suction cup with an additional nylon membrane wrapped around the 

sintered PE body) and its performance was found superior to other materials. 

 Synthetic river water was prepared based on the concentrations of major ions 

measured in the Mulde river water during the flood in spring 1998 (Brandt, 2003). 

Analytical-grade CaSO4•2H2O, NaCl, Mg(NO3)2•6H2O salts (Merck, Germany) were 

dissolved in 0.2 µm-filtered, aerated 18 MΩ×cm water (MQ water; Milli-Q® Element; 

Millipore, USA) to yield 0.6 mM CaSO4, 0.6 mM NaCl, and 0.3 mM Mg(NO3)2. For 

each microcosm, 450 g soil (on air-dry basis) was allowed to equilibrate with 

1500 mL of the aerated synthetic river water by shaking suspensions end-over-end 

for 2 h under air. The suspension was centrifuged at 600 g for 15 min. The 

supernatant was decanted, filtered, and analyzed as described below, using the 

dissolved contaminant concentrations measured in the supernatant as reference for 

the oxic soil. The soil paste recovered after centrifugation was directly transferred 

into a microcosm and submerged with additional 500 mL of the synthetic river water, 

starting the experiment. After half a day, 10 mL of porewater was withdrawn from the 

suction cup at 0.4 mL/min to exchange its dead volume. The resulting microcosm 

geometry was a water-saturated soil layer (height ~9 cm; soil-to-water ratio 1.0 kg/L; 

total porosity 0.7) submerged under a ~6 cm-supernatant water phase (Fig. 2-1). The 
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suction cup was mounted horizontally ~3.5 cm below the soil-supernatant interface. 

The headspace was open to the atmosphere via a 4 mm-borehole in the cap. Series 

of individual microcosms were incubated in the dark for variable duration ranging 

from 1 to 52 days at typically 23ºC (short-term extremes were 21ºC and 26ºC). 

Evaporation was found negligible based on changes in chloride concentration and 

microcosm weight. Light microscope-inspection of sectioned suction cups gave no 

indications for biofilm development on the PE granulates during soil incubation. 

2.4 Sampling and Porewater Handling 
A sampling procedure was developed that allowed to withdraw reduced 

porewater from a microcosm without entraining stationary soil grains or creating 

oxidation artifacts, both known to mask the genuine colloid composition (Backhus et 

al., 1993). Porewater suspension was withdrawn by connecting the suction cup 

directly (FEP tubing, dead volume <1 mL) to a syringe-drive-operated single-use 

plastic syringe hosted under high-purity N2 atmosphere in a steel glovebox 

(pO2 <1 ppm; M. Braun, Germany). A slow flow rate of 0.4 mL/min was chosen to 

minimize sheer stress on soil grains near the suction cup. After discharging the first 

6 mL of withdrawn suspension, 23 mL was sampled and mixed within the syringe. 

With this sampling volume, mobile colloids within ~2 cm of the suction cup were 

collected, assuming cylindrical attraction and homogenous porous medium. 

Table 2-1: Characterization of the floodplain soil used for microcosm experiments.a 

Soil classification: gleyic Fluvisol     
Sampled horizon: Ah (0 -15 cm)     
Texture: silt-loam      
pHCaCl2 5.5      
ECEC (mmolc/kg)  280      

Main elements 
 Fe Mn C N S P 
(g/kg soil) 46 1.0 96 7.0 2.6 3.7 
(mmol/kg soil) 830 18 7950 499 80 120 

Metal contaminants 
 Cu Cd Pb Zn Ni As 

(mg/kg soil) 279 30 409 1370 106 324 
(mmol/kg soil) 4.39 0.27 1.97 21.0 1.80 4.32 

a Reported concentrations are the mean of 4 replicate determination on soil aggregates >200 μm recovered by 

dry sieving. Concentrations are reported relative to dry soil mass. 
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All porewater handling was immediately carried out under the N2 atmosphere 

of the glovebox using pre-cleaned polypropylene labware. pH and redox potential 

(EAg/AgCl) were measured in an 1 mL-aliquot with glass electrodes (Minitrode for pH; 

Slimtrode for EAg/AgCl; Hamilton, USA). To convert from the 3 M KCl-immersed 

Ag/AgCl reference electrode to the standard hydrogen electrode (EH), 211 mV was 

added to EAg/AgCl readings. After recovering an unfiltered sample, aliquots were 

filtered through a 0.45 µm-nylon filter (Opti-Flow®; Wicom, Germany; filtration of  

5-6 mL discharging the first 1.5 mL) or through a 0.025 µm-cellulose-nitrate 

membrane (NC03; Whatman, Germany; filtration of 5-14 mL discharging the first 

2.5 mL). A slow syringe-drive-imposed flow rate of 0.2 mL/min (yielding a flow rate of 

10-3 cm/s across the membrane) was chosen based on recommendations for colloid 

size-fractionation (Buffle et al., 1992). For quantification of dissolved and colloidal 

concentrations, 2.7 mL of each the unfiltered, 0.45 µm-filtered, and 0.025 µm-filtered 

aliquot were acidified to 0.5 M HCl using analytical-grade HCl and stored at 4°C 

under air. 

Additional 5 mL of deoxygenated MQ water was filtered through the 0.025 µm 

filter membrane to remove dissolved species. The filter was then dried in the glove-

box, cut into pieces, stacked to 4-6 layers, and sandwiched between Kapton™ tape 

(3M, Germany) to increase the colloid mass in the beam for X-ray absorption fine 

Fig. 2-1: Geometry of the microcosm setup. Positions of the air-supernatant interface, 
of the supernatant-soil interface, and of the suction cup are indicated. 
Microcosms are shown (from left to right) at day 7, 12, 18, and 24 after flooding. 
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structure (XAFS) spectroscopy. Unstained whole-mount TEM specimens were 

prepared by ultracentrifugation (Mavrocordatos et al., 2007). Formvar-carbon-

reinforced 400-mesh nickel grids (SPI Supplies, USA) were adhered to silicone 

support at the bottom of HCl-washed polypropylene tubes placed in air-tight 

centrifuge vessels. The grids were covered with 1.5-3.0 mL of the unfiltered pore-

water sample. Ultracentrifugation (Centrikon T-1170; Kontron Instruments, Italy) was 

performed at 2300 g for 15 min followed by 14300 g for 60 min. All nanoparticles 

larger than 17 nm (assumed density 2 g/cm3) and all bacteria larger than 120 nm 

(assumed density 1.02 g/cm3) were expected to deposit on the grid based on the 

Stokes equation. After ultracentrifugation, grids were recovered in the glovebox and 

dipped into 0.025 µm-filtered deoxygenized MQ water for 1 min to remove dissolved 

species and prevent salt formation upon drying. A 0.025 µm-filtered porewater aliquot 

was stored in a sterile syringe in the glovebox until analysis for dissolved sulfate by 

ion chromatography with suppressed conductivity detection (Metrohm Metrosep A 

Supp 5 column). In addition, 0.025 µm-filtered aliquots were used for determination of 

dissolved organic and inorganic carbon (TOC-5000; Shimadzu, Japan) and organic 

acids (ion exclusion chromatography; Metrohm Metrosep column). 

 After porewater sampling, selected microcosms were frozen by immersion in 

liquid nitrogen. Soil was recovered by cryo-slicing the microcosm with a diamond saw 

horizontally 1.5 cm above and below the suction cup, obtaining a 3.0 cm-thick soil 

layer. This soil layer was freeze-dried and prepared as wax pellet for XANES and 

EXAFS spectroscopy. 

2.5 Inhibition of Cu(0) Biomineralization in Porewater Incubations 
Deoxygenated water was prepared by purging MQ water with 0.2 µm-filtered 

N2 gas for at least 0.5 h. All sample handling was again conducted in the glovebox, 

unless otherwise indicated. Chloramphenicol (>99%; Fluka, Switzerland), NaCl, or 

NaClO4 (both analytical-grade; Merck) were each dissolved in deoxygenated MQ 

water to yield concentrated stock solutions. Porewater suspensions withdrawn from 

four individual day-1 microcosms were combined to a single batch. Suspension 

aliquots of 8.8 mL were transferred into autoclaved glass vials and amended with 

200 µL of 0.2 µm-filtered deoxygenated MQ water (termed "initial", "control", or "air") 

or spiked with 200 or 300 µL of concentrated stock solutions to yield either 0.2 mM 
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chloramphenicol, 100 mM NaCl, or 100 mM NaClO4. Vials were capped and 

incubated anoxically for 3 days, except for the treatment "air" which was removed 

from the glovebox and continuously purged with 0.2 µm-filtered air for 3 days. The 

treatment "initial" was not incubated but directly recovered for filtration in the 

glovebox. After incubation, subsamples of each treatment were used for filtration or 

preparation of TEM specimens, following the procedures detailed above. Filtered and 

unfiltered aliquots were acidified to 0.5 M HCl and analyzed for Cu. Measured 

concentrations were mathematically corrected for the dilution caused by adding the 

spike solution. 

2.6 Quantification of Dissolved and Colloidal Concentrations 
Porewater samples were analyzed for Cu and Pb using graphite furnace 

atomic absorption spectrometry (GFAAS) with Zeeman background correction 

(AA240Z; Varian, USA; Cu with palladium and ascorbic acid modifier; Pb with 

phosphate modifier). Samples were also analyzed by inductively-coupled plasma 

optical emission spectrometry (ICP-OES; Vista MPX; Varian) for various elements 

including Cd (determined at emission line 214.439 nm), Fe (259.940 nm), Mn 

(257.610 nm), and Si (251.611 nm), as well as Cu (327.395 nm) for comparison with 

GFAAS data. Cd concentrations were linearly corrected for a minor Fe interference. 

Measurements comparing unfiltered samples with and without H2O2 digestion 

confirmed that little or no discrimination of colloidal elements occurred in nebulizer or 

plasma of the axial-viewed ICP-OES. An excellent agreement (R2 = 0.998 for 1:1 

line) of Cu measurements by ICP-OES with those by GFAAS also suggested 

quantitative colloid analyses. The colloidal (ci
colloid) and dissolved (ci

diss) 

concentrations for each element i were inferred from the concentrations measured in 

the unfiltered (ci
unf) and the 0.025 μm-filtered (ci

filt0.025) porewater aliquot according to 

 ci
colloid = ci

unf - ci
filt0.025 , 

ci
diss = ci

filt0.025 . 
(Eq. 2-1)

Unfiltered and filtered aliquots were analyzed consecutively to minimize 

instrument drift between the unfiltered and filtered aliquot. ICP-OES measurements 

of replicate (n=6) dilutions from a single batch of unfiltered porewater agreed 

satisfactory within a relative standard deviation (RSD) of 4% for CuICPOES, 5% for Cd, 
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and 1% for each Fe, Mn, and Si. The poorer RSD achieved for trace metal compared 

to macro element determination suggested that analytical precision (rather than 

precision of dilution) controlled precise colloid quantification for those elements. The 

analytical precision of the GFAAS methods was estimated by calculating the pooled 

RSD of all replicate measurements (above the limit of quantification, see below) from 

the complete data set of our microcosm experiments (n=27-38; each 3-4 replicates), 

yielding 2% for CuGFAAS and 5% for Pb. Based on those method-specific RSD (si
r), 

the analytical precision achieved for determination of colloidal concentrations 

(standard deviation si
colloid) was estimated by propagation of uncertainty according to 

 si
colloid = si

r × (ci
unf 

2 + ci
filt0.025

 2) 0.5 . (Eq. 2-2)

In later stages of the incubation, dissolved Cu, Cd, and Pb concentrations 

were generally below the limit of quantification, which was estimated by calculating 

the mean plus 10 times the standard deviation (si
blank) of replicate determination 

(n=11-17) of a blank. The standard deviation of concentrations below the limit of 

quantification was assigned 5 × si
blank, and the standard deviation of colloidal 

concentration was calculated by 

 si
colloid = [(si

r × ci
unf)2 + 25 × si

blank
 2] 0.5 . (Eq. 2-3)

2.7 Transmission Electron Microscopy 
Specimens were stored and transported under nitrogen atmosphere until they 

were quickly loaded into a low-background specimen holder under air. Specimens 

were viewed in a CM30 microscope (FEI, USA) operated with a LaB6 source at 

300 kV. Images were recorded in bright field mode using a CCD camera. Energy-

dispersive X-ray (EDX) spectroscopy (Noran System Six detector; Thermo, USA) 

was used for elemental analysis. Diffraction patterns obtained by selected area 

electron diffraction (SAED) were evaluated as radial-integrated intensity profiles 

using the circular Hough transform-determined center (Mitchell, 2008). Radial profiles 

were calibrated relative to a gold(0) standard. 
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2.8 X-ray Absorption Fine Structure Spectroscopy 
Cu K-edge X-ray absorption near-edge structure (XANES) and extended X-ray 

absorption fine structure (EXAFS) spectroscopy was performed at the XAS beamline 

at the Angströmquelle Karlsruhe (ANKA, Karlsruhe, Germany). The beamline was 

equipped with a double crystal Si(111) monochromator, which was detuned to 65% 

of the maximum intensity using a software-controlled monochromator stabilization. 

Colloid samples on the cellulose nitrate filters and soil samples prepared as wax 

pellets were stored and transported under N2 atmosphere but were measured under 

air at room temperature. Spectra of colloid and soil samples were recorded in 

fluorescence mode using a 5-element Ge solid state detector. Reference spectra 

were measured in transmission. As references, copper sulfide precipitates of evolved 

structure ("CuxSevol") were synthesized according to Pattrick et al. (1997). So-called 

"copper(II) sulfide" and "copper(I) sulfide" were purchased from Sigma-Aldrich (USA). 

By X-ray diffraction, the former was identified as covellite ("CuScov"), the latter as 

digenite with a minor fraction of chalcocite (reference termed "Cu1.8S"). Reference 

spectra of primitive CuxS ("CuxSprim"; spectrum of sample "2n - blue/black primitive" in 

Pattrick et al., 1997) and Cu(II) bound to Suwannee river natural organic matter 

("Cu(II)-SRN" in Karlsson et al., 2006) were kindly provided by Fred Mosselmans 

(Diamond Light Source, Didcot, UK) and Ulf Skyllberg (Swedish University of 

Agricultural Sciences, Umeå, Sweden), respectively. 

 For energy calibration, the first inflection in the K-edge of metallic Cu foil was 

set to 8979 eV. Data extraction and analysis was carried out using the software 

codes Athena and Artemis (Ravel and Newville, 2005). For data extraction, E0 was 

fixed to 8981 eV. Normalized XANES spectra were obtained by subtracting a first-

order polynomial fit to the pre-edge region (-70 to -20 eV) and subsequently dividing 

by a second-order polynomial fit to the post-edge region (30 to 300 eV). References 

for linear combination fitting (LCF) were selected based on spectral fingerprinting and 

TEM observations. LCF of colloid and soil spectra was generally carried out over the 

energy range -20 to 60 eV, but was narrowed when "Cu(I)-PcoC" was a LCF 

reference (see below). References were included in the fit if their fractions were 

>10% and if consistent with the corresponding EXAFS data. The background spline 

for the extraction of EXAFS data was adjusted using the Autobk algorithm 

implemented in Athena (Rbkg = 0.9, k-weight = 3, k-range 0.5-11 Å-1). Analysis by 



 25 

LCF and shell fitting was constrained to the k-range 2.5-10.5 Å-1. For Fourier-

transformation, a Kaiser-Bessel window (window parameter = 2.5) was used. The 

background-subtracted XANES spectrum of Cu(I)-PcoC was digitized from Peariso et 

al. (2003), shifted by -1.3 eV to account for differences in energy calibration, and 

normalized by setting the absorption at 8992.7 eV to unity. For direct comparison, the 

XANES spectrum of day-1 colloids was analogously normalized after subtracting a 

first-order polynomial fit to the pre-edge region (-40 to -20 eV). 
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3. CONTAMINANT MOBILIZATION BY METALLIC COPPER AND 

METAL SULFIDE COLLOIDS IN FLOODED SOIL 

A revised version of this chapter was published in Nature Geoscience on 31 March 2009: 

Weber F.-A., Voegelin A., Kaegi R. and Kretzschmar R. (2009) Contaminant mobilization by 

metallic copper and metal sulphide colloids in flooded soil. Nature Geosci. 2, 267-271. 

 

Colloid-facilitated transport has been established to enhance the mobility of 

poorly soluble contaminants in oxic environments (McCarthy and Zachara, 1989; 

Kretzschmar et al., 1999). It has been repeatedly hypothesized (Horzempa and Helz, 

1979; Gammons and Frandsen, 2001; Moreau et al., 2004; Lau and Hsu-Kim, 2008) 

that the formation of metal sulfide colloids in the porewater of sulfate-reducing soils 

and sediments may analogously facilitate the mobility of chalcophile metal 

contaminants, which were traditionally thought to become immobilized by 

sequestration in sparingly soluble metal sulfide precipitates (Kirk, 2004). However, 

direct evidence for a role of sulfide colloids in contaminant transport is still lacking. 

Here, we demonstrate that the formation of metallic copper(0) and metal sulfide 

colloids can result in mobilization of copper, cadmium, and lead during flooding of a 

contaminated floodplain soil. Using microcosm experiments, we show that 

suspended bacteria mobilize copper prior to sulfate respiration by inducing copper(0) 

biomineralization, a phenomenon which we explain by disproportionation of bacterial 

homeostasis-derived copper(I) (Rensing and Grass, 2003; Outten et al., 2001). Upon 

sulfate respiration, cadmium and lead are mobilized by formation of copper-rich 

sulfide colloids exhibiting two types of morphologies: (i) Bacteria-associated 

~50–150 nm-diameter hollow particles, which formed via copper(0) probably by 

nanoscale Kirkendall-like transformation (Yin et al., 2004), and (ii) dispersed <50 nm 

nanoparticles, which formed likely by homogeneous precipitation. The slow 

deposition kinetics of both morphologies of sulfide colloids causes elevated 

contaminant concentrations in the porewater for weeks. These observations 

challenge the common assumption that chalcophile metal contaminants are immobile 

in sulfidic environments. Our findings imply that colloid formation can enhance the 

release of these contaminants from periodically sulfate-reducing soils and sediments, 

potentially polluting surface- and groundwater downstream. 
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3.1 Introduction 
In many river basins, floodplain soils have accumulated a legacy of river-borne 

contaminants posing a concern for river and groundwater quality (Hochella et al., 

2005; Voegelin et al., 2007). Overbank flooding and fluctuating groundwater tables 

can affect contaminant mobility by constraining O2 diffusion into the soil, eventually 

causing bacterial communities to respire alternative electron acceptors such as 

Fe(III)-(hydr)oxides and sulfate (Kirk, 2004). Under sulfate-reducing conditions, 

chalcophile metal contaminants are traditionally considered to become effectively 

sequestered and immobilized in metal sulfide precipitates (Kirk, 2004). 

However, evidence demonstrating the thermodynamic and kinetic stability of 

aqueous metal (poly)sulfide complexes and polynuclear clusters suggests that 

dissolved contaminant transport can remain relevant in sulfidic environments (Luther 

and Rickard, 2005). Metal sulfide clusters are remarkably resistant to oxidation and 

contribute to contaminant transport in rivers (Rozan et al., 2000). Alternatively, 

condensation of sulfide clusters can produce nanoparticulate solids by homogeneous 

precipitation (Luther et al., 2002) or templated on bacterial membranes (Ferris et al., 

1987). Finely dispersed sulfide precipitates, generally negatively charged at pH>4 

(Bebie et al., 1998), may resist aggregation and deposition, especially when 

stabilized by humic substances (Horzempa and Helz, 1979). Such stable sulfide 

colloids could provide a mobile carrier phase enhancing the mobility of chalcophile 

contaminants by colloid-facilitated transport. Precipitates formed on bacterial 

membranes can likewise be mobile, when colloidal bacteria are transported with 

advective flow (Tufenkji, 2007). Accordingly, environmental colloids comprise various 

sorbent phases that are small enough to withstand gravitational settling, including 

mineral particles and bacterial cells (Gustafsson and Gschwend, 1997). 

Colloid-facilitated transport has hardly been studied in reduced environments 

(Gschwend and Reynolds, 1987). Settling of sulfide particles formed at the oxic-

anoxic transition of oceans and lakes has been suggested to cause vertical metal 

transport in the water body (Jacobs et al., 1985). Column studies on the dispersion of 

mercury sulfide from mine tailings imply that sulfide colloids can be mobile also in 

porous media, at least at low ionic strength (Lowry et al., 2004). However, 30 years 

after their first postulation (Horzempa and Helz, 1979), direct evidence for sulfide 

colloid formation to enhance contaminant mobility in soils and sediments is lacking. 
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3.2 Objectives and Methods 
Our objectives were to investigate the formation and stability of sulfide colloids 

during flooding of a contaminated floodplain soil, and their effect on the dynamics 

and short-range mobility of chalcophile contaminants (Cu(II/I/0), Cd(II), and Pb(II)). 

We report microcosm experiments that allowed us to strictly exclude O2 while 

sampling porewater colloids via suction cups for characterization by wet-chemical 

analyses, transmission electron microscopy (TEM), and X-ray absorption near-edge 

structure (XANES) and extended X-ray absorption fine structure (EXAFS) 

spectroscopy. Experiments were conducted with topsoil of a gleyic Fluvisol collected 

in a floodplain of the river Mulde, Germany, where seasonal flooding occurs almost 

every year. The soil (pHCaCl2 5.5; organic carbon 96 g/kg; see Table 2-1) has been 

contaminated (Cu 279; Cd 30; Pb 409; in mg/kg) by mining operated ~150 km 

upstream in the Ore Mountains since the Middle Ages. In series of independent 

microcosms, air-dried soil was flooded with synthetic river water and incubated open 

to the atmosphere at ~23ºC. Porewater sampling recovered mobile colloids within 

~2 cm around the suction cup. Colloids are operationally defined as particles passing 

the open-pore suction cup (nominal pore size 10-16 μm) but being retained by a 

0.025 μm-filter membrane. The filtrate is considered to contain only dissolved 

species. 

3.3 Results and Discussion 
Flooding induced rapid soil reduction, manifested in a drop in redox potential 

and in reductive dissolution of Fe(III)-bearing minerals (Fig. 3-1). Sulfate was 

consumed between day 4 and 10. Dissolved Cd and Pb were removed from solution 

parallel to sulfate, consistent with sequestration in metal sulfide precipitates. Cu 

sequestration was confirmed by Cu K-edge XANES spectroscopy (Fig. 3-2a), 

showing soil Cu speciation to transform from >95% Cu(II) bound to soil organic 

matter (SOM) into 56% Cu(I)-sulfide within 16 days of flooding (Fig. 3-2b). 

Formation of colloidal Cu, Cd, and Pb resulted in contaminant mobilization to 

8, 4, and 22 times their day-0 concentrations, respectively (Fig. 3-1). Colloidal Cu 

formed readily upon flooding (stage-1), and was already depleting when colloidal Cd 

and Pb formed parallel to sulfate consumption (stage-2). Only after sulfate was 

consumed, removal of colloidal Cd and Pb occurred (stage-3). The possibility that 
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colloid formation was caused by soil dispersion or oxidation artifacts during flooding 

or sampling can be excluded because colloidal Si, Mn, and Fe were low in all stages 

(see Fig. 4-5 in Chapter 4). Instead, the microscopic and spectroscopic evidence 

presented in the following paragraphs for each stage 1-3 revealed that colloids 

formed in situ during soil reduction. 

 
Fig. 3-1: Temporal dynamics of the porewater composition during flooding.

Concentrations of colloidal (open symbol) and dissolved (closed symbols) Cu, 
Cd, and Pb; EH and pH; and dissolved sulfate and Fe. Each point in time 
corresponds to a sample withdrawn from an independent microcosm. Error bars 
(1 s.d.) calculated from the achieved analytical precision are smaller than the 
symbols. Day-0 data represent filtrates of 2-hour oxic soil extracts with synthetic 
river water. Stages 1-3 reflect sulfate dynamics. 
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Fig. 3-2: Temporal evolution of Cu speciation. (a) Normalized Cu K-edge XANES 

spectra (solid lines) of filter-collected porewater colloids are compared to spectra 
of selected references, oxic soil before flooding, and flooded soil recovered from 
a 16-day microcosm. Based on spectral fingerprinting and TEM observations, 
Cu(I)-PcoC (Peariso et al., 2003) as model for Cu(I) in trigonal coordination, 
metallic Cu(0) foil, primitive CuxS precipitates (Pattrick et al., 1997), and Cu(II) 
bound to Suwannee river natural organic matter (Cu(II)-SRN; Karlsson et al., 
2006) as model for Cu(II)-SOM were selected as references for linear 
combination fitting (LCF). Fits (dotted red lines) are plotted on top of measured 
spectra. (b) Results of LCF of colloid and soil spectra. 
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At day 1, rod-shaped bacteria were the main colloids observed on TEM 

specimens (Fig. 3-3a). The XANES spectrum of day-1 colloids (Fig. 3-2a) exhibited 

the characteristic features of Cu(I) in trigonal coordination (Kau et al., 1987) and 

resembled the spectrum of Cu(I)-PcoC, a plasmid-encoded Cu resistance protein 

which accommodates Cu(I) in a trigonal thioether ligation (Peariso et al., 2003). We 

interpreted these observations such that colloidal Cu at day 1 comprised mainly Cu(I) 

in bacterial Cu trafficking and resistance proteins, some of which are known to exhibit 

trigonal thiolate or thioether ligations (Davis and O'Halloran, 2008). Such ligations are 

specific to prevent toxic side-reactions when transporting Cu to metalloenzymes or 

exporting it from the cell to maintain homeostasis in contaminated environments 

(Rensing and Grass, 2003). In laboratory cultures, Escherichia coli was found to 

express a distinct Cu(I) efflux system while accumulating up to 16 times more Cu 

under anaerobic than under aerobic growth (Outten et al, 2001), suggesting that 

reducing conditions can additionally stress bacterial Cu homeostasis. 

In stage-1, some bacteria carried ~25 nm-crystals at day 1, which apparently 

grew in size to ~60 nm at day 4 (Fig. 3-3a). The crystals were identified as metallic 

Cu(0) using selected area electron diffraction (Fig. 3-4). The XANES spectrum of 

day-4 colloids revealed that Cu(0) became the dominant colloidal Cu species 

(Fig. 3-2). Based on crystal size (volumetric mean diameter estimated by TEM: 

64 nm; n=420), assumed hemispherical shape, ~100 crystals per cell, and bulk Cu(0) 

density, we estimated 10-13 g Cu(0) per cell at day 4. Considering the day-4 Cu(0) 

concentration (Fig. 3-1 and Fig. 3-2b), this corresponds to 107 mL-1 Cu(0)-bearing 

bacteria. The growth of Cu(0) crystals, the O2-sensitivity of their formation (Fig. 3-5), 

and the absence of Cu(0) features in the XANES spectrum of the oxic soil (Fig. 3-2) 

revealed that Cu(0) formed de novo during soil reduction. 

Cu(0) biomineralization was as yet unknown on bacterial cells, but formation of 

Cu(0) nanoparticles in the vicinity of plant roots has recently been reported (Manceau 

et al., 2008). In contrast to this previous observation, the Cu(0) crystals we observed 

at day 4 were well-crystalline based on EXAFS analysis (see Fig. 4-1 in Chapter 4). 

We conducted additional experiments (Fig. 3-5) that demonstrated suspended 

bacteria to develop Cu(0) in anoxic porewater incubations even without soil 

interaction. Chloramphenicol inhibited Cu(0) formation, suggesting a bacteria-driven 

mechanism. Given the dominance of Cu(I) in trafficking and resistance proteins at 
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day 1, Cu(0) biomineralization may involve homeostasis-controlled Cu(I) efflux 

mechanisms in analogy to current hypotheses on gold(0) biomineralization (Reith et 

al., 2007). We propose that exported Cu(I) was instable in solution and 

disproportionated near the cell. In support, Cu(0) formation was inhibited when Cu(I)  

was stabilized in chloro complexes in a chloride-amended incubation, but proceeded 

in a perchlorate-amended incubation (Fig. 3-5). Cu(0) biomineralization may hence 

be a phenomenon in reduced (but sulfide-free) environments that lack sufficient 

chelators to prevent Cu(I) disproportionation. 

day 4

EDX-1

EDX-3

day 8 day 23day 1

day 15 day 31

EDX-2

a

b c

Fig. 3-3: Temporal evolution of colloid morphology and composition.
TEM micrographs of unstained colloids withdrawn from individual microcosms at 
the denoted time after flooding: (a) cell-associated and (b) freely dispersed 
colloids. Black scale bars represent 500 nm; white scale bars are 50 nm. The 
inset in the day-23 panel displays a magnification of the cell-associated hollow 
particles. (c) EDX spectra (black) obtained from the regions marked by the 
arrows are compared to corresponding background spectra (gray). 
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Fig. 3-4: SAED pattern of cell-associated biominerals at day 4. (a) Inverted SAED 

pattern obtained on selected biominerals within (b) the corresponding bright-field 
image. The black scale bar represents 500 nm. (c) Radial-integrated intensity 
profile (solid line) of the SAED pattern shown in (a) and calibrated relative to 
gold(0). Peaks in radial intensity compare well to known positions and relative 
intensities of metallic Cu(0) reflections (bars). Radial positions of Cu(0) reflections 
are also indicated in (a). 
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In stage-2 and stage-3, series of XANES spectra (Fig. 2) suggested that Cu(I)-

sulfide precipitates (CuxS) successively displaced Cu(0) as dominant colloidal Cu 

species, and no evidence for the presence of Cu(0) remained at day 32. The EXAFS 

spectrum of day-32 colloids (see Fig. 4-2 in Chapter 4) confirmed this transformation 

and suggested that the CuxS maintained a primitive structure (Pattrick et al., 1997). 

Two morphologies of Cu- and S-rich colloids were observed by TEM: (i) cell-

associated, apparently hollow ~50-150 nm-diameter particles (Fig. 3-3a) and 

(ii) freely dispersed <50 nm-nanoparticles (Fig. 3-3b). Hollow particles were first 

encountered among cell-associated Cu(0) crystals at day 8 and became more 

numerous later on. These observations implied that Cu(0) transformed into CuxS 

particles upon reaction with biogenic sulfide or other reduced sulfur species. The 

hollow morphology of these particles was probably the result of a counter-diffusion 

 
Fig. 3-5: Inhibitors of Cu(0) biomineralization. Aliquots of porewater suspension 

withdrawn from day-1 microcosms (initial) were spiked with 0.2 μm-filtered water 
(control), chloramphenicol (CAM; final concentration 0.2 mM), NaCl (100 mM), or 
NaClO4 (100 mM) to test their effect on the transformation of dissolved (light 
bars) into colloidal (dark bars) Cu over 3-day anoxic incubations. An oxic control 
was continuously purged with air. Supplementary TEM observations confirmed 
that colloidal Cu formation in the anoxic control and in the NaClO4-amended 
incubation was caused by Cu(0) biomineralization, whereas Cu(0) formation was 
inhibited in all other incubations. In the air treatment, initially colloidal Cu partially 
dissolved. An supplementary anoxic Na2MoO4-amended incubation (final
concentration 10 mM) was inconclusive, because TEM revealed the formation of 
bacteria-associated Cu-Mo-rich precipitates instead of Cu(0) crystals. 
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phenomenon known in imperfect nanocrystals as the nanoscale Kirkendall effect (Yin 

et al., 2004), which would be its first recognition in a natural system. However, our 

evidence cannot exclude alternative formation pathways. The <50 nm-nanoparticles 

(Fig. 3-3b) were found to be partially coagulated without evident relation to bacteria. 

Based on energy-dispersive X-ray (EDX) spectroscopy, these freely dispersed 

nanoparticles exhibited a lower Cu:S stoichiometry than the bacteria-associated 

hollow particles (see Fig. 4-3 and Discussion in Chapter 4.4). We suggest that the 

different stoichiometry was the result of distinct formation mechanisms: While hollow 

particles formed via Cu(0) transformation, nanoparticles formed likely by precipitation 

of aqueous precursors. 

Both morphologies of sulfide colloids contained considerable, though variable 

quantities of Cd and Pb, based on single-particle EDX analyses (Fig. 3-3c). 

Porewater concentrations (Fig. 3-1) indicated an enrichment of colloidal Cd and Pb 

relative to Cu in stage-2, until reaching a molar Cd:Pb:Cu ratio of about 1:1:8 in 

stage-3. This enrichment can be explained by sorption of Cd and Pb to CuxS 

precipitates and/or preferential formation of distinct CdS and PbS precipitates. 

Colloid size-fractionation (see Fig. 4-4 in Chapter 4) indicated that bacteria-

associated and dispersed sulfide colloids were equally important for Cd and Pb 

dynamics, as each morphology carried overall similar amounts of these contaminants 

in the stages 2 and 3. 

The observed porewater dynamics (Fig. 3-1) can plausibly be explained by 

interplay of contaminant desorption, colloid formation, and colloid deposition. In 

stage-1, the moderate increase of dissolved Cd and Pb is explained by the incipient 

reductive dissolution of Fe(III)- and Mn(IV,III)-(hydr)oxides, causing the concomitant 

mobilization of sorbed cations and/or their competitive displacement from sorption 

sites by Fe(II) and Mn(II). Considering this moderate Cd and Pb increase in stage-1, 

it appears unlikely that these processes alone can explain the concomitant 5-fold 

increase in Cu porewater concentration. We propose that Cu(0) biomineralization 

was the main process causing Cu mobilization, as it sustained a Cu diffusion gradient 

from the soil matrix to suspended bacteria, driving desorption of SOM-bound Cu(II). 

When sulfide formation constrained Cu(II) availability and stabilized Cu(I) against 

disproportionation, bacteria deposition became dominant over Cu(0) bio-

mineralization, leading to net Cu removal (stage-2). Only after sulfate was consumed, 
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formation of sulfide nanoparticles ceased and nanoparticle deposition led to net Cd 

and Pb removal (stage-3). Increasing porewater ionic strength (see Fig. 4-5 in 

Chapter 4), protein-promoted coagulation (Moreau et al., 2007), and/or bacteria 

starting to settle upon heavy biomineralization could concomitantly have accelerated 

colloid deposition kinetics. 

3.4 Conclusion 
Our findings reveal that the formation of Cu(0) and metal sulfide colloids can 

control contaminant dynamics and short-range mobility in submerged floodplain soils. 

If mobile also on the meter-scale, both bacteria-associated and freely dispersed 

colloids can greatly enhance contaminant drainage to groundwater and exfiltration to 

the river. Given the observed deposition kinetics, we expect sulfide colloids to be 

most relevant in redox-variable soils where temporal or spatial sulfide gradients 

periodically lead to colloid re-formation. Beyond floodplain soils, our findings may 

have implications for other temporarily sulfate-reducing systems ranging from 

groundwater-affected soils to constructed wetlands and in situ bioremediation of 

contaminated aquifers, where the mobility of chalcophile metal contaminants may 

likewise be enhanced by sulfide colloid-facilitated transport. 
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4. SUPPLEMENTARY DISCUSSION ON THE COMPOSITION AND 

STABILITY OF COPPER(0) AND CUXS COLLOIDS 

A revised version of this chapter has been published in the Supplementary Information to: 

Weber F.-A., Voegelin A., Kaegi R. and Kretzschmar R. (2009) Contaminant mobilization by 

metallic copper and metal sulphide colloids in flooded soil. Nature Geosci. 2, 267-271. 

 

4.1 Copper Speciation in Day-1 Colloids 
XAFS spectroscopy has previously been used to elucidate metal speciation of 

bulk bacteria samples (Webb et al., 2001). In contrast to all other colloid and soil 

samples presented in this study, the Cu speciation in day-1 colloids was altered by 

X-ray irradiation, shifting from Cu(I) to Cu(II) over repeated scans. Therefore, 

analyses were based on the XANES and short EXAFS (up to 8.5 Å-1) spectra 

obtained from 3 rapid scans measured at different locations on the filter sample. 

Comparison of the short EXAFS spectrum with reference spectra suggested that Cu 

was coordinated to S and possibly N/O (data now shown). The spectrum did 

furthermore indicate that Cu(0) was not a dominant colloidal Cu species at day 1. 

The XANES spectrum of day-1 colloids resembled the spectrum of Cu(I)-PcoC 

(Peariso et al., 2003), suggesting Cu(I) to occur in a trigonal coordination based on 

the position and height of the pre-edge feature at 8984 eV (Kau et al., 1987). In 

contrast to the day-1 colloid spectrum, preliminary LCF of the XANES spectra 

acquired on day>4 colloids (as well as oxic and flooded soil samples) indicated that 

Cu(I)-PcoC was not required for describing these spectra. 

4.2 Copper Speciation in Day-4 Colloids 
The EXAFS spectra of the day-4 colloids, Cu(0), and CuxSprim exhibited 

isosbestic behavior (Fig. 4-1). LCF confirmed that the EXAFS spectrum of day-4 

colloids was well described by 67% Cu(0) and 27% CuxSprim, in agreement with 71% 

Cu(0) and 29% CuxSprim obtained from LCF of the XANES spectrum. Comparing the 

imaginary part of the Fourier transform of the day-4 colloid spectrum to the scaled 

LCF contributions from Cu(0) and CuxSprim (Fig. 4-1) showed that the contribution 

from Cu(0) also explained the signal arising from more distant Cu-Cu shells in Cu(0) 
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(R-range 3-6 Å). This close match revealed that the Cu(0) crystals at day 4 were not 

nano-crystalline, in contrast to Cu(0) identified in the vicinity of plant roots (Manceau 

et al., 2008). 

4.3 Copper Speciation in Day-32 Colloids 
In Fig. 4-2, the XANES and EXAFS spectra of day-32 colloids are compared to 

selected copper sulfide reference spectra. The XANES spectrum resembled the 

CuxSprim in terms of overall shape. Also the EXAFS provided no evidence for the 

presence of metallic Cu(0), suggesting that its transformation into copper sulfide was 

nearly complete at day 32. The EXAFS was analyzed with respect to first-shell Cu-S 

coordination and distance (Table 4-1). From amorphous CuxSprim over CuxSevol to 

crystalline CuScov, the reference samples exhibit a systematic decrease in average 

Cu-S coordination number and distance. In agreement with the Cu coordination in 

digenite and chalcocite (Pattrick et al., 1997), the reference Cu1.8S had a higher Cu-S 

distance and lower coordination number than CuScov. Compared to these references, 

the day-32 colloids exhibited a local Cu coordination intermediate between CuxSprim 

 
Fig. 4-1: EXAFS analysis of day-4 colloids. (a) EXAFS spectra of day-4 colloids, metallic 

Cu(0) and CuxSprim are isosbestic. (b) Imaginary part of the Fourier-transformed 
spectra of day-4 colloids and scaled contributions of Cu(0) and CuxSprim to the 
linear combination fit. 
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and CuxSevol, with the Cu-S distance more closely matching the CuxSprim reference 

(Table 4-1). The transition from CuxSprim to CuxSevol was reflected in the appearance 

of a peak in the Fourier-transform magnitude at ~3.2 Å (Fig. 4-2) attributed to 

increasing backscattering from second-shell Cu and S (Pattrick et al., 1997). Also 

Fig. 4-2: XAFS analysis of day-32 colloids. (a) XANES, (b) EXAFS, and (c) Fourier-
transformed EXAFS spectra of the day-32 colloid sample compared to selected 
copper sulfide reference spectra. 

Table 4-1: Results of first-shell fitsa of the EXAFS spectrum of day-32 colloids 
compared to fits of selected copper sulfide references. 

Sample CNb,c σ2c Rc R 
  (Å2) (Å) (%) 

Colloid day-32 4.5 0.009 2.29 2.4 
CuxSprim 5.2 0.009 2.30 3.1 
CuxSevol 4.5 0.009 2.27 1.4 
CuScov 3.67 0.009 2.26 1.3 
Cu1.8S 3.0 0.010 2.30 2.2 

a  Fits over R-range 0.9-2.5 Å with theoretical Cu-S single scattering path calculated from the covellite structure 

(Fjellvåg et al., 1988; 4-fold coordinated Cu site) using Feff 8.2 (Ankudinov et al., 1998). 
b  For CuScov, the coordination number (CN) was fixed to the crystallographic value (3.67) and the energy shift 

(∆E0=8.3±1.5 eV) and amplitude reduction factor (S0
2=0.62±0.08) were fitted. For the other spectra, ∆E0 and 

S0
2 were fixed to the values of CuScov, and the CN were fitted. 

c  Uncertainty is ±1 for CN, ±0.002 Å2 for σ2, and ±0.01 Å for R. 
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with respect to this spectral feature, the day-32 colloids more closely resembled 

CuxSprim than CuxSevol. The persistence of mostly primitive CuxS in the colloidal 

fraction of the soil solution over weeks of flooding suggested that transformation to 

evolved CuxS or covellite was hindered. This might be due to very low O2 availability 

(Silvester et al., 1991), sorption of Cd and Pb, and/or adsorption of organic 

molecules. Note that the XAFS analyses reveal average properties of the bulk colloid 

sample and therefore do not indicate potential differences between bacteria-

associated and freely dispersed CuxS colloids. 

4.4 Relative Composition of CuxS Colloids Based on 
Single-Particle Analyses 
 EDX spectra of cell-associated hollow particles and freely dispersed 

nanoparticles were evaluated after subtracting a nearby-acquired background 

spectrum to correct for contribution from associated bacteria and organic matter. To 

account for the variability in single colloid composition, average spectra (Fig. 4-3) 

were calculated from 7-8 background-subtracted spectra acquired on different 

specimens. Peak intensities were evaluated relative to the S-Kα fluorescence 

intensity. Freely dispersed nanoparticles produced a lower Cu-Kα/S-Kα ratio than 

 
Fig. 4-3: Average EDX spectra of bacteria-associated hollow particles and freely 

dispersed nanoparticles. Average spectra were calculated by adding up 7-8 
background-corrected spectra, each acquired on different specimens. The scales 
of vertical axes were chosen so that the S-Kα peak heights of both spectra match.
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bacteria-associated hollow particles (0.6 ± 0.2 versus 1.2 ± 0.5; mean ± s.d. 

calculated from 7-8 individual spectra). The finding held also for the Cu-Lα/S-Kα ratio 

(0.8 ± 0.2 versus 1.3 ± 0.4), excluding preferential absorption of low-energy 

fluorescence in larger particles to deteriorate the ratios. The similar Pb-Lα/S-Kα ratio 

of both spectra excluded unilateral contamination of S-Kα by Pb-Mα fluorescence. 

Considering that no remains of Cu(0) was detected by XANES and EXAFS analyses 

at day 32 (Fig. 4-2), we concluded that bacteria-associated hollow particles exhibited 

a Cu-richer CuxS stoichiometry than the freely dispersed nanoparticles. Furthermore, 

the similar Pb-Lα/S-Kα ratio of both spectra (Fig. 4-3) suggested a similar average Pb 

content in both types of colloids, consistent with wet-chemical analyses (see below). 

Differences in relative Cd-Lα intensity were likely due to low EDX count rates. 

4.5 Average Colloid Composition Based on 
Colloid Size-Fractionation 
The importance of bacteria-associated relative to freely dispersed colloids was 

further studied by colloid size-fractionation, discriminating bacteria from freely 

dispersed nanoparticles by an intermediate 0.45 µm-filter cut-off. Size-fractionation of 

polydisperse colloids has to be applied with care to avoid artifacts (Buffle et al., 

1992). A slow filter flow rate of 10-3 cm/s across the membrane was chosen to permit 

back-diffusion of small colloids minimizing concentration polarization-induced 

aggregation in front of the membrane (Buffle et al., 1992). Considering 107 mL-1 

cylindrical cells (2.5 µm in length and 0.5 µm in diameter), the 0.45 µm filter was 

covered to <25%. Only at day 1, Cu concentrations measured in 0.45 µm-filtered 

aliquots were repeatedly lower than in the corresponding 0.025 µm-filtered aliquots, 

indicating that a minor Cu fraction sorbed to the 0.45 µm filter. Thus, the calculated 

concentrations for large and small colloids (Fig. 4-4) were considered upper 

estimates for cell-associated colloids and lower estimates for freely dispersed 

colloids, respectively. Nevertheless, the data indicated that bacteria controlled Cu 

dynamics in stage-2, whereas bacteria-associated and freely dispersed colloids were 

equally relevant for controlling Cd and Pb dynamics in the stages 2 and 3. 
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Fig. 4-4: Colloid size-fractionation by filtration. (a) "Large colloids" represents the 
difference in metal concentration between the unfiltered and 0.45 µm-filtered porewater 
aliquot. (b) "Small colloids" represents the difference in metal concentration between the 
0.45 µm- and 0.025 µm-filtered aliquots. (c) "Colloidal contaminants" stands for the sum of 
colloidal Cu, Cd, and Pb concentrations. "Cd+Pb content" is the sum of colloidal Cd and Pb, 
divided by colloidal contaminants for large and small colloids, respectively. Error bars (1 s.d.) 
are calculated by error propagation from the achieved analytical precision, and are shown 
when larger than the symbol. Lines are meant to guide the eye and represent first-order 
kinetics of the form y = y0 + A × exp ((t0 – t) / τ½) with t0 = 4 d, fitted to colloid data for t ≥ 4 d, 
where y0, A, and τ½ are fitting parameters. The best fit gave an apparent half-life τ½ of 3 d for 
large colloids and 19 d for small colloids (and an overall half-life of 4 d for the sum of large 
and small colloids). Stages 1-3 reflect sulfate dynamics. 
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4.6 Effect of Porewater Ionic Strength on Colloid Stability 
In laboratory studies, electrostatic stabilization has been documented to 

control the coagulation of negatively-charged CuxS particles (Horzempa and Helz, 

1979; Krznarić et al., 2008). The critical coagulation concentrations was found to 

increase from <1 mM divalent cations in the absence of humic substances to tens of 

millimolar concentrations in the presence of humic substances, which can stabilize 

colloids sterically, by hydrophilization, and by complexation of counterions 

(Horzempa and Helz, 1979). To assess the importance of electrostatic colloid 

stabilization in our experiments, we used the software code Visual MINTEQ with its 

database Thermo (Gustafsson, 2007) to estimate the changes of porewater ionic 

strength during soil reduction. Input parameters were the measured pH and dissolved 

concentrations of major cations (Ca, Mg, Fe, Mn, Al, Na, K, NH4), inorganic anions 

(chloride, nitrate, phosphate, sulfate, carbonate, silicate), and organic acids (acetate, 

propionate, n-butylate, iso-butylate). The Davies equation was used to estimate 

activity coefficients. The Fe redox speciation was calculated from the measured EH. 

The unidentified dissolved organic carbon (total organic carbon measured in a 0.025 

µm-filtered sample after subtracting the organic carbon arising from the determined 

organic acids) was assigned to 70% to the generic fulvic acid described by the NICA-

Donnan model incorporated in Visual MINTEQ. With this approach, ionic strength 

was calculated to increase from 6 to 43 mM over soil reduction (Fig. 4-5). Varying the 

fraction assigned to generic fulvic acid to 100% or 0% (grey shaded area in Fig. 4-5) 

did not alter the finding that ionic strength increased by a factor of 7 over soil 

reduction. Thus, the electrostatic stabilization of sulfide colloids decreased over soil 

reduction, likely accelerating colloid deposition as soil reduction proceeded. 
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Fig. 4-5: Temporal dynamics of the porewater composition during flooding. 
Dissolved (closed symbols) and colloidal (open symbols) Si, Mn, and Fe 
concentrations, compared to calculated porewater ionic strength. Inlets zoom in 
on colloidal concentrations. Error bars (1 s.d.) are calculated by propagation of 
uncertainty arising from the achieved analytical precision. Day-0 data represent 
filtrates of 2-hour oxic soil extracts with synthetic river water. Ionic strength was 
calculated by the porewater speciation model Visual MINTEQ using the built-in 
NICA-Donnan model for metal sorption to generic fulvic acid. The grey shaded 
area reflects the model sensitivity to varying assumptions on the nature of the 
unidentified organic carbon as outlined in the text. 
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5. MULTI-METAL CONTAMINANT DYNAMICS IN TEMPORARILY 

FLOODED SOIL UNDER SULFATE LIMITATION 

This chapter is submitted for publication in Geochim. Cosmochim. Acta: 

Weber F.-A., Voegelin A. and Kretzschmar R. Multi-Metal Contaminant Dynamics in 

Temporarily Flooded Soil under Sulfate Limitation (submitted). 

 Abstract 
Riparian floodplain soils are often polluted with a variety of metal 

contaminants, which might be released during periods of flooding. When soil flooding 

induces sulfate-reducing conditions, formation of sparingly soluble metal sulfide 

precipitates can control the mobility and bioavailability of chalcophile metal 

contaminants. The moderate sulfate availability in freshwater floodplain soils may, 

however, limit the extent of metal sulfide formation, complicating the prediction of 

controlling processes in multi-contaminant systems. We investigated the dynamics of 

copper, cadmium, lead, zinc, and nickel in a contaminated floodplain soil under a 

realistic sulfate-limited flooding regime in microcosm experiments. We found that 

most contaminants were initially mobilized by competitive sorption of Fe(II) and Mn(II) 

and by concomitant release with dissolved organic matter. Competition for sorption 

sites was subsequently alleviated by an increase of the effective cation exchange 

capacity. During sulfate respiration, the available sulfate in the soil (~2.3 mmol/kg) 

was transformed into chromous reducible sulfide (CRS), whereas soil organic matter 

(SOM) mineralization was an insignificant source of sulfide within 7 weeks of 

flooding. Cu K-edge X-ray absorption fine structure (XAFS) spectroscopy revealed 

that the soil Cu speciation transformed from dominantly SOM-bound Cu(II) 

intermittently to 17% metallic Cu(0) and subsequently to 66% copper sulfide (CuxS). 

These CuxS precipitates accounted for most of the formed CRS, demonstrating that 

CuxS was the dominant sulfide phase formed in the flooded soil. Sequential 

extractions, in agreement with CRS results, suggested that, in addition to Cu, easily 

mobilizable Cd was completely and Pb was partially sequestered in sulfide 

precipitates, controlling their dissolved concentrations to below detection limits. 

Nevertheless, the stability of Cu(0) and metal sulfide colloids we previously reported 

to form in the flooded soil counteracted Cu, Cd, and Pb immobilization, until colloids 



 

48 

gradually deposited to the soil matrix. In contrast, Zn and Ni (as well as Fe) were 

hardly incorporated into sulfide phases and micromolar levels of dissolved Zn and Ni 

(and millimolar dissolved Fe(II)) persisted in the reduced soil. The finding that Cu, Cd, 

and Pb were sequestered, whereas Zn, Ni, and Fe were not, follows the increasing 

solubility products of the respective metal sulfides. We interpret the observation that 

Cd and Pb were sequestered, despite that some Cu(II) remained bound to SOM, as 

kinetic limitations to CuxS formation by Cu(II) desorption, diffusion, and/or CuxS 

precipitation kinetics. We conclude that the dynamics of multi-metal contaminants 

under sulfate limitation are intimately coupled by the relative thermodynamic 

stabilities and formation kinetics of the respective metal sulfides. 

5.1 INTRODUCTION 
In many river basins, floodplain soils have accumulated multiple metal 

contaminants that were discharged upstream by mining and smelting, manufacturing, 

agriculture, and municipal sources (Hudson-Edwards et al., 1996; Wallschläger et al., 

1998; Hochella et al., 2005; Klemm et al, 2005; Schröder et al, 2008). The 

bioavailability and mobility of accumulated contaminants are a concern for the 

floodplain ecosystem and for downstream surface- and groundwater quality. Periodic 

overbank flooding and fluctuating groundwater tables can temporarily limit O2 

diffusion into the soil and cause microbial communities to respire alternative terminal 

electron acceptors, such as Fe(III)-(hydr)oxides and sulfate (Ponnamperuma, 1972). 

Risk assessment requires an improved understanding of the mechanisms that control 

contaminant dynamics in such periodically flooded soils, also in the context of current 

plans to re-expand floodplain areas for flood control and river revitalization (Moss and 

Monstadt, 2008). 

Processes known to affect contaminant mobility and bioavailability in flooded 

soil include changes in contaminant redox speciation (e.g., reduction of As(V) to 

As(III); Masscheleyn et al., 1991), reductive dissolution of sorbent phases (e.g., 

Fe(III) (hydr)oxides; Zachara et al., 2001), and sequestration into newly forming 

mineral phases (e.g., green rust; Parmar et al., 2001). Under sulfate-reducing 

conditions, metal sequestration in sparingly soluble metal sulfide precipitates can be 

the dominant process controlling the dynamics of chalcophile metal contaminants 

(Di Toro et al., 1992; Kirk, 2004; Reddy and DeLaune, 2008). Metal sulfide formation 
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is often inferred indirectly from a concomitant drop of dissolved metal and sulfate 

concentrations, and little direct evidence has been reported with respect to riparian 

floodplain soils. Barnett et al. (1997) identified HgS particles in oxic floodplain soil by 

electron microscopy and argued that the particles were remnants having formed 

during previous flooding events. Using X-ray absorption fine structure (XAFS) 

spectroscopy, Bostick et al. (2001) suggested the formation of ZnS and ZnCO3 

phases in contaminated floodplain soils and correlated Zn speciation with redox 

conditions. Poot et al. (2007) measured acid volatile sulfide (AVS) in two floodplain 

soils during an annual cycle and found that the amount of AVS formed was 

insufficient to bind all simultaneously extractable metals. 

In comparison to the amount of sulfate available for bacterial respiration in 

marine and estuary sediments (e.g., Luther et al., 1980; Huerta-Diaz and Morse, 

1992; Parkman et al., 1996; Morse and Luther, 1999; O'Day et al., 2000), in salt 

marshes (Boulegue et al., 1982), and in treatment wetlands and ponds (Gammons 

and Frandsen, 2001; Martin et al., 2003), the sulfate availability in freshwater 

floodplain soils is moderate (Giblin and Wieder, 1992). Dissolved and adsorbed 

sulfate comprises typically only a small percentage of the total sulfur content, 

whereas sulfur bound in soil organic matter (SOM) dominates the sulfur speciation 

(Giblin and Wieder, 1992). Considering published mineralization rates (e.g., 

Tabatabai and Al-Khafaji, 1980), mineralization of SOM-bound sulfur might be too 

slow to contribute significant amounts of sulfur for metal sulfide formation within the 

time frame of a flooding event. River and groundwater infiltration and atmospheric 

sulfur deposition can thus dominate the sulfate input to the soil (Lamers et al., 1998). 

Considering the amounts of chalcophile metal contaminants that have 

accumulated in riparian wetland soils, the available sulfate may limit the extent to 

which these contaminants can be sequestered in metal sulfide precipitates. 

Knowledge on which metal contaminants are sequestered under sulfate limitation 

(and which are not) is thus of great importance for predicting multi-contaminant 

dynamics in flooded soil. When sulfide is slowly released into a multiple metal-

containing solution, a thermodynamic equilibrium model (e.g., Druschel et al., 2002) 

predicts that instantaneous precipitation of the most insoluble metal sulfide buffers 

the activity of aqueous sulfide below the saturation of more soluble metal sulfide 

minerals. After the metal that forms the most insoluble metal sulfide is largely 
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consumed, the activity of aqueous sulfide rises until buffered by the precipitation of 

the next insoluble metal sulfide. This equilibrium model thus predicts the sequential 

formation of monomineralic sulfide precipitates until the available sulfate is 

consumed. Druschel et al. (2002) has pointed out, however, that if metal supply or 

precipitation kinetics is slow compared to the rate of sulfate respiration, then the 

porewater may become locally supersaturated with respect to multiple metal sulfide 

minerals, potentially resulting in the sequestration of contaminants that form more 

soluble sulfide precipitates. 

In this study, we investigated the processes that control Cu, Cd, Pb, Zn, and Ni 

dynamics during 7 weeks of flooding of a contaminated floodplain soil. A realistic 

flooding regime was simulated in microcosms to elucidate to which extent metal 

sequestration in sulfide precipitates controls multi-contaminant dynamics under 

sulfate limitation. The microcosm setup allowed us to monitor porewater dynamics 

along with transformations of solid-phase speciation using Cu K-edge XAFS 

spectroscopy, sequential metal extractions, and chromous reducible sulfur (CRS) 

distillation. The presented results expand our previous investigation on the formation 

and mobility of metallic Cu(0) and metal sulfide colloids in reduced porewater 

conducted in the same microcosm setup (Chapter 3). 

5.2 EXPERIMENTAL 

5.2.1 Soil Sampling and Field Site Description 

Within 15 m distance from the river bed, topsoil (0-15 cm) of a gleyic Fluvisol 

was collected in January 2004 in a floodplain of the river Mulde at 51º39’25.1”N, 

012º19’49.4”E near Muldenstein, Saxony-Anhalt, Germany (Voegelin et al., 2007; 

Weber et al., 2009). The site is submerged by overbank flooding for periods of days 

to weeks within a year. A centennial flood occurred in summer 2002 (Geller et al., 

2004). At the time of sampling, the soil profile was oxic to at least 150 cm depth. The 

floodplain has been intermittently used for agriculture and is now a nature reserve. 

The hydrological regime in the region has frequently been altered over the last 

century by open-pit coal mining, relocation of the river bed, and construction of weirs 

and dams. Like many floodplains along the river, the soil is severely contaminated 

mainly by emissions from past mining activities ~150 km upstream in the Erzgebirge 

(Ore Mountains), where sulfide ores have been mined for Ag, Pb, Zn, and As since 
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the Middle Ages (Geller et al., 2004). Our sampling site is located on Transect I of a 

detailed monitoring campaign documenting the dynamics of soil, porewater, and 

groundwater contamination between 1997 and 1999 (Brandt, 2003). This campaign 

also monitored sulfate concentrations in the river water in the range of 0.8 mM and 

1.4 mM and in the soil porewater (sampling location via suction cups at 20 cm depth) 

in the range of 0.7 mM and 1.8 mM, the lower values during high flow and soil 

flooding. Moreover, atmospheric sulfur deposition to the region has declined 

considerably over the past 20 years (Zimmermann et al., 2003), following the 

installation of scrubbers to coal-fired power plants and transition to less sulfur-

containing fossil fuels. 

5.2.2 Soil Characterization 

The topsoil was air-dried, passed through a 2-mm sieve, mixed homogenously, 

and stored in plastic containers. For microcosm experiments, soil aggregates larger 

than 200 µm were collected by sieving. The moisture content of the stored soil was 

6.5% based on weight-loss upon heating to 105°C for 2 days. All soil concentrations 

are reported relative to this oven-dry soil mass. Total element concentrations were 

determined by energy-dispersive X-ray fluorescence (XRF) spectrometry (X-Lab 

2000; Spectro, Germany). The carbon and nitrogen contents were measured using a 

CHNS Analyzer (CHNS-932; LECO, USA). The mercury content was determined by 

combustion atomic absorption spectrometry (AMA 254; LECO). X-ray diffraction 

(XRD) patterns were recorded on oriented Mg-saturated (without and with glycerol 

solvation) and K-saturated (25°C, 110°C, 300°C, and 550°C) mounts of the soil clay 

fraction (D4, Bruker, USA; Cu Kα radiation). The effective cation exchange capacity 

(ECEC) was determined as the sum of cations displaced by an unbuffered 0.1 M 

BaCl2 solution (Hendershot and Duquette, 1986; see below). Chemical extractions 

were used to estimate the amount of terminal electron acceptors available for 

anaerobic microbial respiration. The pool of reactive Fe(III) (hydr)oxide available for 

bacterial Fe(III) respiration was targeted by a 0.1 M ascorbic acid, 0.2 M sodium 

citrate solution buffered to pH 7.5 (Hyacinthe et al., 2006). The same extraction was 

used to estimate the pool of reactive Mn(IV,III) (hydr)oxides. The exchangeable 

nitrate and sulfate content was determined by a 0.5 M sodium bicarbonate extraction 

at pH 8.5 (Kilmer and Nearpass, 1960). Furthermore, the oxic soil was characterized 
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by all spectroscopic methods and extraction procedures detailed below to compare 

with incubated soil samples recovered from microcosm experiments. 

5.2.3 Microcosm Experiments 

In series of independent microcosm experiments, air-dried soil was submerged 

with synthetic river water and incubated open to the atmosphere at ~23ºC for 1 to 52 

days. Details on the setup and porewater sampling procedure have been described 

previously (Chapter 2). Briefly, 450 g soil (on air-dry basis) was equilibrated with 

1500 mL of aerated synthetic river water (0.6 mM CaSO4, 0.6 mM NaCl, 0.3 mM 

Mg(NO3)2 solution) resembling the main water composition of the river Mulde during 

high flow in spring 1998 (Brandt, 2003). No external carbon source was added to the 

soil. After the suspension was shaken end-over-end for 2 h under air, the suspension 

was centrifuged and the supernatant was decanted, removing 1.6 mmol of nitrate 

and 1.0 mmol of sulfate. The recovered soil paste was directly transferred into a 

microcosm and submerged with additional 500 mL of synthetic river water, starting 

the experiment. The resulting microcosm geometry consisted of a water-saturated 

soil layer (height ~9 cm; porewater-to-soil ratio Φ = 1.0 L/kg; total porosity 0.7) 

submerged under ~6 cm of supernatant water. A suction cup (sintered PE granulates 

with a nominal pore size of 10-16 µm; EcoTech, Germany) was mounted horizontally 

~3.5 cm below the soil-supernatant interface. 

The microcosm was sampled by withdrawing porewater via the suction cup 

directly into an anoxic glovebox (pO2 <1 ppm), where aliquots were filtered (0.025 µm 

cellulose nitrate filter; NC03; Whatman, Germany) and prepared for further analyses. 

After porewater sampling, selected microcosms were frozen by immersion in liquid 

nitrogen. Incubated soil was recovered by cryo-slicing the microcosms with a 

diamond saw horizontally 1.5 cm above and below the suction cup, obtaining a 

3.0 cm-thick soil layer. A subsample of the frozen soil layer was allowed to thaw in 

the glovebox and used immediately as wet paste for sequential metal extractions. 

Another subsample was freeze-dried and stored in the glovebox until analyzed by 

XAFS spectroscopy, CRS distillation, and XRF analysis. The XRF analyses of oxic 

and incubated soil confirmed that the element content of the soil remained constant 

over the course of the experiment, within the precision of the measurement. This 

showed that, for each element considered, the mass exchanged by diffusion from 
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and to the investigated soil layer was negligible compared to its solid-phase 

inventory. 

5.2.4 Porewater Analyses 

Dissolved concentrations were determined in 0.025 µm-filtered porewater 

aliquots. Dissolved metals and dissolved sulfur were analyzed by inductively-coupled 

plasma optical emission spectrometry (ICP-OES; Vista MPX; Varian, USA). Cd 

concentrations were linearly corrected for a minor Fe interference. Dissolved Cu and 

Pb were measured by graphite furnace atomic absorption spectrometry (GFAAS) 

with Zeeman background correction (AA240Z, Varian). One outlier in the measured 

Pb concentration at day 10 was disregarded. Additional porewater aliquots were 

used for the determination of pH and EH (Minitrode for pH; Slimtrode for EH; 

Hamilton, USA) and analyses of sulfate by ion chromatography with suppressed 

conductivity detection (Metrosep A Supp 5 column; Metrohm, Switzerland), dissolved 

organic carbon and inorganic carbon (both TOC-5000; Shimadzu, Japan), and low 

molecular weight organic acids by ion exclusion chromatography (Metrohm Metrosep 

column). On selected samples, Fe(II) and ammonium were measured photometrically 

using the phenanthroline (Fadrus and Malý, 1975) and the phenate method 

(Weatherburn, 1967), respectively. Dissolved sulfide was monitored photometrically 

after derivatization to form methylene blue (Cline, 1969). The detection limit of our 

methylene blue method was 8 μM, estimated as five times the standard deviation of a 

blank. The dissolved concentration of each compound X (i.e., [X]aq) is expressed in 

mole per liter porewater, which can be converted to concentration relative to dry soil 

mass (i.e., Φ × [X]aq) by the porewater-to-soil ratio Φ, which was 1.0 L/kg in our 

experiments. 

5.2.5 X-ray Absorption Fine Structure Spectroscopy 

Cu K-edge X-ray absorption near-edge structure (XANES) and extended X-ray 

absorption fine-structure (EXAFS) spectra were recorded at the XAS beamline at the 

Angströmquelle Karlsruhe (ANKA, Karlsruhe, Germany). The beamline was equipped 

with a double crystal Si(111) monochromator, which was detuned to 65% of the 

maximum intensity using a software-controlled monochromator stabilization. For 

energy calibration, the first inflection of the K-edge of metallic Cu foil was set to 
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8979 eV. Soil samples were transported under N2 atmosphere to the beamline, 

where they were pressed into wax pellets directly before measurement. Spectra of 

soil samples were recorded in fluorescence mode using a 5-element Ge solid state 

detector under air at room temperature. Reference spectra of primitive copper sulfide 

("CuxS"; spectrum of sample "2n - blue/black primitive" in Pattrick et al., 1997) and 

Cu(II) bound to Suwannee river natural organic matter (spectrum "Cu(II)-SRN" in 

Karlsson et al., 2006) were kindly provided by Fred Mosselmans (Diamond Light 

Source, Didcot, UK) and Ulf Skyllberg (Swedish University of Agricultural Sciences, 

Umeå, Sweden), respectively. 

Data extraction and analysis was carried out using the software code Athena 

(Ravel and Newville, 2005). For data extraction, E0 was fixed to 8981 eV. Normalized 

XANES spectra were obtained by subtracting a first-order polynomial fit to the pre-

edge region (-70 to -20 eV) and subsequently dividing by a second-order polynomial 

fit to the post-edge region (30 to 300 eV). Linear combination fitting (LCF) was 

carried out over the energy range -20 to 60 eV. The background spline for the 

extraction of EXAFS data was adjusted using the Autobk algorithm implemented in 

Athena (Rbkg = 0.9; k-weight = 3; k-range 0.5-11 Å-1). LCF of EXAFS spectra was 

constrained to the k-range 3-8.5 Å-1. For both LCF of XANES and EXAFS spectra, 

each fitted fraction was constrained between 0 and 1, but the sum of all fractions was 

not constrained. 

5.2.6 Sequential Metal Extractions 

The dynamics of metal partitioning during flooding was studied by sequential 

extractions of oxic and incubated soil, where [X]extractant refers to the extracted amount 

of element X, expressed relative to dry soil weight. Soluble and exchangeable 

cations were targeted by an unbuffered 0.1 M BaCl2 extraction ([X]BaCl2; Hendershot 

and Duquette, 1986), followed by a 1 M sodium acetate extraction at pH 5 targeting 

specifically adsorbed cations as well as carbonate and other minerals that are labile 

at pH 5 ([X]Acet; Tessier et al., 1979; Poulton and Canfield, 2005; Jacquat et al., 

2008). Metal sulfide minerals are hardly attacked by this extraction sequence, as 

demonstrated for ZnS spiked to a wetland soil (Peltier et al., 2005). 
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Incubated soil was extracted in duplicates under the N2 atmosphere of the 

glovebox using wet soil paste and deoxygenated extractant in order to prevent 

artifacts caused by freeze-drying and/or sample oxidation (Hjorth, 2004). The oxic 

soil was extracted in triplicates under air. 1 g of soil (dry-weight basis) was extracted 

twice with 40 mL of extractant by shaking suspensions end-over-end at room 

temperature (2 h for the BaCl2 and 5 h for the acetate extraction). Suspensions were 

centrifuged and decanted supernatants were filtered through 0.45 μm-nylon filters 

(Opti-Flow; Wicom, Germany). Element concentrations in the combined extract were 

determined by ICP-OES using multi-element standards adjusted to match the matrix 

of the respective extract. Duplicate or triplicate extractions typically agreed within 5%. 

ECEC was calculated as the sum of BaCl2-exchangeable cations (Hendershot 

and Duquette, 1986) after subtracting the dissolved pool according to 

ECEC =  ([Xi]BaCl2 - Φ × [Xi]aq) × zXi, where zXi is the valence of element Xi, and Xi 

comprising Ca, Mg, Fe, Mn, Na, K, Al, Cu, Cd, Pb, Zn, Ni, and NH4. Extracted Fe and 

Mn were assumed to be dominantly divalent at the pH range 5.5 to 6.7. The amount 

of BaCl2-extractable ammonium was estimated from the measured dissolved NH4
+ 

concentration (i.e., [NH4]aq,) assuming a sorption affinity similar to that of potassium, 

i.e., [NH4]BaCl2 = ([K]BaCl2 - Φ×[K]aq) × (Φ×[K]aq)-1 × [NH4]aq. 

5.2.7 Soil Sulfur Speciation 

Exchangeable sulfate was determined in oxic and incubated soil samples by 

bicarbonate extraction (Kilmer and Nearpass, 1960). 5 g of soil samples was 

extracted twice with 40 mL of 0.5 M sodium bicarbonate solution adjusted to pH 8.5 

by NaOH, shaking suspensions end-over-end for 1 h under N2. The supernatant 

decanted after centrifugation was filtered and analyzed by ion chromatography. 

Acid-volatile sulfide (AVS) and chromous reducible sulfur (CRS) were 

determined adapting the distillation method of Canfield et al. (1986). After purging the 

distillation apparatus free of air, 6 to 20 g of freeze-dried soil was acidified by 

injecting 60 mL of 5 M HCl in a heated digestion flask. H2S gas liberated in this AVS 

step was trapped in a 0.1 M NaOH absorber during 40 min and then determined by 

iodometric titration. In the CRS step, 40 mL of 1 M CrCl2 solution (chromium(II) 

chloride anhydrous (Alfa Aesar) dissolved in 5 M HCl just before use) was 

subsequently injected to react with the boiling soil suspension, resulting in a Cr(II)-to-
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total-sulfur molar ratio of ~102. Liberated H2S trapped in a new 0.1 M NaOH absorber 

during 60 min was again determined iodometrically. Comparing freeze-dried with wet 

soil extractions yielded similar results, in agreement with findings of Canfield et al. 

(1986). Tests were performed to exclude that reduction of sulfate and/or organic 

sulfur species contributed to the measured CRS content, an interference that has 

been demonstrated to become significant at Cr(II)/S ratio >104 (Mylon et al., 2002). 

We spiked 70 mmol/kg of S either as CaSO4•2H2O or as (R)-(+)-cysteine (both 

Merck) to the oxic soil (nearly doubling its total S content) but observed no increase 

in CRS content compared to the unspiked soil within the precision of the method. 

Additional tests were conducted to examine the effect of different matrixes on 

the recovery of CdS ("cadmium sulfide"; Aldrich, USA), which is expected to dissolve 

in the AVS step (Cooper and Morse, 1998). When 100 μmol of CdS was spiked into 

10 g of a quartz sand matrix, the amount of sulfide released in the AVS step 

accounted for 74% of the extracted Cd. However, when the same amount of CdS 

was spiked into 10 g of the oxic soil, the sulfide was hardly found in the AVS step, but 

was recovered to 55% in the CRS step. This lack of recovery in the AVS step is 

consistent with observations by Wilkin and Ford (2002), who suggested that H2S 

liberated in the AVS step is immediately re-sequestered by reaction with As or Cu in 

the strongly acidic soil digest, forming acid-insoluble arsenic or copper sulfides 

(Wilkin and Ford, 2002). Our results showed that the sequestered sulfide was then 

partially liberated in the subsequent CRS step. Therefore, we report here only the 

sum of CRS+AVS. The incomplete recovery observed in the CRS distillation 

suggested that the CRS+AVS results have to be interpreted semi-quantitatively. 

5.2.8 Construction of Cu-S-Citrate-Chloride-H2O pH-EH Diagram 

Geochemical modeling of the system Cu-S-citrate-chloride-H2O was performed 

using the Eh-pH module of HSC chemistry (Haung and Cuentas, 1989). Tabulated 

values of the free energy of formation of aqueous Cu and S species were taken from 

Bard (1985). The selection of CuxS minerals that were allowed to precipitate was 

restricted to the stable phases covellite (CuS), chalcocite (Cu2S) , djurleite (Cu1.9S), 

and anilite (Cu1.75S), for which the respective free energy of formation were taken 

from Shea and Helz (1989) and Potter (1977). Stability constants for Cu(II) hydroxyl, 

chloride, and citrate complexation, for citrate protonation, for Cu(I) chloride 
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complexation, as well as solubility products of tenorite (CuO) and cuprite (Cu2O) 

were taken from version 4 of the MINTEQ database (Allison et al., 1990). Aqueous 

Cu sulfide and polysulfide complexes were not considered because their 

stoichiometry and stability are still uncertain (Rickard and Luther, 2006). The 

compiled thermodynamic database is listed in Table 8-1-1 in the Appendix. 

5.3 RESULTS 

5.3.1 Characterization of the Oxic Soil 

The studied soil was acidic, rich in organic matter, and polluted by a variety of 

metal contaminants (Brandt, 2003; Voegelin et al., 2007; Weber et al., 2009). Soil 

properties are listed in Table 5-1. The ECEC of the oxic soil was 280 mmolc/kg. 

Chemical extractions indicated that significant fractions of the Cu, Cd, Pb, Zn, and Ni 

contents were easily mobilizable, here defined as the sum of BaCl2- and acetate-

extractable pools (Table 5-1). Previous work using Cu K-edge XANES spectroscopy 

(Chapter 3) demonstrated that Cu speciation was dominantly (>95%) Cu(II) bound to 

SOM. Moreover, As was also an important soil contaminant, which occurred 

dominantly as As(V) sorbed to Fe(III) (hydr)oxides (Voegelin et al., 2007). 

Based on chemical extractions, reactive Fe(III) (hydr)oxides comprised the 

largest pool of terminal electron acceptors available for anaerobic respiration (Table 

5-1). The exchangeable sulfate content was small in comparison (2.3 mmol/kg), 

contributing only 3% to the total sulfur content. Sulfur bound in SOM likely dominated 

the remaining sulfur speciation. In addition, we detected the presence of 2.9 mmol/kg 

CRS+AVS, which we have tested not to arise from interference of sulfate and/or 

organic sulfur compounds. Extracting elemental sulfur from the soil with dichloro-

methane did not alter the CRS+AVS content, indicating that elemental sulfur was 

also not a significant CRS+AVS constituent. The presence of this amount of copper 

or arsenic sulfide minerals can be excluded based on previous XAFS results 

(Chapter 3; Voegelin et al., 2007). Most other chalcophile metal contaminants 

occurred in concentrations that are insufficient to explain this measured CRS+AVS 

content (Table 5-1). We attribute the observed CRS+AVS to pyrite particles 

(equivalent to <1% of the total Fe content), which were presumably eroded in the Ore 

mountains and deposited in the floodplain upon flooding. 
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Table 5-1: Characterization of the oxic floodplain soil. 
 

 

 Soil classification: gleyic Fluvisol
 Sampled horizon: Ah (0 -15 cm)
 Texture: silt-loam
 Clay mineralogy: kaolinite, illite, vermiculite, chlorite,

hydroxy-interlayered minerals 
 pHCaCl2 5.5
 ECEC (mmolc/kg) 280
 Organic C (g/kg) 96 
 C/N molar ratio 16
 C/S molar ratio 99

 
Main 
elements 

Total 
concentrationa

Available for 
anaerobic 

respirationb 

log Ksp
0 of

sulfide 
mineralc 

  (mmol/kg) (mmol/kg) (%)  
 N 499 2.8 (1%) - 
 Mn 18 10 (58%) 0.2 
 Fe 830 189 (23%) -3.6 
 S 80 2.3 (3%) - 

 
Chalcophile 
Contaminants

Total 
concentrationa

Easily 
mobilizabled 

log Ksp
0 of

sulfide 
mineralc 

  (mmol/kg) (mmol/kg) (%)  
 Hg 0.01 n.d. -45.7 
 Ag 0.05 n.d. -36.2 
 Cu 4.39 0.46 (11%) -22.3 
 Cd 0.27 0.19 (73%) -14.4 
 Pb 1.97 0.43 (22%) -14.0 
 Zn 20.95 4.01 (19%) -11.5 
 Ni 1.80 0.23 (13%) -5.6 
 As 4.32 3.20 (74%) -61.1 

 
a Mean of 4 replicates. Standard deviation was ≤7% for each 

element. 
b  Determined as bicarbonate-extractable nitrate and sulfate 

and ascorbate-extractable Mn and Fe. 
c  Selected solubility products are reported for alabanite 

(MnS), mackinawite (FexS), cinnabar (HgS), covellite (CuS), 
greenockite (CdS), galena (PbS), sphalerite (ZnS), and 
millerite (NiS), each for the equilibrium 
MeS(s) + H+ ↔ Me2+

(aq) + HS-
(aq); 

for acanthite (Ag2S(s) + H+ ↔ 2Ag+
(aq) + HS-

(aq)); and for 
orpiment (As2S3(s) + 6H2O ↔ 2H3AsO3(aq) + 3HS-

(aq) + 3H+). 
Data are from the Minteq.v4 database (Allison et al., 1990). 
See Thoenen (1999) for a critical review of published 
solubility products of NiS. 

d  Determined as sum of BaCl2- and acetate-extractable 
metals. For As, the ascorbate-extractable pool is given. 
n.d., not determined. 
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5.3.2 Flooding and Soil Reduction 

In the applied flooding regime, the aerated floodwater contributed additional 

amounts of terminal electron acceptors to the soil, including net 0.5 mmol/kg of 

sulfate. In the following, we monitored flooding-induced transformations both in the 

porewater (left panels of Fig. 5-1) and in the solid phase (right panels of Fig. 5-1) 

within a soil layer ~3.5 cm below the soil-supernatant interface. 

5.3.2.1 Porewater Dynamics 

Dissolved concentrations followed the typical dynamics caused by respiration 

of a sequence of terminal electron acceptors (Ponnamperuma, 1972; Kirk, 2004; 

Reddy and DeLaune, 2008). Dissolved O2 and nitrate were consumed within less 

than a day (data not shown). Reductive dissolution of Mn(IV,III) and Fe(III) 

(hydr)oxides resulted in solubilization of Mn (Fig. 5-1b) and Fe (Fig. 5-1d). Dissolved 

Fe was confirmed to be mainly Fe(II) within the precision of the phenantroline 

method. Dissolved sulfate was consumed between day 4 and 10 (Fig. 5-1f). During 

soil reduction, porewater pH rose from 5.7 to 6.7 and the EH dropped to ~0 mV 

(Fig. 5-1a), concurrently to the accumulation of acetate, propionate, and inorganic 

carbon as products of microbial respiration (Fig. 5-1h). 

Dissolved sulfur that was not identified as sulfate (termed unspecified sulfur in 

Fig. 5-1f) presumably comprised sulfur mainly in dissolved organic matter (DOM), 

with potentially some contributions of inorganic sulfur species, such as thiosulfate 

and elemental sulfur. The concentration of unspecified dissolved organic carbon (i.e., 

total DOC after subtracting acetate- and propionate-carbon) doubled concomitantly to 

unspecified dissolved sulfur within the first 15 d of flooding (Fig. 5-1f and 5-1h; molar 

C/S ratio ~80), indicating that some SOM compounds were released to the 

porewater. 

5.3.2.2 Solid-Phase Mn and Fe Dynamics 

Sequential extractions revealed the build-up of BaCl2- and acetate-extractable 

Mn and Fe pools in the soil (Fig. 5-1c and 5-1e), coinciding with the accumulation of 

dissolved Mn and Fe in the porewater (Fig. 5-1b and 5-1d). Transformations in soil 

Mn speciation during flooding were monitored by Mn K-edge XAFS spectroscopy, as 

discussed in Chapter 8.2 in the Appendix. The recorded soil spectra (Fig. 8-2-1) 
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Fig. 5-1: Porewater dynamics (left panels) and soil dynamics (right panels) of major 
soil constituents during flooding. (a) Porewater pH and EH; (b-c) dissolved 
and soil-extractable Mn; (d-e) dissolved and soil-extractable Fe; (f) dissolved 
sulfur; (g) soil CRS+AVS and soil-extractable sulfate; (h) dissolved carbon; 
(i) ECEC. Each point in time corresponds to an independent microcosm 
experiment. Dissolved data for the oxic soil represent 2-hour oxic soil extracts 
with synthetic river water. The error bars in (g) represent one standard deviation 
of duplicate determination of CRS+AVS. Duplicate determination of soil-
extractable sulfate as well as BaCl2- and acetate-extractable Mn and Fe agreed 
typically within 5% (not shown). Lines are meant to guide the eye. The porewater-
to-soil ratio was 1.0 L/kg. 
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Fig. 5-2: Porewater dynamics (left panels) and soil dynamics (right panels) of major 
chalcophile metal contaminants during flooding. (a) Dissolved Cu; (b) soil Cu 
speciation determined by Cu K-edge XAFS; dissolved and soil-extractable 
(c-d) Cd, (e-f) Pb, (g-h) Zn, and (i-j) Ni. Each point in time corresponds to an 
independent microcosm experiment. Error bars in (b) indicate the difference 
between LCF of XANES and EXAFS spectra. Error bars in (d), (f), (h), and (j) 
represent one standard deviation of duplicate or triplicate BaCl2- and acetate-
extractions. The porewater-to-soil ratio was 1.0 L/kg. 
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suggested that [Mn]BaCl2 was dominated by exchangeable Mn(II), whereas [Mn]Acet 

was mainly specifically sorbed Mn(II) with minor, if any, contribution of Mn(II) 

carbonate precipitates. The accumulation of BaCl2- and acetate-extractable Mn 

leveled off after 15 days of flooding (Fig. 5-1c). At this time, the sum of [Mn]BaCl2 and 

[Mn]Acet reached the amount of reactive Mn(IV,III) (hydr)oxides initially present in the 

oxic soil (Table 5-1), suggesting that the pool of reactive Mn(IV,III) (hydr)oxides was 

consumed until depletion. 

In analogy to the observed Mn transformations, we expect that [Fe]BaCl2 

contained mainly exchangeable Fe(II), while [Fe]Acet contained specifically sorbed 

Fe(II) and potentially Fe(II) carbonate phases and/or green rust, if present. Within 

52 days of incubation, the sum of [Fe]BaCl2 and [Fe]Acet gradually approached‒but did 

not reach–the amount of reactive Fe(III) (hydr)oxide initially present in the oxic soil 

(Fig. 5-1e). This suggested that the pool of reactive Fe(III) (hydr)oxides supported 

Fe(III) respiration over the entire course of the incubation experiment. 

5.3.2.3 Reduction of Structural Fe in Clays: Effect on ECEC 

The porewater concentration of the earth alkali metals increased steadily 

during flooding (Fig. 8-3-1 in the Appendix). BaCl2 extraction revealed that substantial 

amounts of cations were displaced from exchange sites within 52 days of flooding, 

including 12 mmol/kg of Ca, 4 mmol/kg of Mg, and in total 3 mmol/kg of metal 

contaminants (mainly Zn; see below). However, the amount of cations displaced was 

less than the amount of Fe and Mn accumulating in the BaCl2-extractable fraction, 

suggesting an increase in the ECEC over soil reduction by 169 mmolc/kg or 60% 

compared to the ECEC of the oxic soil (Fig. 5-1i). An increasing ECEC over soil 

reduction has previously been observed for a Vertisol cropped with rice (Favre et al., 

2002). Favre et al. (2002) attributed this ECEC increase to microbial reduction of 

structural Fe(III) in phyllosilicate minerals (Kostka et al., 1999), reductive dissolution 

of Fe(III) (hydr)oxide coatings blocking exchange sites in the oxic soil (Roth et al., 

1969), and deprotonation of variable-charged sites due to the rising pH during soil 

reduction. 

In our experiment, porewater pH rose from 5.7 to 6.7 during flooding 

(Fig. 5-1a). According to the correlation of ECEC with pH, clay content, and organic 

carbon content derived by Curtin and Rostad (1997), the pH effect on variable-
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charged sites was estimated to contribute 82 mmolc/kg to the increase in ECEC. The 

discrepancy to the observed increase of 169 mmolc/kg implied that reduction of 

structural Fe in phyllosilicate minerals and/or removal of Fe(III) (hydr)oxides coatings 

contributed substantially to the ECEC increase. 

5.3.2.4 Solid-Phase Sulfur Dynamics 

Concomitant to dissolved sulfate (Fig. 5-1f), soil-extractable sulfate was 

consumed within 9 d (Fig. 5-1g). Dissolved sulfide was always below the detection 

limit (8 μM) of our methylene blue method, implying that any sulfide formed was 

sequestered in solid phases. Soil extraction revealed that the CRS+AVS content 

increased by ~1.9 mmol/kg between day 1 and 9 (Fig. 5-1g). The increase in 

CRS+AVS nearly balanced the amount of exchangeable sulfate consumed, 

suggesting that the sulfide produced by sulfate respiration has reacted almost 

quantitatively to form metal sulfide precipitates. 

After exchangeable sulfate was consumed, the CRS+AVS content of the 

incubated soil remained about constant within the precision of our measurement 

(Fig. 5-1g). This observation suggested that the large pool of sulfur bound in SOM 

was recalcitrant to mineralization and reduction to inorganic sulfide within 52 d of 

flooding. Therefore, the amount of inorganic sulfide available for the formation of 

metal sulfide minerals and sequestration of contaminants was limited mainly by the 

available sulfate in the soil. The exact amount of metal sulfide formed is however 

somewhat uncertain. The formation of 1.9 mmol-S/kg of metal sulfides suggested by 

the CRS+AVS distillation is a lower estimate, considering the incomplete recovery of 

CdS obtained in control experiments. The overall mass balance for the microcosm 

accounted for 2.3 mmol/kg of sulfate in the soil plus additional net 0.5 mmol/kg 

introduced by the floodwater, most of the latter residing in the supernatant water. It is 

unknown whether this sulfate in the supernatant contributed to metal sulfide 

formation over depth or just near the soil-supernatant interface. Based on these 

considerations, we expect that the metal sulfides formed in the investigated soil layer 

contained between 1.9 and 2.8 mmol-S/kg. 
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5.3.3 Contaminant Dynamics during Soil Reduction 

5.3.3.1 Copper 

Dissolved Cu concentration declined gradually upon flooding (Fig. 5-2a). This 

depletion of dissolved Cu was accompanied by major transformations in solid-phase 

Cu speciation as monitored by Cu K-edge XAFS spectroscopy (Fig. 5-3). The results 

of LCF using selected reference spectra are presented in Fig. 5-2b and fitted 

fractions are listed in Table 8-4-1 in the Appendix. The spectra collected on 1-day 

incubated soil showed that Cu speciation remained >95% Cu(II) bound to SOM, 

similar to the oxic soil. Features in the EXAFS spectrum of 4-day incubated soil 

(Fig. 5-3b) suggested that a fraction of the SOM-bound Cu(II) has subsequently 

transformed into metallic Cu(0). LCF indicated the formation of 0.6 to 0.8 mmol/kg 

Cu(0) at day 4 and day 7 (Fig. 5-2b). Concurrently, the series of XANES and EXAFS 

spectra revealed a gradual formation of copper(I) sulfide precipitates (CuxS) during 

soil reduction, accounting for 2.9 mmol-Cu/kg or 66% of the total Cu content at day 

52 (Fig. 5-2b). The spectra of soil incubated for 16 d and longer also indicated that 

the formation of Cu(0) was only transient and that the Cu(0) content in the soil 

declined during prolonged flooding. 

The EXAFS spectra did not allow determining the exact stoichiometry of the 

CuxS precipitates formed. Assuming the stoichiometry of the end-members chalcocite 

(Cu2S) or covellite (CuS), the fitted CuxS fraction at day 52 contained 1.4 to 

2.9 mmol-S/kg. Alternatively, assuming that the CuxS precipitates had a primitive 

structure with a stoichiometry in the range between yarrowite and spionkopite (i.e., 

1.12 ≤ x ≤ 1.39; Pattrick et al., 1997), the fitted CuxS fraction at day 52 contained 

2.1 to 2.6 mmol-S/kg. In either scenario, CuxS precipitation left little amounts of 

sulfide unexplained (≤0.2 mmol-S/kg in the yarrowite and ≤1.4 mmol-S/kg in the 

chalcocite scenario), demonstrating that CuxS was the dominant sulfide mineral 

formed in the flooded soil. 

The results of sequential metal extractions were in agreement with the 

observed transformations of SOM-bound Cu(II) into CuxS precipitates. The BaCl2- 

and acetate-extractable Cu, which accounted for 1% and 10% of total Cu in the oxic 

soil, respectively, decreased to negligible amounts (<0.1%) at day 9 and thereafter. 
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Fig. 5-3: Temporal evolution of (a) normalized Cu K-edge XANES and (b) EXAFS 
spectra of oxic and incubated soil compared to selected references. 
Cu(II) bound to Suwannee river natural organic matter (Cu(II)-SRN; Karlsson et 
al., 2006) as model for Cu(II)-SOM, metallic Cu(0) foil, and primitive CuxS 
precipitates (Pattrick et al., 1997) were selected as references for linear 
combination fitting. Fits (dotted lines) are plotted on top of measured spectra. 
Fitted fractions are presented in Fig. 5-2b and Table 8-4-1. 

5.3.3.2 Cadmium and Lead 

Dissolved Cd and Pb concentrations increased over the first days of flooding, 

but then dropped concurrently to the onset of sulfate respiration (Fig. 5-2c and 5-2e). 

In analogy to Cu, the pools of BaCl2-exchangeable Cd and Pb were depleted within 

the first 9 days (Fig. 5-2d and 5-2f). In contrast to Cu, the pools of acetate-extractable 

Cd and Pb were highest around day 9 and only gradually depleted thereafter. 

Whereas little [Cd]Acet remained after 52 days, the remaining [Pb]Acet still accounted 

for 21% of total Pb (Fig. 5-2d and 5-2f). The displaced amounts of Cd and Pb were 

not retrieved in the dissolved phase, implying that they were sequestered in non-

acetate extractable solid phases. Based on the outlined assumptions of the copper-

to-sulfide mass balance, the amount of unexplained sulfide can be either sufficient or 

insufficient to explain the complete sequestration of the easily mobilizable Cd 

(0.19 mmol/kg) and Pb (0.43 mmol/kg; Table 5-1) in sulfide minerals. The acetate 

extraction (Fig. 5-2d and 5-2f) suggested that Cd was nearly completely and Pb was 

only partially sequestered in metal sulfide minerals. 
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5.3.3.3 Zinc and Nickel 

The dynamics of dissolved Zn and Ni were clearly distinct from that of 

dissolved Cu, Cd, and Pb (Fig. 5-2, left panels). The dissolved Zn concentration 

remained relatively constant at ~10 μM over the entire course of the experiment 

(Fig. 5-2g), while the dissolved Ni concentration tripled within the first 15 d and then 

remained at ~3 μM (Fig. 5-2i). In the solid phase, the acetate-extractable Zn and Ni 

pools gradually increased at the expense of the BaCl2-extractable pools during soil 

reduction (Fig. 5-2h and 5-2j). This shift from BaCl2- to acetate-extractable forms 

indicated that Zn and Ni were sorbed more specifically in the reduced soil or were 

partly incorporated in carbonate precipitates or other phases that are labile at pH 5, 

such as layered double hydroxides (LDH) and green rust (Parmar et al., 2001; 

Voegelin and Kretzschmar, 2005; Jacquat et al., 2008). 

The observation that the sum of [Zn]BaCl2 and [Zn]Acet remained about constant 

during soil reduction suggested that little, if any, of the BaCl2- or acetate-extractable 

Zn was sequestered in non-acetate extractable solid phases (or extractable pools 

were constantly replenished by mobilization of previously non-extractable phases). 

The presented copper-to-sulfide mass balance showed that the unexplained amount 

of sulfide was clearly insufficient for sequestration of appreciable amounts of easily 

mobilizable Zn (4.01 mmol/kg). The dynamics of  [Ni]BaCl2 and [Ni]Acet was similar to 

those of Zn, but that the sum of [Ni]BaCl2 and [Ni]Acet peaked at day 1 and then 

remained constant from day 8 onwards. Even though the unexplained sulfide might 

be sufficient for sequestration of easily mobilizable Ni (0.23 mmol/kg; Table 5-1), the 

porewater dynamics (Fig. 5-2i) suggested that dissolved Ni was not controlled by 

metal sulfide formation. We speculate that Ni was mobilized at day 1 by reductive 

dissolution of Ni-bearing Mn(IV,III) (hydr)oxide phases (Manceau et al., 2002) and 

that some Ni was subsequently sequestered in LDH phases such as green rust 

(Parmar et al., 2001), which are only incompletely dissolved in the acetate extraction 

(Voegelin and Kretzschmar, 2005).  
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5.4 DISCUSSION 

5.4.1 Contaminant Mobilization during Soil Reduction 

The observed dissolved-phase dynamics revealed that most of the 

investigated metal contaminants were initially mobilized: Concentrations of dissolved 

Cd and Pb increased over the first 3 d (Fig. 5-2c and 5-2e), dissolved Ni tripled over 

the first 15 d (Fig. 5-2i), while the earth alkali metals Ca, Mg, and Sr increased 5-fold 

over the first 30 days of flooding (Fig. 8-3-1 in the Appendix). Whereas the pH 

increase during soil reduction (Fig. 5-1a) enhanced sorption of cations to minerals 

and SOM (Voegelin et al., 2008), this effect was apparently overcompensated by 

other processes. Reductive dissolution of Fe(III) and Mn(IV,III) (hydr)oxides produced 

ample amounts of Fe(II) and Mn(II) (Fig. 5-1e and 5-1c) that displaced metal 

contaminants and earth alkali metals from exchange sites by competitive sorption. 

Reduction of structural Fe in phyllosilicate and/or dissolution of (hydr)oxide coatings 

subsequently led to an increase of ECEC (Fig. 5-1i), which presumably relaxed the 

competition for sorption sites. Concurrently, the concentration of DOM doubled over 

the first 15 d (Fig. 5-1h), likely caused by the increase in pH (Fig. 5-1a), dissolution of 

sorbent phases, and/or the accumulation of divalent cations (such as Fe(II) and 

Ca(II)) in the porewater (Oste et al., 2002). Sorption of metal cations to the newly 

released DOM may thus have contributed to the mobilization of contaminants 

(Temminghoff et al., 1997; Grybos et al., 2007). In contrast to Ni, hardly any Zn was 

mobilized during soil reduction, indicating that precipitation of solid phases (such as 

LDH minerals) has buffered dissolved Zn concentrations to ~10 μM. 

5.4.2 Copper Speciation: Formation of Metallic Cu(0) and CuxS Precipitates 

In order to facilitate the discussion of the observed transformations of Cu 

speciation, we constructed a pH-EH diagram for the Cu-S-citrate-chloride-H2O system 

at 25°C (Fig. 5-4). System parameters were chosen to resemble conditions 

representative for the studied soil. Soil Cu was assumed to be completely available in 

the porewater (i.e., ∑Cu = 4.39 mM). The upper estimate of the available sulfate was 

used (i.e., ∑S = 2.8 mM), after tests varying the available sulfate between 2.3 and 2.8 

mM had little effect on the constructed diagram. Cu(II) complexation by citrate 

(∑citrate = 96 mM) served as model for complexation by SOM, assuming 1 mmol of 

copper-complexing functional groups per g of soil carbon. Citrate is a crude proxy for 
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SOM in terms of protonation behavior and Cu(II) binding strength, but the 

predominant Cu speciation was relatively insensitive to reasonable variations of 

citrate-associated input parameters. Complexation by chloride did not affect the 

predominant Cu speciation at chloride concentration <20 mM (measured porewater 

concentration ~0.8 mM). In the outlined system, metallic Cu(0) is the predominant Cu 

species over a wide pH and EH field that must be passed when reducing Cu(II)-citrate 

complexes before precipitating CuxS minerals (Fig. 5-4). The measured pH-EH 

dynamics reached the Cu(0) stability field of the constructed diagram shortly after 

day 7 (Fig. 5-4), whereas our spectroscopic evidence demonstrated Cu(0) formation 

already at day 4 (Fig. 5-3). 

Recent evidence indicates that the formation of metallic Cu(0) may be 

widespread in the environment. Cu(0) nanoparticles were observed in a 

contaminated stream using electron diffraction (Genovese and Mellini, 2007) and in 

the vicinity of plant roots using μ-EXAFS spectroscopy (Manceau et al., 2008). 

Metallic Cu(0) is furthermore known to occur in bogs (Lovering, 1928; Lett and 

Fletcher, 1980). In the same soil incubation as used for the present study, we have 

identified the biomineralization of Cu(0) particles on colloidal bacteria by transmission 

electron microscopy, electron diffraction, and XAFS spectroscopy (Chapter 3). Based 

on tested inhibitors of Cu(0) formation, we have proposed a novel mechanism for 

Cu(0) biomineralization in anoxic environments, according to which Cu(0) forms via 

disproportionation of Cu(I) that is released by Cu-stressed bacteria. Based on this 

mechanism, we expect Cu(0) formation to occur not only on colloidal bacteria but 

likewise on bacteria residing on the solid phase. Considering that 13 μM of colloidal 

Cu(0) was observed in the porewater at day 4 (Chapter 3), 98% of the 0.6 to 

0.8 mmol/kg of Cu(0) identified in the soil (Fig. 5-2b) have resided in the soil matrix. 

Potentially, mechanisms other than biomineralization might be involved in Cu(0) 

formation in the soil matrix, such as abiotic reduction of Cu(II) by ferrous iron in clay 

minerals (Ilton et al., 1992) or green rust (O'Loughlin et al., 2003). In contrast, cuprite 

(Cu2O) – rather than metallic Cu(0) – was identified as reduction product of Cu(II) by 

dissolved Fe(II) at pH 5.2-6.5 in 40 mM chloride background (Matocha et al., 2005). 
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Fig. 5-4: pH-EH diagram showing measured pH and EH dynamics during flooding (•) 
plotted over fields of predominant Cu species in the Cu-S-citrate-chloride-
H2O system at 25°C. See text for a description of the system parameters 
chosen. 

Our spectroscopic evidence revealed the formation of CuxS precipitates in the 

flooded soil, the amount gradually increasing to account for 2.9 mmol-Cu/kg or 66% 

of total Cu at day 52 (Fig. 5-2b). The measured pH-EH dynamics approached–but did 

not reach–the CuxS stability field in the constructed pH-EH diagram (Fig 5-4). This 

discrepancy to our spectroscopic evidence may be related to shortcomings of the 

assumed system parameters to represent the conditions during soil flooding. 

Alternatively, the discrepancy may be related to an disequilibrium of the Cu and S 

system with the Fe(II)/Fe(III) redox couple, the latter likely dominating the mixed-

potential EH reading (Kirk, 2004; Reedy and DeLaune, 2008). Considering that at 

maximum only 5 μM of colloidal CuxS was observed in the porewater (Chapter 3), 

>99% of the 2.9 mmol-Cu/kg of CuxS identified in the soil (Fig. 5-2b) must have 

resided in the soil matrix. The CuxS precipitates in the soil matrix likely formed by 

mechanisms similar to those suggested for the formation of the CuxS colloids, 

including reaction of SOM-bound Cu(II) with reduced sulfur and by sulfidization of 

metallic Cu(0). 
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5.4.3 Contaminant Sequestration in Metal Sulfide Precipitates 

Under the realistic flooding regime applied, the available sulfate was 

insufficient to produce enough sulfide for reaction with all the easily mobilizable 

chalcophile metal contaminants present in the soil (Fig. 5-1g; Table 5-1). Moreover, 

mineralization of the large pool of sulfur bound in SOM was too slow to serve as a 

significant source of inorganic sulfide within 52 d of flooding. Therefore, sequestration 

of the chalcophile metal contaminants in sulfide precipitates had to remain 

incomplete. The presented evidence from XAFS (Fig. 5-2b) and sequential 

extractions (Fig. 5-2d and 5-2f) revealed partial sequestration of Cu (up to 66% of 

total Cu) and suggested near-complete sequestration of easily mobilizable Cd, and 

partial sequestration of easily mobilizable Pb in sulfide precipitates within 52 d of 

flooding. Probably, Hg and Ag were likewise sequestered in sulfide precipitates but 

their soil content (Table 5-1) was in any case negligible for the sulfide mass balance. 

In agreement with the sulfide mass balance presented, sequential extractions 

suggested that other chalcophile contaminants in the soil (Zn, Ni, Fe) were hardly, if 

any, sequestered in sulfide precipitates. Preliminary XAFS results suggested that 

also As were hardly, if any, sequestered in sulfide precipitates (not shown). Thus, 

CuxS was the dominant sulfide phase formed in the reduced soil, which is in contrast 

to the common expectation of the predominant formation of iron sulfide minerals 

under sulfate-reducing conditions.  

The observed sequestration pattern basically followed the ascending solubility 

products of the respective metal sulfide minerals (Table 5-1). Covellite (CuS) exhibits 

the lowest solubility product of all chalcophile contaminants considered. In 

comparison, greenockite (CdS) and galena (PbS) are both 8, sphalerite (ZnS) is 11, 

millerite (NiS) 17, and mackinawite (FexS) 19 orders of magnitude more soluble than 

covellite (Table 5-1). Orpiment (As2S3) is highly insoluble under strongly acidic 

conditions but relatively soluble at the near-neutral pH of the incubated soil (Wilkin 

and Ford, 2002). The activity of the free metal cations needed to calculate saturation 

indices were unknown, but CuxS, CdS, and PbS precipitation presumably buffered 

the activity of aqueous sulfide to values below the saturation of ZnS, NiS, and FexS, 

despite high dissolved concentrations of these metals (e.g., up to 6 mM of Fe). 

Considering that significant amounts of easily mobilizable Cu and Pb were not 

sequestered but remained sorbed to SOM and/or mineral surfaces, the low dissolved 
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Cu and Pb concentration may however still be controlled by sorption/ desorption 

reactions rather than by the solubility of the respective metal sulfide precipitates. 

Remarkably, the metal sulfide colloids previously reported to form in the soil 

porewater also sequestered almost exclusively Cu, Cd, and Pb, but little, if any, Zn, 

Fe, or As, based on single-particle analysis by energy-dispersive X-ray spectroscopy 

(Chapter 3). Wet-chemical analyses suggested that the molar ratio of Cu:Cd:Pb in 

the sulfide colloids was ~8:1:1. Considering the decline in easily extractable Cd and 

Pb relative to the 2.9 mmol-Cu/kg of CuxS formed, the Cu:Cd:Pb molar ratio in the 

bulk soil was somewhat larger, approximately 13:1:1. From these observations, it is 

not possible to discern whether Cd and Pb were sorbed to or co-precipitated with 

CuxS phases and/or whether Cd and Pb formed distinct CdS and PbS phases. 

The sequestration of Cd and Pb occurred despite that ample amounts of Cu(II) 

remained bound to SOM in the reduced soil (Fig. 5-2b). Thermodynamic equilibrium 

models would predict that the metal that forms the most insoluble metal sulfide 

becomes completely "titrated out" by reaction with aqueous sulfide, before more 

soluble metal sulfide minerals precipitate. Assuming that all SOM-bound Cu(II) was 

potentially available and that CuxS was the most insoluble metal sulfide mineral 

under the given Cu(II/I) complexation in the porewater over the course of the 

experiment, the observation that SOM-bound Cu(II) remained suggested that kinetic 

limitations constrained further CuxS formation. Such kinetic limitation may include 

slow Cu(II) desorption kinetics from the soil (Shi et al., 2005), slow Cu(II) diffusion 

towards the reaction front in the vicinity of sulfate-reducing bacteria (Druschel et al., 

2002), and/or retarded CuxS precipitation kinetics (Luther et al., 2002). With respect 

to metal sequestration into pyrite in marine sediments, Morse and Luther (1999) have 

pointed out that chalcophile metals that exhibit a slower water exchange kinetics than 

Fe(II) are incorporated into pyrite, whereas metals that exhibit a faster water 

exchange rate are generally not incorporated into pyrite but form discrete sulfide 

precipitates. In analogy, the order-of-magnitude similar water exchange rate of Cu(II), 

Cd(II) and Pb(II) (Morse and Luther, 1999) is consistent with concomitant 

sequestration of Cu, Cd, and Pb into sulfide precipitates. In contrast, Zn(II), Fe(II), 

and Ni(II) exhibit water exchange rates one to four orders of magnitude slower than 

Cu(II), Cd(II), and Pb(II)), and were not sequestered in sulfide precipitates under the 

sulfate limitation of the flooded soil. 
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5.5 CONCLUSION 
We have monitored porewater concentrations and solid-phase transformations 

to investigate multi-metal contaminant dynamics during flooding of a contaminated 

floodplain soil. Under the realistic flooding regime applied, the amount of available 

sulfate limited the extent of metal sulfide formation, allowing for sequestration of Cu, 

Cd, and Pb but preventing sequestration of significant amounts of other chalcophile 

metals (Zn, Ni, Fe). This pattern is consistent with the increasing solubility products of 

the respective metal sulfides, suggesting that metal sequestration basically follows a 

"sulfide ladder" from the most insoluble to more soluble metal sulfides, until the 

available sulfate is consumed. Metal desorption, diffusion, and precipitation kinetics 

can however intertwine. In the absence of metal sulfide formation, cation exchange 

by competitive sorption with Fe(II) and Mn(II) and/or mobilization of DOM caused 

elevated dissolved contaminant concentrations during flooding. 

In our previous investigation on colloid formation in the porewater of the same 

microcosm setup, we demonstrated that even Cu, Cd, and Pb were intermittently 

mobilized by biogenic formation of Cu(0) and metal sulfide colloids (Chapter 3). The 

stability of the sulfide colloids was responsible for elevated Cu, Cd, and Pb porewater 

concentration even after sulfate respiration has ceased. Over the time scale of 

weeks, sulfide colloids gradually deposited to the soil matrix. These observations 

clearly demonstrate that colloid formation can intermittently undermine the 

immobilizing effect of sequestration in solid-phase sulfide precipitates. Only after 

metal sulfide colloids have deposited during prolonged flooding periods, metal 

sequestration in solid-phase sulfide minerals can indeed restrict the mobility of 

chalcophile metal contaminants. 

Overall, our findings imply that the dynamics of chalcophile metal contaminants 

are intimately coupled under sulfate limitation. For example, if less Cu had been 

available in comparison to sulfide (either because the soil was less contaminated or 

because Cu were kinetically less accessible) the produced sulfide could have been 

sufficient to sequester certain amounts of Zn in sulfide precipitates, constraining 

dissolved Zn concentrations. On the other hand, if all soil Cu (not just 66% as 

observed) had formed sulfide precipitates, the amount of sulfide produced would 
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have been insufficient for Cd and Pb sequestration. Quantitative models predicting to 

which extent metal contaminants are sequestered under sulfate limitation are thus 

needed to assess multi-contaminant speciation, mobility, and bioavailability in 

temporarily flooded soils. 
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6. CONCLUSIONS AND FURTHER RESEARCH NEEDS 

The presented evidence in this thesis clearly demonstrates that floodplain soils 

can release metal contaminants during periods of flooding, both in dissolved and in 

colloidal form. This key finding opposes the general notion that metal sulfide 

precipitation effectively immobilizes chalcophile metal contaminants in flooded soils. 

Hence, this thesis suggests that periodically submerged floodplain soils can act as an 

important source of metal contaminants, potentially deteriorating the floodplain 

ecosystem and contributing to river and groundwater pollution. This final chapter of 

the thesis summarizes and reflects on the key biogeochemical processes that were 

identified to affect contaminant speciation and mobility in the studied floodplain soil. 

Moreover, other processes are discussed that have been proposed in the literature, 

but for which little or no evidence was obtained in the conducted microcosm 

experiments. Finally, open questions and further hypotheses are formulated that 

need to be addressed in future research. 

6.1 Key Biogeochemical Processes 
A graphical concept of the biogeochemical processes discussed in the 

Chapters 3 to 5 is presented in Fig. 6-1. The processes are loosely grouped into 

(a) competitive sorption, (b) Cu(0) biomineralization, (c) competitive metal sulfide 

precipitation, and (d) colloid formation and deposition. All the processes are highly 

interactive, in some cases acting synergetically, in others competitively. 

Competitive Sorption 

Upon flooding, competitive sorption processes (Fig. 6-1a) were found to cause 

the release of metal contaminants in dissolved form, unless contaminants were 

controlled by formation of solid phases. In the studied soil, dissolved Ni was steadily 

released over a two-week period, dissolved Cd and Pb were released until the onset 

of metal sulfide precipitation at day 4, whereas dissolved Cu and Zn were hardly 

released because they were readily controlled by formation of Cu(0) and probably 

LDH-type phases, respectively. It is reasonable to believe that if solid-phase 

formation was postponed for whatever reason (e.g., due to a postponed onset of 

sulfate respiration), competitive sorption processes could result in further mobilization 
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of contaminants as soil reduction proceeded. Therefore, competitive sorption and 

solid-phase formation constitute a delicate balance, which, if solid-phase formation is 

retarded, can result in the release of problematic loads of dissolved contaminants. 

Cu(0) Biomineralization 

Copper was shown to be highly redox-sensitive (Fig. 6-1b), partly transforming 

from SOM-bound Cu(II) into metallic Cu(0) and into Cu(I) sulfide precipitates. It is a 

novel finding of this thesis that Cu(0) can form through a biomineralization process 

that is driven by bacterial Cu homeostasis. For several other toxic metals, bacterial 

detoxification (e.g., Silver and Phung, 2005) is well established to affect metal 

mobility and bioavailability, for instance in the case of detoxification-driven arsenate 

reduction or mercury methylation. Further investigations may confirm that bacterial 

copper homeostasis can similarly affect macroscopic copper dynamics in redox-

variable environments. 

Fig. 6-1: Graphical concept of key biogeochemical processes in the flooded soil. 
(a) Competitive sorption processes. Reductive dissolution of Fe(III) and Mn(IV,III) 
(hydr)oxides causes [1] the release of adsorbed metals, produces amble amounts of Fe(II) 
and Mn(II) which [2] competitively displace contaminant cations from sorption sites, and 
consumes protons which indirectly affects contaminant sorption behavior by increasing the 
porewater pH. The pH increase contributes to [3] the mobilization of soil organic matter 
(SOM) and associated contaminants. Reduction of structural Fe(III) in clay minerals causes 
an increase of the ECEC, [4] relaxing the competition of cations for sorption sites. 
(b) Cu(0) biomineralization. Cu(0) formation is a bacterially driven process that likely 
involves [5] the release of Cu(I) from copper-stressed bacteria. The released Cu(I) 
subsequently disproportionates in aqueous solution, forming Cu(0) crystals and soluble 
Cu(II). (c) Competitive metal sulfide precipitation. CuxS precipitates are formed by 
reaction of biogenic sulfide [6] with SOM-bound Cu(II) and [7] with Cu(0) crystals. Under 
sulfate limitation, other chalcophile metal contaminants forming more soluble metal sulfide 
minerals need to [8] compete with Cu for the limited amount of sulfide produced. 
(d) Colloid formation and deposition. Suspended bacteria induced the biomineralization of 
cell-associated Cu(0) colloids in the porewater. Ongoing formation of Cu(0) colloids 
[10] sustained a Cu diffusion gradient from the soil matrix to suspended bacteria, driving 
desorption of SOM-bound Cu(II). With the onset of sulfate reduction, Cu(0) crystals 
[11] transformed into hollow CuxS colloids sorbing [12] substantial amounts of Cd and Pb. 
[13] Homogeneous precipitation of dissolved Cu, Cd, and Pb with biogenic sulfide produced 
nanoparticulate Cd- and Pb-containing CuxS colloids in the porewater. The slow deposition 
kinetics of both types of metal sulfide colloids cause elevated contaminant concentrations in 
the porewater for weeks. 
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Competitive Metal Sulfide Precipitation 

In freshwater floodplain soils, the amount of accumulated chalcophile metal 

contaminants can exceed the amount of available sulfate in the soil. Hence, 

contaminants compete for the limited amount of sulfide produced during flooding, and 

only competitive contaminants are sequestered into metal sulfide precipitates 

(Fig. 6-1c). In the studied soil, the pattern of metal sequestration basically followed 

the thermodynamically predicted "sulfide ladder" from the most insoluble to more 

soluble metal sulfides, until the available sulfate was consumed. Desorption, 

diffusion, and precipitation kinetics of the contaminants competing for sulfide can 

however intertwine with the thermodynamic prediction of a sequential "sulfide ladder". 

Considering the relative abundance of copper in many contaminated soils, and 

considering the low solubility of CuxS minerals in comparison to other relevant 

metals, CuxS minerals (and not iron sulfide minerals as commonly assumed) may be 

the dominant metal sulfide phase formed in a variety of redox-variable soils and 

sediments under sulfate limitation. 

Colloid Formation and Deposition 

Formation of biogenic Cu(0) and metal sulfide colloids (Fig. 6-1d) was 

discovered as a novel process that can cause the mobilization of contaminants 

previously thought to be immobile in sulfidic soils and sediments. In the studied soil, 

the stability of the metal sulfide colloids was responsible for elevated Cu, Cd, and Pb 

porewater concentration over weeks of flooding. After metal sulfide colloids have 

deposited during prolonged flooding periods, metal sequestration in solid-phase 

sulfide minerals can indeed restrict the mobility of chalcophile metal contaminants. 

The presented evidence suggests that colloid-facilitated transport by metal sulfide 

colloids can be a major pathway for the release of chalcophile contaminants from 

periodically sulfate-reducing soils and sediments. 
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6.2  Processes Not Observed  

Contaminant Transport by Metal Sulfide Complexes 

The formation of metal sulfide complexes has been suggested to enhance the 

solubility of metal sulfide minerals and thereby explain the transport of metals in 

sulfidic environments (Luther and Rickard, 2005; Rickard and Luther, 2006). In 

laboratory experiments with micromolar sulfide concentrations, metal sulfide 

complexes were found to be thermodynamically and kinetically stable against metal 

sulfide precipitation, passing through conventional filter membranes (Luther and 

Rickard, 2005). However, direct evidence with respect to soils and sediments is 

ambiguous (Simpson et al., 1998). In our experiments, we did not observe significant 

amounts of Cu, Cd, or Pb that passed the 0.025 μm cellulose-nitrate filter under 

sulfate-reducing conditions (Figs. 3-1 and 5-2). Therefore, metal sulfide complexes 

do not appear to be prevailing contaminant species in the porewater of the studied 

soil. Instead, TEM and XAFS evidence clearly demonstrate that CuxS colloids in the 

tens-of-nanometer-size range were responsible for enhancing the mobility of these 

contaminants under sulfate-reducing conditions. The formation of nanoparticulate 

CuxS colloids (rather than copper sulfide complexes) may be caused by the relatively 

high sulfide concentrations (~2 μM in the <0.45 μm-size range; Fig. 4-4) or by the 

presence of bacterial and mineral surfaces, which possibly induce CuxS precipitation. 

Colloid Decementation 

Neither colloidal Si data (Fig. 4-5) nor inspection of TEM images suggested 

that appreciable amounts of clay colloids were mobilized during soil reduction. 

Therefore, the presented microcosm experiments cannot support the hypothesis that 

decementation of clay minerals results in an enhanced colloid release in reduced soil 

(Ryan and Gschwend, 1990 and 1992). This might be related to the relatively 

moderate fraction of Fe(III) (hydr)oxides dissolved (21% of total Fe, but 91% of the 

reactive Fe; Fig. 5-1). Alternatively, clay colloid release might be suppressed due to 

the pronounced increase of ionic strength from 6 to 43 mM during soil reduction 

(Fig. 4-5). 
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6.3 Further Research Needs 
This thesis is based on an in-depth investigation of a single contaminated 

floodplain soil sampled at the river Mulde, Germany. When topsoil sampled in the 

same floodplain, but with lower organic carbon content (65 g/kg) was used field-fresh 

for microcosm experiments, similar formation of Cu(0) and metal sulfide colloids was 

observed by TEM as in the original soil, except that the formation of the hollow CuxS 

particles occurred only when the synthetic river water was amended with an 

additional carbon source (12 mM lactate), accelerating the soil reduction kinetics. 

Clearly, further studies investigating a variety of soils and sediments with distinct 

properties, contaminant contents, and sulfate availability are required to generalize 

the identified processes to a range of freshwater environments. Presumably, new 

field techniques for anoxic colloid sampling have to be developed before the 

relevance of Cu(0) and metal sulfide colloids for contaminant transport can be 

confirmed in field-scale investigations. In addition to novel field-scale approaches, the 

presented results point to several stimulating research questions, some of which are 

discussed in the following paragraphs. 

Despite that CuxS minerals may be the dominant metal sulfide phase in a 

variety of reduced soils and sediments under sulfate limitation, the sorption of 

relevant contaminants (such as Hg, Cd, Pb, Zn, Ni, As) to CuxS minerals is virtually 

unstudied and warrants further investigations. In contrast to similar studies regarding 

FexS phases (Morse and Arakaki, 1993; Parkman et al., 1999), displacement 

reactions of Cu atoms at the CuxS surface are not expected, because all relevant 

contaminant metals (with the exception of Hg) form metal sulfides that are more 

soluble than CuxS. This may have also implications for the precipitation of CuxS in 

competition with other metal sulfide phases from multi-metal solutions. Beyond 

thermodynamic predictions, the role of kinetics in such competitive precipitation 

reactions is uncertain, but previously work indicated that strong Cu(II) complexation 

can indeed retard CuxS precipitation (Helz and Horzempa, 1983; Shea and Helz, 

1987). An advanced understanding of the factors that can intertwine with the 

thermodynamically expected "sulfide ladder" is fundamental to predict contaminant 

dynamics in multi-metal contaminated soil under sulfate limitation. 
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Elucidating the genes, proteins, and mechanisms involved in bacterial copper 

homeostasis is an active research field (Rensing and Grass, 2003). However, the 

role of bacterial homeostasis on macroscopic copper cycling in redox-variable natural 

environments has not yet been addressed. Isolation and identification of the bacteria 

species involved in Cu(0) biomineralization in the studied soil might allow to further 

elucidate the factors controlling Cu(0) biomineralization in well-defined culture 

experiments. Mutagenesis studies with single bacterial cultures might be most suited 

to investigate how facultative anaerobic bacteria regulate copper homeostasis during 

transition from aerobic to anaerobic conditions, how Cu(I) is exported from the cell 

under copper stress, and whether mechanisms exist that can prevent the 

disproportionation of exported Cu(I) in aqueous solution.  

The presented microcosm experiments have demonstrated the short-range 

mobility of metal sulfide colloids in the porewater. Further transport experiments 

using packed or undisturbed soil columns will help to elucidate the mobility and 

deposition kinetics of metal sulfide colloids. Based on previous literature, it is 

anticipated that the mobility and deposition behavior of the bacteria-associated 

colloids is distinct from that of the freely dispersed nanoparticles. Bacteria transport 

has been studied mostly with respect to pathogen retardation in riverbank filtration, 

but few studies have also addressed the role of bacteria transport for enhancing the 

mobility of adsorbed contaminants (Yee and Fein, 2002; Pang et al., 2005). Bacteria 

surfaces are known to adsorb a variety of metal contaminants (Fein, 2006; 

Claessens and Van Cappellen, 2007), and formation of biominerals on bacteria cells 

might further enhance the contaminant load carried by each bacterial cell. Physical 

straining and deposition in secondary energy minima has been suggested to be 

important processes governing bacteria transport in the subsurface (Tufenkji, 2007). 

In contrast, deposition in primary energy minima but also steric stabilization by 

adsorption of thiol-containing organic matter (Lau and Hsu-Kim, 2008) might be 

important processes that control the transport behavior of metal sulfide nanoparticles. 

Clearly, an improved understanding of the long-range transport behavior of both 

types of metal sulfide colloids is necessary to understand, and ultimately predict, the 

mobility of metal contaminants in periodically sulfate-reducing soils and sediments. 
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8. APPENDIX 

8.1 Thermodynamic Database 
for the Cu-S-Citrate-Chloride-H2O System 

 

Table 8-1-1: Compiled database of the free energy of formation of selected species 
used to calculate the pH-EH diagram in Fig. 5-4. 

Species ∆Gf
0 (kJ/mol) Source

Cu and S redox chemistry 
Cu(0)(s) 0
Cu+

aq 50.3 Bard et al., 1985
Cu2+

aq 65.7 Bard et al., 1985
S8 (rhombic) 0
SO4

2-
aq -744.63 Bard et al., 1985

HSO4
-
aq -756.01 Bard et al., 1985

HS-
aq 12.05 Bard et al., 1985

H2Saq -27.87 Bard et al., 1985
H2O(l) -237.178 Bard et al., 1985
Cu(II) complexation 
CuOH+

aq; Cu(OH)2(aq); Cu(OH)3
-
aq; 

Cu(OH)4
2-

aq; Cu2(OH)2
2+

aq 
-128.7; -316.2; -492.4

-654.8; -282.5
Calc. from MINTEQ.v4

CuCl+aq; CuCl2(aq); CuCl3-
aq; CuCl42-

aq -66.5; -194.9; -314.4; -432.3 Calc. from MINTEQ.v4
CuSO4(aq) -692.4 Calc. from MINTEQ.v4
CuCitrate-

aq; CuCitrate2
4-

aq 
CuHCitrateaq; CuH2Citrate+

aq 
22.5; 14.9

3.7; -9.8
Calc. from MINTEQ.v4

Citrate protonation 
Citrate3-

aq; HCitrate2-
aq 

H2Citrate-
aq; H3Citrateaq 

0; -36.5
-63.7; -81.5

Calc. from MINTEQ.v4

Cu(I) complexation 
CuClaq; CuCl2-

aq; CuCl32-
aq -98.5; 242.8; -370.0 Calc. from MINTEQ.v4

Cu precipitates 
Covellite (CuS) -49.50 Shea and Helz (1989)
Chalcocite (Cu2S) -81.13
Djurleite (Cu1.9S) -79.83
Anilite (Cu1.75S) -74.10

Potter (1977) adjusted by 
Shea and Helz (1989) 

Tenorite (CuO) -127.8 Calc. from MINTEQ.v4
Cuprite (Cu2O) -144.6 Calc. from MINTEQ.v4

 



 

96 

8.2 Dynamics of Soil Manganese Speciation during Flooding 

This chapter is submitted for publication as part of the Electronic Annex to: 

Weber F.-A., Voegelin A. and Kretzschmar R. Multi-Contaminant Dynamics in Temporarily 

Flooded Soil under Sulfate Limitation. Geochim. Cosmochim. Acta (submitted). 

 

8.2.1 Mn K-edge XAFS Spectroscopy 

Mn K-edge XAFS spectra were recorded at the XAS beamline at the 

Angströmquelle Karlsruhe (ANKA, Karlsruhe, Germany), in analogy to the method 

described for Cu K-edge XAFS spectroscopy in Chapter 5.2.5. Soil samples were 

stored and transported under N2 atmosphere and were prepared as wax pellets 

directly before recording Mn K-edge XAFS spectra. All soil samples were measured 

in fluorescence mode using a 5-element Ge solid state detector under air at room 

temperature. Spectra were acquired on samples of the oxic soil, on incubated soil 

recovered from microcosm experiments, as well as on soil (termed "ascorbate-

extracted soil") from which reactive Mn(IV,III) (hydr)oxides has been removed by 

extracting the oxic soil twice with a 0.1 M ascorbic acid, 0.2 M sodium citrate solution 

buffered to pH 7.5 (Hyacinthe and Van Cappellen, 2004). Reference spectra of 

aqueous Mn(II) (dilute MnCl2 solution), rhodochrosite ("manganese(II) carbonate", 

Aldrich No. 529672, identified as rhodochrosite by XRD), ripidolite CCa-2 (Clay 

Mineral Society), and pyrolusite ("manganese(IV) oxide" Alfa-Aesar No. 10805 

identified as pyrolusite by XRD) were measured in transmission. For data extraction, 

E0 was fixed to 6548 eV. Normalized XANES spectra were obtained by subtracting a 

first-order polynomial fit to the pre-edge region (-70 to -20 eV) and subsequently 

dividing by a second-order polynomial fit to the post-edge region (30 to 300 eV). 

Linear combination fitting (LCF) of soil spectra was carried out over the energy range 

-20 to 40 eV. The background spline for the extraction of EXAFS spectra was 

adjusted using the Autobk algorithm implemented in Athena (Rbkg = 0.9; k-weight = 3; 

k-range 0.5-8.8 Å-1). LCF of EXAFS spectra were calculated over the k-range 2-8 Å-1. 

For LCF of XANES and EXAFS spectra, each fitted fraction was constrained 

between 0 and 1, but the sum of all fractions was not constrained. 
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8.2.2 Solid-Phase Mn Transformations 

In the oxic soil, 58% of the soil Mn was ascorbate-extractable (Table 5-1 in 

Chapter 5), suggesting that reactive Mn(IV,III) (hydr)oxides was a major Mn phase in 

the oxic soil. In agreement, the Mn K-edge XANES spectrum of the oxic soil 

demonstrated that the Mn redox speciation was dominated by Mn(IV) and Mn(III), 

considering the position of the peak absorbance in comparison to known references 

(Fig. 8-2-1). The spectrum of the ascorbate-extracted soil showed that the residual 

 
Fig. 8-2-1: Temporal evolution of normalized Mn K-edge XANES spectra of oxic and 

incubated soil during flooding. The spectra of the oxic soil, the ascorbate-
extracted soil, aqueous Mn(II), and rhodochrosite (MnCO3) were selected as 
components for linear combination fitting. Best fits (dotted lines) are plotted on 
top of measured spectra and fit results are listed in Table 8-2-1. Dashed vertical 
lines indicate the positions of the peak absorbance of aqueous Mn(II), ripidolite 
CCa-2, and pyrolusite (MnO2), used as proxies for Mn(II), Mn(III), and Mn(IV) 
species, respectively. 
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Mn pool after removal of reactive Mn(IV,III) (hydr)oxides was mainly Mn(III) and 

Mn(II), presumably hosted in clay minerals. 

Mn K-edge XANES spectraoscopy of incubated soil revealed major 

transformations in solid-phase Mn redox speciation during flooding. Whereas the Mn 

speciation in the 1-day incubated soil remained Mn(IV) and Mn(III) similar to the oxic 

soil, the Mn speciation subsequently shifted to dominantly Mn(II) in 9-day incubated 

soil (Fig. 8-2-1). This transformation suggested that a major fraction of the Mn(IV,III) 

(hydr)oxide has been reductively dissolved to form Mn(II) within 9 d of flooding. LCF 

of the XANES spectra demonstrated that the spectra of incubated soil was well 

described by linear combination of the spectrum of the oxic soil, aqueous Mn(II) as 

proxy for sorbed Mn(II), as well as the ascorbate-extracted soil as proxy for the 

residual Mn in clay minerals (Fig. 8-2-1). The LCF results listed in Table 8-2-1 

suggested that already 51% of the soil Mn was reduced to Mn(II) at day 9, increasing 

slightly to 56% at day 52. 

Including the spectrum of rhodochrosite in the LCF slightly improved the fit of 

the XANES spectrum for both 9-day and 52-day incubated soil (Table 8-2-1). The 

best fit obtained for the 52-day incubated soil returned 45% of aqueous Mn(II) and 

13% of rhodochrosite. These LCF results were in good agreement with sequential 

extractions which revealed 53% of BaCl2-extractable and 14% of acetate-extractable 

Mn in the 52-day incubated soil (Fig. 5-1c in Chapter 5). In comparison, the LCF of 

the corresponding EXAFS spectra returned smaller fractions of rhodochrosite (7% for 

the 52-day incubated soil). We therefore concluded that the Mn(II) released by 

reductive dissolution of Mn(IV,III) (hydr)oxides was mainly sorbed to the soil matrix 

and only a comparably small fraction precipitated as Mn(II) carbonate phases. 

Table 8-2-1: Results of LCF of Mn K-edge XANES spectra of the incubated soil with 
reference spectra of the oxic soil, aqueous Mn(II), rhodochrosite 
(MnCO3), and the ascorbate-extracted soil. 

 References  
Soil 
Incubation Spectrum Oxic soil

Aqueous
Mn(II) MnCO3

Ascorbate-
extracted soil NSSR

day 1 XANES 81.1% 5.9% not fitted 13.2% 0.000038
day 1 XANES 81.0% 5.0% 1.0% 13.4% 0.000036
day 9 XANES 9.0% 50.8% not fitted 40.4% 0.000134
day 9 XANES 7.9% 44.5% 6.5% 41.6% 0.000068
day 52 XANES 0.0% 56.2% not fitted 44.0% 0.000543
day 52 XANES 0.0% 44.8% 13.7% 42.6% 0.000235
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8.3 Dynamics of Earth Alkali Metals during Flooding 

 
Fig. 8-3-1: Porewater dynamics (left panels) and soil dynamics (right panels) of the 

earth alkali metals during flooding. Dissolved and soil-extractable (a-b) Ca, 
(c-d) Mg, and (e-f) Sr. Each point in time corresponds to an independent 
microcosm experiment. Dissolved data for the oxic soil represent 2-hour oxic soil 
extracts with synthetic river water. Duplicate or triplicate BaCl2- and acetate-
extractions agreed within <10%. The total Ca, Mg, and Sr contents in the soil 
were 217, 280, and 1.6 mmol/kg, respectively. 
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8.4 Dynamics of Soil Copper Speciation during Flooding 

 

Table 8-4-1: Tabulated results of Linear Combination Fitting of Cu K-edge XANES 
and EXAFS spectra of oxic and incubated soil shown in Fig. 5-3. The 
spectra were fitted with reference spectra of Cu(II) bound to Suwannee river 
natural organic matter (Cu(II)-SRN; Karlsson et al., 2006), metallic Cu(0) foil, 
and primitive copper sulfide (CuxS) precipitates (Pattrick et al., 1997). The 
tabulated results are also presented graphically in Fig. 5-2b. 

  References  
 

Soil 
Incubation Spectrum Cu(II)-SRN Cu(0) CuxS NSSR 

 Oxic soil XANES 100.0% 1.4% 0.0% 0.000762 
 Oxic soil EXAFS 94.5% 0.0% 3.8% 0.009416 
 day 1 XANES 100.0% 1.2% 0.0% 0.000195 
 day 4 XANES 69.6% 15.4% 16.0% 0.000200 
 day 4 EXAFS 62.5% 12.7% 13.3% 0.026428 
 day 7 XANES 51.5% 17.2% 32.2% 0.000120 
 day 16 XANES 42.1% 5.1% 52.5% 0.000137 
 day 32 XANES 30.6% 4.4% 65.2% 0.000095 
 day 32 EXAFS 29.7% 4.3% 62.0% 0.039294 
 day 52 XANES 27.1% 7.7% 65.6% 0.000116 
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8.5  Microcosm Experiments: Tabulated Porewater Data 

Table 8-5-1: Porewater data for pH, EH, sulfur, Fe, and Mn. Concentrations were 
measured in porewater withdrawn from a series of individual microcosms either 
without further filtration (unf), after filtration through a 0.45 μm nylon filter (f.45), 
or after filtration through a 0.025 μm cellulose nitrate filter (f.025). Colloidal is 
calculated as difference between the unfiltered and the 0.025 μm-filtered 
aliquot. In addition to suction cup-withdrawn porewater, the supernatant was 
sampled at ~1.5 cm above the soil-supernatant interface via a FEP tubing 
directly into the glovebox and analyzed in analogy to the porewater. An oxic soil 
extract obtained by equilibrating the soil for 2 h with synthetic river water was 
also analyzed. 

 pH and EH Sulfur Fe Mn 

  ICP-OES IC Precision (ICP-OES) 5% Precision (ICP-OES) 5%
   Quantification limit <0.01 mM Quantification limit <0.01 mM

Sample time pH EH Sf.025 Sulfate Feunf Fef.45 Fef.025 Fecolloid Mnunf Mnf.45 Mnf.025 Mncolloid
 [d] [mV] [mM] [mM] [mM] [mM] [mM] [mM] [mM] [mM] [mM] [mM]

Oxic extract 5.66 447 1.04 0.91 0.05 0.00 0.00 0.05 0.01 0.01 0.01 0.00

Porewater  

19C 0.7 5.82 288 1.17 0.95 0.01 0.00 0.00 0.00 0.01 0.01 0.01 0.00
12C 0.8 5.81 316 1.14 0.92 0.01 0.00 0.00 0.00 0.02 0.02 0.02 0.00
24C 0.8 5.79 290 1.21 0.98 0.01 0.00 0.00 0.01 0.01 0.01 0.01 0.00
9C 3.0 6.10 301 1.21 0.98 0.10 0.10 0.10 0.00 0.16 0.16 0.16 0.00
17C 3.9 6.10 261 1.29 0.97 0.23 0.23 0.23 0.00 0.21 0.21 0.21 0.00
23C 4.0 6.09 247 1.28 0.98 0.24 0.24 0.23 0.00 0.21 0.21 0.21 0.00
22C 5.6 6.15 174 0.91 0.61 0.51 0.51 0.50 0.01 0.27 0.28 0.27 0.00
21C 6.8 6.24 88 0.48 0.17 0.68 0.68 0.68 0.00 0.30 0.30 0.30 0.00
15C 7.6 6.43 42 0.37 0.02 0.92 0.92 0.92 0.00 0.32 0.32 0.32 0.00
8C 9.8 6.50 31 0.36 0.01 1.82 1.85 1.82 0.00 0.42 0.42 0.41 0.00
7C 14.7 6.57 21 0.39 0.00 3.11 2.85 3.06 0.05 0.51 0.46 0.51 0.00
14C 15.1 6.51 21 0.42 0.01 2.95 2.94 2.87 0.08 0.55 0.55 0.54 0.01
10C 21.8 6.59 -16 0.40 0.00 4.46 4.39 4.31 0.15 0.63 0.62 0.62 0.01
6C 22.9 6.67 -24 0.43 0.00 4.28 4.32 4.25 0.02 0.61 0.62 0.62 -0.01
5C 31.1 6.60 -5 0.38 0.00 5.14 5.02 5.02 0.12 0.71 0.69 0.70 0.01
18C 31.6 6.61 -12 0.39 0.00 5.34 5.24 5.20 0.13 0.73 0.72 0.72 0.01
9C2 51.2 6.73 -37 0.35 0.00 5.95 5.88 5.85 0.10 0.71 0.70 0.70 0.00
13C 52.1 6.65 -4 0.33 0.00 5.67 5.55 5.46 0.21 0.69 0.68 0.67 0.02
Supernatant  
12N 1.0 6.03 388 0.76 0.67 0.26 0.00 0.00 0.26 0.01 0.01 0.01 0.00
9N 2.8 6.33 287 0.81 0.76 0.13 0.04 0.04 0.08 0.03 0.03 0.03 0.00
11N 6.9 6.78 177 0.71 0.62 0.12 0.10 0.10 0.02 0.03 0.03 0.03 0.00
8N 8.1 6.56 40 0.52 0.45 0.45 0.43 0.44 0.01 0.08 0.08 0.08 0.00
7N 14.6 6.62 21 0.25 0.11 0.98 0.95 0.97 0.02 0.15 0.14 0.15 0.00
10N 22.0 6.72 -19 0.11 0.00 1.07 1.02 1.00 0.07 0.17 0.17 0.17 0.00
6N 23.1 6.66 8 0.13 0.00 1.10 1.06 1.04 0.06 0.16 0.16 0.16 0.00
5N 30.9 6.63 8 0.15 0.02 1.40 1.43 1.38 0.02 0.20 0.20 0.20 0.00
18N 31.9 6.68 -21 0.15 n.d. 1.13 1.12 1.11 0.02 0.17 0.17 0.17 0.00
9N2 48.8 7.05 -86 0.11 0.00 1.82 1.62 1.59 0.23 0.21 0.20 0.20 0.01
13N 51.0 6.89 -31 0.11 0.00 2.22 2.04 2.02 0.20 0.27 0.27 0.27 0.00
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Table 8-5-2: Porewater data for Cu, Cd, and Pb. The precision and limit of quantification of 
the applied methods are calculated as described in Chapter 2.6. 

 
 

  Cu Cd Pb 

  Precision (GFAAS) 2% Precision (ICP-OES) 5% Precision (GFAAS) 5%
  Quantification limit 0.31 μM Quantification limit 0.03 μM Quantification limit 0.06 μM
       

Sample time Cuunf Cuf.45 Cuf.25 Cucolloid Cdunf Cdf.45 Cdf.025 Cdcolloid Pbunf Pbf.45 Pbf.025 Pbcolloid
 [d] [μM] [μM] [μM] [μM] [μM] [μM] [μM] [μM] [μM] [μM] [μM] [μM]

       
Oxic extract 2.88 2.52 2.57 0.31 0.20 0.18 0.18 0.02 0.27 0.03 0.03 0.24
 
Porewater 

     

19C 0.7 3.94 2.67 3.04 0.90 0.24 0.23 0.22 0.01 0.05 0.04 0.03 0.02
12C 0.8 3.97 2.39 2.55 1.42 0.27 0.27 0.26 0.01 0.06 0.06 0.05 0.00
24C 0.8 3.97 2.38 2.79 1.18 0.25 0.25 0.25 0.00 0.06 0.04 0.04 0.02
9C 3.0 14.79 1.50 0.64 14.15 0.40 0.37 0.36 0.04 0.07 0.06 0.05 0.02
17C 3.9 21.08 2.60 0.53 20.54 0.39 0.21 0.14 0.25 0.10 0.06 0.04 0.06
23C 4.0 19.06 2.12 0.53 18.54 0.42 0.26 0.20 0.22 0.10 0.07 0.05 0.05
22C 5.6 16.08 1.72 0.29 15.79 0.46 0.11 0.00 0.46 0.19 0.07 0.00 0.19
21C 6.8 9.68 1.87 0.24 9.44 0.46 0.23 0.00 0.47 0.36 0.17 0.00 0.36
15C 7.6 6.75 1.73 0.19 6.56 0.42 0.22 0.00 0.42 0.52 0.26 0.00 0.52
8C 9.8 6.51 1.90 0.37 6.13 0.61 0.27 0.01 0.61 0.76 0.33 0.20 0.56
7C 14.7 3.25 0.88 0.13 3.12 0.52 0.15 0.00 0.51 0.53 0.16 0.01 0.52
14C 15.1 4.33 1.02 0.32 4.01 0.35 0.10 -0.01 0.36 0.52 0.15 -0.01 0.52
10C 21.8 1.76 0.38 0.01 1.75 0.15 0.05 0.01 0.14 0.27 0.07 0.01 0.26
6C 22.9 2.60 0.53 0.00 2.59 0.34 0.09 0.01 0.33 0.47 0.11 0.00 0.47
5C 31.1 1.84 0.58 0.02 1.82 0.19 0.07 0.00 0.19 0.33 0.12 0.00 0.34
18C 31.6 2.21 0.56 0.14 2.07 0.11 0.02 -0.01 0.12 0.27 0.07 0.00 0.27
9C2 51.2 1.69 0.12 -0.02 1.71 0.12 0.03 0.01 0.11 0.29 0.04 0.01 0.28
13C 52.1 1.11 0.35 0.07 1.04 0.04 0.01 -0.01 0.05 0.16 0.05 0.00 0.16

     
Supernatant 
12N 1.0 2.33 0.96 1.01 1.32 0.19 0.11 0.10 0.08 1.01 0.03 0.03 0.98
9N 2.8 1.68 0.11 0.08 1.60 0.14 0.00 0.00 0.14 0.40 0.01 0.00 0.39
11N 6.9 0.65 0.13 0.13 0.51 0.06 0.00 0.00 0.06 0.06 0.02 0.02 0.04
8N 8.1 0.31 0.05 0.04 0.27 0.05 0.00 0.00 0.05 0.07 0.00 0.00 0.07
7N 14.6 0.21 0.05 0.04 0.17 0.04 0.00 0.00 0.04 0.04 0.00 0.00 0.04
10N 22.0 0.01 -0.01 -0.04 0.05 0.01 0.01 0.00 0.01 0.02 0.01 0.01 0.01
6N 23.1 0.11 0.00 0.00 0.11 0.02 0.00 0.00 0.02 0.01 0.00 0.00 0.01
5N 30.9 0.10 -0.02 -0.02 0.12 0.01 0.00 0.00 0.01 0.01 0.00 0.00 0.01
18N 31.9 0.06 0.02 0.00 0.06 0.01 0.00 0.00 0.01 -0.01 -0.01 -0.01 0.00
9N2 48.8 0.04 -0.08 -0.05 0.09 0.01 0.01 0.00 0.01 0.03 0.01 0.01 0.02
13N 51.0 0.02 0.00 0.00 0.02 0.00 0.00 -0.01 0.01 0.00 0.00 0.00 0.00
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Table 8-5-3: Porewater data for Zn, Ni, and As. As(tot) and As(III) were analyzed by a 
selective hydrid-generation (HG) method (Roberts et al., 2004) coupled to ICP-
OES. n.d., not determined. 

 
Zn Ni As 

Precision (ICP-OES) n.d. Precision (ICP-OES) n.d. Selective HG-ICP-OES 

 

Quantification limit n.d. Quantification limit n.d. Quantification limit n.d.

Sample time Znunf Znf.45 Znf.025 Zncolloid Niunf Nif.45 Nif.025 Nicolloid As(tot)f.025 As(III)f.025
[d] [μM] [μM] [μM] [μM] [μM] [μM] [μM] [μM] [μM] [μM]

 
Oxic extract 9.76 7.81 7.59 2.17 0.89 0.78 0.75 0.14 0.4 n.d.

Porewater 
19C 0.7 9.65 9.45 9.36 0.29 0.99 0.97 0.99 0.00 0.6 n.d.
12C 0.8 9.63 9.91 9.59 0.05 0.95 0.95 0.99 -0.03 0.8 n.d.
24C 0.8 10.14 9.86 9.91 0.23 0.94 0.97 0.95 -0.02 0.7 0.1
9C 3.0 12.08 12.02 11.84 0.24 1.62 1.60 1.57 0.05 8.1 7.9
17C 3.9 15.16 14.88 unreasonable 2.16 2.16 2.15 0.02 13.7 n.d.
23C 4.0 14.31 14.44 16.12 -1.80 2.06 2.13 2.10 -0.03 13.2 10.3
22C 5.6 13.58 17.46 10.67 2.91 2.30 2.33 2.28 0.02 n.d. n.d.
21C 6.8 11.61 9.47 4.91 6.70 2.45 2.42 2.47 -0.02 21.8 18.5
15C 7.6 11.87 10.51 8.17 3.70 2.66 2.64 2.67 -0.02 30.0 n.d.
8C 9.8 8.82 8.24 7.91 0.92 2.62 2.61 2.56 0.07 45.3 45.6
7C 14.7 9.76 8.43 9.08 0.67 2.74 2.50 2.66 0.09 67.7 65.5
14C 15.1 12.54 11.71 11.33 1.21 3.15 3.17 3.12 0.03 78.6 n.d.
10C 21.8 11.44 11.09 10.81 0.63 2.90 2.88 2.85 0.05 95.2 n.d.
6C 22.9 10.55 10.19 9.79 0.76 2.79 2.81 2.76 0.03 91.3 87.9
5C 31.1 11.03 10.67 10.38 0.64 2.86 2.78 2.74 0.12 105.9 103.1
18C 31.6 12.02 11.58 11.26 0.76 3.12 3.08 3.07 0.05 94.2 84.5
9C2 51.2 10.63 10.02 9.71 0.92 2.71 2.67 2.62 0.09 131.1 n.d.
13C 52.1 11.21 10.80 10.43 0.78 2.74 2.74 2.67 0.07 111.0 97.6

Supernatant 
12N 1.0 13.89 3.78 3.88 10.00 0.97 0.31 0.32 0.65 0.5 n.d.
9N 2.8 8.01 3.26 3.24 4.77 0.73 0.51 0.51 0.22 3.8 3.6
11N 6.9 2.29 0.58 0.60 1.70 0.41 0.43 0.43 -0.02 5.1 n.d.
8N 8.1 2.00 -0.73 0.89 1.12 0.70 0.70 0.68 0.02 11.0 10.6
7N 14.6 1.06 -0.76 -0.63 1.68 0.68 0.58 0.63 0.05 18.9 18.1
10N 22.0 0.15 -0.03 0.03 0.12 0.19 0.12 0.12 0.07 18.3 n.d.
6N 23.1 0.70 0.31 0.32 0.38 0.27 0.17 0.17 0.10 22.6 22.1
5N 30.9 0.17 -0.02 0.11 0.06 0.19 0.15 0.14 0.05 28.1 27.8
18N 31.9 0.18 0.00 2.43 -2.25 0.17 0.15 0.17 0.00 18.9 15.3
9N2 48.8 0.24 0.05 0.11 0.14 0.19 0.17 0.17 0.02 50.3 n.d.
13N 51.0 0.08 0.02 0.06 0.02 0.17 0.17 0.17 0.00 47.1 43.3

 



 

104 

Table 8-5-4: Porewater data for Si, Ca, Mg, Sr, carbon, and ammonium. Analyzed carbon 
species include dissolved inorganic carbon (DIC), total dissolved organic carbon 
(DOC), acetate (Acet), and proptionate (Prop). Ammonium was measured 
photometrically by the phenate method. See Chapter 5.2 for details. 

Si Ca Mg Sr DIC DOC Acet Prop NH4 

Precision (ICP-OES) 1% ICP-OES TOC Analyser IC IC Photo

 

Quantification limit <0.01 mM n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d.
      

Sample time Siunf Sif.45 Sif.025 Sicolloid Caf.025 Mgf.025 Srf.025 ICf.025 OCf.025 Acetf.025 Propf.025 NH4f.025

 [d] [mM] [mM] [mM] [mM] [mM] [mM] [μM] [mM] [mM] [mM] [mM] [mM]
  

Oxic extract 0.39 0.18 0.18 0.21 1.34 0.53 2.85 0.1 12.6 0.0 0.0 n.d

Porewater 
 

19C 0.7 0.48 0.46 0.46 0.02 1.51 0.58 3.24 0.1 19.0 1.3 0.0 n.d.
12C 0.8 0.57 0.57 0.56 0.01 1.69 0.63 3.74 0.0 19.5 2.0 0.0 n.d.
24C 0.8 0.57 0.54 0.54 0.03 1.64 0.63 3.49 0.2 21.0 1.5 0.0 0.2
9C 3.0 0.68 0.67 0.68 0.01 2.49 0.96 5.51 2.7 26.3 2.2 0.1 n.d.
17C 3.9 0.62 0.61 0.62 0.01 3.02 1.19 6.56 3.8 27.7 2.3 0.1 n.d.
23C 4.0 0.70 0.70 0.70 0.00 3.00 1.18 6.45 4.0 28.4 2.1 0.1 1.2
22C 5.6 0.77 0.73 0.73 0.04 3.70 1.45 7.87 6.6 31.3 2.4 0.1 1.5
21C 6.8 0.73 0.73 0.74 -0.01 3.96 1.56 8.34 7.3 33.5 2.4 0.1 1.6
15C 7.6 0.65 0.63 0.63 0.01 4.13 1.65 9.21 11.1 30.2 2.4 0.2 n.d.
8C 9.8 0.73 0.74 0.73 0.01 4.80 1.98 11.31 15.6 35.7 1.8 0.3 n.d.
7C 14.7 0.71 0.64 0.71 -0.01 5.80 2.45 13.70 16.8 41.9 4.3 0.9 n.d.
14C 15.1 0.61 0.61 0.60 0.01 6.14 2.56 14.43 18.8 45.5 5.0 0.8 n.d.
10C 21.8 0.69 0.69 0.69 -0.01 7.39 3.07 16.22 18.6 54.2 9.5 1.7 n.d.
6C 22.9 0.70 0.71 0.71 0.00 6.89 2.95 15.29 22.7 50.6 7.9 1.6 n.d.
5C 31.1 0.67 0.67 0.68 0.00 7.60 3.28 16.64 24.4 60.3 11.0 2.0 n.d.
18C 31.6 0.66 0.64 0.65 0.00 7.72 3.28 16.77 20.6 61.3 10.7 1.7 4.7
9C2 51.2 0.63 0.62 0.62 0.01 7.73 3.19 16.19 19.9 63.7 13.2 2.3 n.d.
13C 52.1 0.59 0.59 0.58 0.02 7.68 3.20 16.06 18.9 67.5 13.2 2.0 5.2

Supernatant 
 

12N 1.0 1.49 0.07 0.07 1.41 0.79 0.32 1.62 0.3 3.3 0.1 0.0 n.d.
9N 2.8 0.84 0.18 0.18 0.65 0.98 0.38 2.17 1.0 4.3 0.3 0.0 n.d.
11N 6.9 0.18 0.17 0.17 0.01 1.09 0.42 2.27 2.0 2.4 0.0 0.0 n.d.
8N 8.1 0.36 0.31 0.31 0.05 1.56 0.59 3.33 4.1 5.8 0.3 0.0 n.d.
7N 14.6 0.45 0.42 0.43 0.02 2.38 0.92 5.72 7.8 13.2 1.6 0.2 n.d.
10N 22.0 0.41 0.41 0.41 0.00 2.78 1.06 6.43 8.1 13.4 2.2 0.3 n.d.
6N 23.1 0.46 0.46 0.47 -0.01 2.77 1.05 6.45 9.6 13.6 2.1 0.3 n.d.
5N 30.9 0.47 0.48 0.48 -0.01 3.22 1.26 7.33 11.9 16.6 3.0 0.5 n.d.
18N 31.9 0.39 0.40 0.40 0.00 2.94 1.13 6.76 8.5 6.3 2.4 0.3 2.4
9N2 48.8 0.47 0.45 0.45 0.02 3.57 1.49 8.37 13.3 11.2 1.3 0.3 n.d.
13N 51.0 0.46 0.45 0.45 0.01 3.92 1.54 8.78 11.5 17.8 3.1 0.6 3.1
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